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ABSTRACT

In the past decade the wetlands of the Swan Coastal Plain (SCP) region of
Western Australia have been subject to increasing fire frequency and intensity. Whilst
wetland sediment fires (also known as peat fires) on the SCP are not new phenomena,
the increased frequency, duration and extent of combustion have been concomitant with
an increase in urbanisation and reduction in average annual rainfall for the region. This
has led to a decrease in ground- and surface-water levels which, in turn, has increased
the susceptibility of the wetland sediments to ignition and combustion events. Increased
wetland fire severity has resulted in the loss of large pools of organic matter as well as
numerous geochemical changes in wetland sediments. The physical and chemical
modifications of wetland sediments have implications for the water quality of these
wetlands, particularly on the SCP where an intimate link between water quality and the
underlying geomorphology can be demonstrated.
Previous wetland sediment disturbance events, such as drought and dewatering,
have led to the oxidation of sediments, which has resulted in the acidification, base
cation leaching and metal contamination of both ground- and surface-waters. The
buffering capacity is strongly linked to the underlying geomorphology. Wetlands on the
highly-leached, poorly-buffered Bassendean dune geomorphic unit tend to acidify
readily, whereas wetlands on the well-buffered, Spearwood dune geomorphic unit,
generally tend to be less acidic and have the capacity to recover (i.e. return to nearneutral conditions). In recent times, some of the wetlands on the Spearwood dune
system have remained acidic. This suggests that the buffering capacity of this system is
finite and may be linked to the severity of the oxidation event.
The physical, temporal and chemical nature of water quality response from dried,
heated and combusted wetland sediments are not well understood nor are the processes
that drive them. The aim of this research, therefore, was to identify and characterise the
inorganic water quality responses to the combustion of organic-rich wetland sediments.
The study examined post-fire sediment pore-water and downstream ground-water
quality, and the short and long term temporal characteristics of these responses. A
laboratory microcosm experiment was conducted to investigate the role of temperature
and sediment heterogeneity on observed water quality responses.
ii

The porewater of burnt sediments differed greatly from that of unburnt sediments
and was indicative of pyrite oxidation. There were also temporal changes associated
with seasonal rainfall events and groundwater fluxes. Results of the long-term temporal
analysis indicated the exhaustion of the in-situ buffering capacity of the wetland
sediments, which resulted in the permanent acidification of the groundwater
downstream of the burnt sediments. These patterns were partly obscured by transient
buffering supplied by the ash created from the combustion of vegetative organic
material and the influx of carbonate-rich groundwater. Laboratory microcosm analyses
confirmed the inorganic hydrochemical signals, and the significance of sediment type;
including parent geomorphology, in influencing the water quality response.
The increased frequency, duration and extent of drying, heating and combustion
of wetland sediments suggest an erosion of buffering, and thereby a loss of resilience
for these wetlands, threatening their ecological integrity. This research enhances our
understanding of the environmental impacts of wetland sediment fires and increases the
potential for pre-emptive, rather than reactive management services.

iii

DECLARATION

I certify that this thesis does not, to the best of my knowledge and belief:
i.)

incorporate without my knowledge any material previously
submitted for a degree or diploma in any institution of higher
education;

ii.)

contain any material previously published or written by another
person except where due reference is made in the text; or

iii.)

contain any defamatory material.

I also grant permission for the Library at Edith Cowan University to make
duplicate copies of my thesis as required.

Signature:

Date: 13/11/2013

iv

ACKNOWLEDGEMENTS
I am forever grateful to my principal supervisor, Professor Pierre Horwitz. Your
guidance, compassion and mentoring have been influential in my development as a
scientist and shaping my views on the environment. Thank you also for your continued
enthusiasm, even after reading countless drafts of individual chapters. I would also like
to thank my associate supervisors, Professor Will Stock, whose guidance and
knowledge on statistics and fire ecology were immeasurable. To Dr Mary Boyce, a big
thanks for all your help with all things chemistry and for tolerating my ignorance during
our chats about the environmental geochemistry. Finally, thank you to Dr Ian Lau, your
knowledge and guidance on remote sensing and interpretation of spectral data was
immensely beneficial, as was your assistance with x-ray diffraction.
I would like to acknowledge the generous financial and technical contribution of
the Department of Fire and Emergency Services (DFES). In particular, I would like to
acknowledge Ralph Smith who made this research possible. The significant funding
allowed this project to have such a broad scope, and by extension, provide solutions to
the management problems your agency has been dealing with. I would also like to
acknowledge DFES staff, particularly those stationed at the Perth – North Coastal
Office who were always willing to accommodate requests for access to sites, personnel
and information.
A number of people assisted with data collection and field trips throughout the life
of this research. In particular, I would like to thank Brad Reynolds, Jareth Howard, Lisa
Edwards, Niall Somesan, Kylie Mckay and my father George Blake. Your enthusiasm,
humour, commitment and professionalism made this period of the research bearable and
in some instances, almost enjoyable. I would also like to thank Coral Newman for your
editorial skills in reviewing each chapter.
It would not have been possible for me to undertake this research were it not for
the generous funding from the Centre for Ecosystem Management (CEM), Edith Cowan
University Postgraduate Research Scholarship (ECUPRS), and top-up funding from the
Department of Fire and Emergency Services.

v

To my beautiful wife Tracy, and my three wonderful sons Matthew, Nathan and
Callum, thank you for allowing me this opportunity, and for putting up with me,
particularly when I was sooooo grumpy!

vi

Table of Contents
USE OF THESIS

i

ABSTRACT

ii

DECLARATION

iv

ACKNOWLEDGEMENTS

v

CHAPTER 1: INTRODUCTION

1

1.1.

Burning wetlands: a paradox? ..........................................................................1

1.2.

Processes that may facilitate changes to wetland water quality following

a fire ..........................................................................................................................3
1.3.

Potential changes to wetland water quality following fire .............................14

1.4.

Aims and thesis structure ...............................................................................17

1.5.

Terminology ...................................................................................................18

CHAPTER 2: FIRE AND WETLANDS OF THE SWAN COASTAL
PLAIN
21
2.1.

Background ....................................................................................................21

2.2.

The Swan Coastal Plain: a regional context ...................................................22
2.2.1 Geomorphology ....................................................................................25
2.2.2 Hydrological setting ..............................................................................29

2.3.

Recent fire frequency of the Gnangara Mound wetlands ...............................36

2.4.

Research questions .........................................................................................45

CHAPTER 3: FIRE IMPACTS ON INORGANIC POREWATER
QUALITY IN ORGANIC MATTER-RICH, FRESHWATER
WETLAND SEDIMENTS

50

3.1.

Introduction ....................................................................................................50

3.2.

Methods ..........................................................................................................52

vii

3.2.1 Experimental design.............................................................................. 52
3.2.2 Study area .............................................................................................. 53
3.2.3 Sample collection and preparation ........................................................ 55
3.2.4 Analytical techniques ............................................................................ 58
3.2.5 Statistical analysis .................................................................................59
3.3.

Results ............................................................................................................ 60

3.4.

Discussion ...................................................................................................... 66

3.5.

Conclusion ...................................................................................................... 74

CHAPTER 4: GROUNDWATER QUALITY RESPONSES TO
FIRE INORGANIC-RICH FRESHWATER WETLAND
SEDIMENTS ON THE SWAN COASTAL PLAIN

81

4.1.

Introduction .................................................................................................... 81

4.2.

Materials and methods.................................................................................... 83
4.2.1 Experimental design.............................................................................. 83
4.2.2 Sample collection .................................................................................. 89
4.2.3 Analytes ................................................................................................ 89
4.2.4 Statistical analyses ................................................................................ 90

4.3.

Results ............................................................................................................ 92
4.3.1 Fire-induced changes in groundwater inorganics .................................92
4.3.2 Acid generation / neutralisation .......................................................... 101

4.4.

Discussion .................................................................................................... 114

4.5.

Summary and conclusion ............................................................................. 120

CHAPTER 5: INORGANIC GEOCHEMICAL RESPONSE OF
WETLAND SEDIMENTS TO HEATING: A LABORATORY
STUDY
5.1.

122

Introduction .................................................................................................. 122

viii

5.2.

Materials and methods ..................................................................................125
5.2.1 Experimental design ............................................................................125
5.2.2 Sample collection and preparation ......................................................127
5.2.3 Physical and chemical analyses ..........................................................128
5.2.4 Statistical analyses ..............................................................................130

5.3.

Results ..........................................................................................................132
5.3.1 Wetland variability ..............................................................................132
5.3.2 Temperature effect ..............................................................................138

5.4.

Discussion ....................................................................................................147

5.5.

Summary and conclusion .............................................................................151

CHAPTER 6: INORGANIC HYDROCHEMICAL RESPONSE TO
THE REHYDRATION OF FRESHWATER WETLAND
SEDIMENTS WHICH HAVE BEEN DEHYDRATED, HEATED
AND BURNT BY FIRE: A MICROCOSM STUDY
153
6.1.

Introduction ..................................................................................................153

6.2.

Materials and methods ..................................................................................155
6.2.1 Experimental design ............................................................................155
6.2.2 Sample collection and preparation ......................................................156
6.2.3 Physical and chemical analyses ..........................................................158
6.2.4 Statistical analyses ..............................................................................160

6.3.

Results ..........................................................................................................162
6.3.1 Wetland comparisons of rehydrated, field-moist samples ..................162
6.3.2 Wetland variability and treatment effects ...........................................166
6.3.3 Temporal effects..................................................................................175

6.4.

Discussion ....................................................................................................178

6.5.

Summary and conclusion .............................................................................184
ix

CHAPTER 7: SYNTHESIS: FIRE, EARTH AND WATER
7.1.
7.2.

186

Introduction .................................................................................................. 186
Fire: the characteristics of fire that determine changes to wetland
sediments and water ....................................................................................... 189

7.3.

Earth: wetland sediments and fire ................................................................ 190

7.4.

Water: wetland and groundwater water quality ........................................... 193

7.5.

Implications for current and future management practices .......................... 197

7.6.

Future research ............................................................................................. 204

7.7.

Conclusions .................................................................................................. 206

References

208

Appendices

300

x

LIST OF TABLES
Chapter 2
Table 2-1: Mean climatic data for Perth region for the period 1944 - 2012 (Source
Bureau of Meteorology, Perth Station). .......................................................................... 32
Chapter 3
Table 3-1: Experimental layout where ‘Round’ is the sampling event (S=
November, Spring peak; W = July, Winter trough), and the number of sites, for each of
four wetlands that represent a spectrum of time since sediments were burnt. ................ 52
Table 3-2: Porewater mean pH and ionic ratios (with standard error) for spring
and winter sampling. Net excess alkalinity is total acidity minus total alkalinity
measured as mg.L-1 CaCO3. ............................................................................................ 64
Table 3-3: Porewater parameters analysed during this study, the fire and seasonal
pattern of response , and the indicative value of each parameter in being able to identify
post-fire water quality response in fire-impacted wetland sediments. ............................ 76
Chapter 4
Table 4-1: Experimental design for the detection of downstream wetland sediment
fire groundwater plume. Seasons are Sp = Spring; S = Summer; A = Autumn; W =
Winter.............................................................................................................................. 89
Table 4-2: PERMANOVA analysis of groundwater quality data for all sampling
sites and all sampling rounds combined. Water quality variables analysed include pH,
E.C., total alkalinity, total acidity, Al3+, Fetotal, Mntotal, Ni2+, Stotal, Zn2+, Cl-, SO42-,
Inorganic-N (NH4+ + NOx), monovalent (K+ + Na+) and divalent (Ca2+ + Mg2+) basecations. ............................................................................................................................ 94
Table 4-3: Pairwise PERMANOVA analysis of the water quality for factor age
since burn, for all sampling rounds. The number of permutations used was 999. NB =
non-burnt (Lake Nowergup), 0+ = current burn (lake Carabooda), 1+ = 1 year since
burn (Lake Neerabup) and 2+ = 2 years since burn (Lake Wilgarup). ........................... 94
Table 4-4: Pairwise PERMANOVA analysis of the water quality for factor
season, across all wetlands. The number of permutations used was 999. ....................... 94
Table 4-5: Pairwise PERMANOVA analysis of the water quality for factor age
since burn x orientation. The number of permutations used was 999. NB = non-burnt

xi

(Lake Nowergup), 0+ = current burn (lake Carabooda), 1+ = 1 year since burn (Lake
Neerabup) and 2+ = 2 years since burn (Lake Wilgarup). .............................................. 95
Table 4-6: Pairwise PERMANOVA analysis of the water quality for factor age
since burn x depth. The number of permutations used was 999. NB = non-burnt (Lake
Nowergup), 0+ = current burn (lake Carabooda), 1+ = 1 year since burn (Lake
Neerabup) and 2+ = 2 years since burn (Lake Wilgarup). .............................................. 95
Chapter 5
Table 5-1: Descriptive statistics for air dried sediments (30 °C) from each of the
six wetlands. Variables include physico-chemistry and elemental composition (ug.g-1).
pH and conductivity measured in a 1:5 solution (w = deionised water suspension; CaCl2
= calcium chloride suspension). Moisture content calculated on sediments dried at 100
°C (% Moisture 100). Loss on ignition (%LOI) calculated on samples combusted at 550
°C and corrected for moisture content; total carbon (T.C.) samples combusted at 1000
°C. a Spearwood System wetlands; b Bassendean System wetlands. Median values are
presented for each wetland (n = 3); S.E. = standard error. ........................................... 137
Table 5-2: Significant ratios for air dried sediments (30 °C) at each of the six
wetlands. Ratios include total aluminium to total iron concentrations (Al:Fe), total
sulphur to combined calcium and magnesium concentrations (TS: (Ca + Mg),
determined as ug.g-1. Sodium dominance index (SDI) is calculated as the total amount
of sodium as a measure of the sum of sodium, calcium and magnesium concentrations
of the sediment calculated as milliequivalents (me). Cationic dominance is based on
ratio of sediment concentrations measured as ug.g-1. Values are median ratio values for
each wetland (n = 3); S.E. = standard error. ................................................................. 138
Table 5-3: PERMANOVA results of Main effects and Pairwise comparisons for
temperature treatments. Variables analysed include pH, E.C., S, and T.C. Tests were run
with 9999 permutations under a reduced model. Significant results are shown in bold.
....................................................................................................................................... 139
Table 5-4: Munsell colour changes of heat treated sediments at each of the six
wetlands (T = Heat Treatment; ST = Sediment Type). ................................................. 146
Chapter 6
Table 6-1: Experimental design of the study, showing the way the 108
microcosms were constituted. ....................................................................................... 156

xii

Table 6-2: Descriptive water quality statistics for the day 7, average (n = 3)
physico-chemical and elemental parameters in the Field Moist microcosms at each of
the six wetlands. E.C. (mS.cm-1), elements (mg.L-1) and S.E. (standard error). a
Spearwood System wetlands; b Bassendean System wetlands. ..................................... 164
Table 6-3: Mean ratios for air dried sediments (30 °C) at each of the six wetlands.
Ratios include total aluminium to total iron concentrations (Al:Fe), total sulphur to
calcium and magnesium concentrations (TS: (Ca2+ + Mg2+), determined as mg. L-1.
Sodium dominance index (SDI) is calculated as the total amount of sodium as a
measure of the sum of sodium, calcium and magnesium concentrations of the sediment
calculated as mg. L-1. Cationic dominance is based on ratio of sediment concentrations
measured as mg. L-1. Values are mean ratio values for each wetland (n = 3)............... 166
Table 6-4: PERMANOVA (2-way) analysis of day 7 microcosm water quality
data. Variables included in the analysis were pH, E.C., Al3+l , Fetotal, Mntotal, Stotal, Zn2+,
K+, Na+ , Ca2+, Mg2+, Cl- and SO42-. Significant relationships are shown in bold. ....... 166
Table 6-5: Results of PERMANOVA pairwise comparisons of microcosm water
quality between wetlands for day 7 data. The table shows t and P values for each
wetland comparison. Values are based on 9999 permutations. Significant relationships
are shown in bold. ......................................................................................................... 167
Table 6-6: Results of PERMANOVA pair-wise comparisons of microcosm water
quality responses between temperature treatments. The table shows t and P values for
each temperature group. Values are based on 999 permutations. Significant
relationships are shown in bold. .................................................................................... 169

xiii

LIST OF FIGURES
Chapter 1
Figure 1-1: Conceptual diagram illustrating the 4 spheres of influence (red
numbers) and the processes associated with water quality change following a wetland
fire. Spheres of influence include (1) catchment impacts, (2) basin impacts, (3)
atmospheric impacts, and (4) fire management impacts. Processes responsible for water
quality change include atmospheric effects, run-off and erosion, heating and combustion
of sediments, sediment porewater leachate and groundwater effects. Adapted from a
review performed by Horwitz and Sommer (2005). The black outline box represents the
focus of the current thesis. ................................................................................................ 3
Figure 1-2: Flaming combustion of above-ground biomass Lake Neerabup fire,
February 2006 (Photo: D. Blake). ..................................................................................... 7
Figure 1-3: Smouldering combustion of organic matter-rich sediments at Lake
Wilgarup, January 2005 (Photo: D. Blake). This type of combustion is difficult to see
due to the absence of flames. ............................................................................................ 8
Figure 1-4: Fire suppression (saturation method) at a burning wetland in
Melaleuca Park, situated in the Bassendean Geomorphic unit. The wetland was
saturated daily for a period of a week (Photo: D. Blake). ............................................... 12
Figure 1-5: One of the many hazards to personnel and resources associated with
wetland fire suppression activities. The fire tender above sank into combusting organicrich sediments and had to be retrieved using Australian Defence Force vehicles (Photo
D. Blake). ........................................................................................................................ 13
Chapter 2
Figure 2-1: The study region showing A) the Swan Coastal Plain and B) the
Gnangara groundwater system management region. ...................................................... 24
Figure 2-2: Surface geology of the Gnangara Mound region, northern Swan
Coastal Plain (after McArthur & Bettenay, 1960). ......................................................... 26
Figure 2-3: Perth metropolitan long-term, wet period and dry period mean rainfall
(1878-2007) (Yesertner, 2010). ...................................................................................... 30
Figure 2-4: Groundwater contours and wetland spatial distribution of the
Gnangara groundwater system on the Swan Coastal Plain, Western Australia. ............. 33

xiv

Figure 2-5: Hydrograph for groundwater monitoring bore No: 8281 (1970 – 2007)
situated in the vicinity of Lake Joondalup on the northern Swan Coastal Plain, Western
Australia, showing annual cycles and an overall water level decline of over 1m. ......... 34
Figure 2-6: The relationship between mean monthly rainfall (grey bars), mean
monthly temperature (dotted line) and monthly groundwater levels (continuous line) for
the Wanneroo region of the SCP, for the period 2007 - 2008......................................... 35
Figure 2-7: Yearly rainfall averages, bushfire call-out frequency and wetland fire
frequency for the period 1981 to 2007. Fire data supplied by the Fire and Emergency
Services Authority (FESA) of Western Australia. .......................................................... 37
Figure 2-8: Map showing the spatial distribution of case study wetlands impacted
by fire 2004 – 2007. ........................................................................................................ 38
Figure 2-9: Photograph of Lake Wilgarup, showing mature stands of M,
rhaphiophylla, prior to fire in 2005 (Photo: D. Blake). ................................................. 39
Figure 2-10: Photograph of Lake Wilgarup after passage of wildfire and during
subsequent peat fire in February 2005. Smoke can still be seen emanating from the
burning sediments. (Photo: D. Blake). ............................................................................ 40
Figure 2-11: Physical limestone barrier positioned in wetland sediments which
was designed to prevent the passage of the smouldering front. Limestone was used as it
was thought it would buffer any acidity produced during the construction phase as a
result of the oxidation of sulphidic minerals in the sediments. ....................................... 41
Figure 2-12: Significant loss of organic matter at Lake Neerabup resulting in
pedestals of 0.5 – 1.0 m and iron stained ash layer (Photo: D. Bake). ........................... 42
Figure 2-13: Evidence of fire-induced sediment geochemical changes with red,
yellow and orange staining associated with different iron-oxide minerals apparent at
Lake Neerabup (Photo D. Blake). ................................................................................... 42
Figure 2-14: Combustion of organic matter also results in the exposure of tree
roots. In-situ ash layer is also visible (Photo D. Blake). ................................................. 43
Figure 2-15: Cracking of surface sediments and iron precipitates associated with
the passage of sediment fire. ........................................................................................... 45
Chapter 3
Figure 3-1: Location of the study wetlands, Gnangara Mound and groundwater
elevation contours in metres above sea level. ................................................................. 54

xv

Figure 3-2: Location of wetland sample sites (yellow dots) for (a) Lake Nowergup
(NB), (b) Lake Carabooda (0+ years since burn), (c) Lake Neerabup (1+ years since
burn) and (d) Lake Wilgarup (2+ years since burn). Blue line represents the mapped
wetland boundary (image sourced from Landgate). ....................................................... 56
Figure 3-3: Hydrograph showing groundwater levels (Wanneroo monitoring bore
WM6), mean monthly temperature (Perth Airport) and total monthly rainfall
(Wanneroo) between January 2007 and December 2008. Vertical dashed lines represent
the two seasonal sampling rounds conducted during this study. .................................... 57
Figure 3-4: PCA ordination of the porewater data showing the wetland separations
for the spring sampling. PC1 and PC2 combined account for 71.2 % of total variability.
PC1 is characterised by decreasing E.C., divalent base-cations, monovalent basecations, Ni2+, Stotal, and Cl-. PC2 is characterised by decreasing pH, Mntotal, inorganic-N
and Stotal, and increasing Al3+. ......................................................................................... 61
Figure 3-5: PCA ordination of the porewater data showing the wetland separations
for winter sampling. PC1 and PC2 combined account for 78.9 % of total variability.
PC1 is characterised by decreasing E.C., total acidity, Ni2+, Zn2+, Fetotal, Stotal and SO42-.
PC2 is characterised by decreasing inorganic-N and Mntotal........................................... 62
Chapter 4
Figure 4-1: Regional distribution of the study wetlands in relation to soil types on
the northern Swan Coastal Plain, Western Australia (Bolland, 1998). ........................... 85
Figure 4-2: Groundwater contours and wetland spatial distribution of the
Gnangara groundwater system on the Swan Coastal Plain, Western Australia. ............. 86
Figure 4-3: Diagram of nested bore placement for each of the study wetlands.
Dark blue line indicates wetland boundary; light blue lines indicate groundwater
contours with spot height information. Arrows are indicative of direction of
groundwater flow. ........................................................................................................... 87
Figure 4-4: Hydrograph of groundwater monitoring bore Pinjar Monitoring 24
(PM24; Easting: 387197 Northing: 6497829) (which is indicative of groundwater
hydrology on the Gnangara Mound for the study sampling period) showing sampling
rounds 1 – 4 with respect to the different stages of the local groundwater hydrological
cycle. ............................................................................................................................... 88
Figure 4-5: PCA analysis of (standardised) mean groundwater quality data for
upstream and downstream groundwater bores at burnt and non-burnt wetlands sampled
xvi

during spring. The ordination explains 75.1% of total variability across averaged values
in spring water quality data. Each point on the graph represents the average (n = 6) of
shallow and deep data for the upstream and downstream bores at each wetland. PC1 is
characterised by increasing pH, E.C., Fetotal, Stotal, SO42- and divalent base-cations. PC2
is characterised by increasing Cl-, Mntotal, Zn2+ and monovalent base-cations. .............. 97
Figure 4-6: PCA analysis of (standardised) mean groundwater quality data for
upstream and downstream groundwater bores at burnt and non-burnt wetlands sampled
during summer. The ordination explains 88.8 % of total variability across averaged
values in summer water quality data. Each point on the graph represents the average (n
= 6) of shallow and deep data for the upstream and downstream bores at each wetland.
PC1 is characterised by decreasing total acidity, E.C., Fetotal, SO42- and divalent basecations, inorganic-N and Mntotal. PC2 is characterised by increasing total alkalinity, pH
and Zn2+, and decreasing monovalent base-cations and inorganic-N. ............................ 98
Figure 4-7: PCA analysis of (standardised) mean groundwater quality data for
upstream and downstream groundwater bores at burnt and non-burnt wetlands sampled
during autumn. The ordination explains 77.6 % of total variability across averaged
values in autumn water quality data. Each point on the graph represents the average (n =
6) of shallow and deep data for the upstream and downstream bores at each wetland.
PC1 is characterised by increasing total alkalinity and decreasing total acidity, E.C.,
Fetotal, Stotal, SO42- , monovalent base-cations and Mntotal. PC2 is characterised by
increasing pH, and decreasing Al3+ and inorganic-N.................................................... 100
Figure 4-8: PCA analysis of (standardised) mean groundwater quality data for
upstream and downstream groundwater bores at burnt and non-burnt wetlands sampled
during winter. The ordination explains 84.4 % of total variability across averaged values
in winter water quality data. Each point on the graph represents the average (n = 6) of
shallow and deep data for the upstream and downstream bores at each wetland. PC1 is
characterised by decreasing E.C., total acidity, Fetotal, Stotal, SO42- and Ni2+. PC2 is
characterised by increasing inorganic-N, and monovalent base-cations and decreasing
pH, total alkalinity and Zn2+.......................................................................................... 101
Figure 4-9: Mean pH and key ionic ratios for shallow and deep bores, at upstream
and downstream sites, across all seasons for Lake Nowergup (NB). Graphs include: pH
(a), S/(Ca2+ + Mg2+) (b), SO42-/Cl- (c), Al/Fe (d), Ca2+/(Ca2+ + SO42-) (e) and Total
Alkalinity/Total Acidity (f). Error bars are standard error (n= 3). ................................ 104

xvii

Figure 4-10: Mean pH and key ionic ratios for shallow and deep bores, at
upstream and downstream sites, across all seasons for Lake Carabooda (0+). Graphs
include: pH (a), S/(Ca2+ + Mg2+) (b), SO42-/Cl- (c), Al/Fe (d), Ca2+/(Ca2+ + SO42-) (e)
and Total Alkalinity/Total Acidity (f). Error bars are standard error (n= 3). ............... 107
Figure 4-11: Mean pH and key ionic ratios for shallow and deep bores, at
upstream and downstream sites, across all seasons for Lake Neerabup (1+). Graphs
include: pH (a), S/(Ca2+ + Mg2+) (b), SO42-/Cl- (c), Al/Fe (d), Ca2+/(Ca2+ + SO42-) (e)
and Total Alkalinity/Total Acidity (f). Error bars are standard error (n= 3). ............... 110
Figure 4-12: Mean pH and key ionic ratios for shallow and deep bores, at
upstream and downstream sites, across all seasons for Lake Wilgarup (2+). Graphs
include: pH (a), S/(Ca2+ + Mg2+) (b), SO42-/Cl- (c), Al/Fe (d), Ca2+/(Ca2+ + SO42-) (e)
and Total Alkalinity/Total Acidity (f). Error bars are standard error (n= 3). ............... 113
Chapter 5
Figure 5-1: Spatial distribution of study wetlands across the Gnangara Mound
(Swan Coastal Plain), Western Australia. ..................................................................... 127
Figure 5-2: PCA analysis showing between wetland variability for sediments
heated at 30 °C. Analysis is based on the standardised median results for each sediment
variable, for each wetland. Shading shows wetlands from the same geomorphic unit
(Spearwood system and Bassendean system). PC1 and PC2 account for 88.9 % of the
variability. PC1 is characterised by increasing E.C., K, Na, Mg, S, and T.C. PC2 is
characterised by increasing pH, Ca, Fe and Zn, and decreasing Al. ............................. 134
Figure 5-3: Two-dimensional PCA ordination of the standardised median
sediment data for all heat treatments. PC1 and PC2 account for 96.5 % of the variability
between median values. PC1 is characterised by increasing pH, and decreasing S, and to
a lesser degree decreasing E.C. and T.C. PC2 is characterised by increasing E.C., and
decreasing T.C., and to a lesser degree increasing pH and S. ....................................... 142
Figure 5-4 : Mean wetland values for sediment pH, sediment conductivity (E.C.),
and total carbon (T.C.) across the 5 heat treatments at (a) Nowergup, (b) Mariginiup, (c)
Walubuenup, (d) EPP 173, (e) Lexia, and (f) Bindiar; (n = 3). .................................... 143
Figure 5-5: Median percentage change in response to increasing temperature for
(a) total sulphur (S), (b) total carbon (T.C.), (c) pH at each wetland; (n = 3).............. 144
Figure 5-6: Molarity of Ethanol Droplet (MED) water repellence test for the three
sediment types exposed to 5 heat treatments at (a) Nowergup, (b) Mariginiup, (c)
xviii

Walubuenup, (d) EPP 173, (e) Lexia, and (f) Bindiar; (n = 3). Water repellence ratings
according to King (King, 1981): < 1.0 = low, 1.0 – 2.0 = moderate, 2.0 – 3.0 = severe,
and > 3 = very severe. ................................................................................................... 145
Chapter 6
Figure 6-1: Individual microcosms with aeration tubes, stored in a temperature
controlled room set to 18 °C (Photo: D. Blake). ........................................................... 158
Figure 6-2: Two-dimensional PCA ordination of the normalised median heat
treatment response for all 6 wetlands. Median values were calculated across all
temperature treatments and sediment types. PC1 and PC2 account for 92.6 % of the
median variability. Shading shows wetland groupings which are not significantly
different from each other based on pair-wise analysis. Dotted lines show groupings
based on parent geomorphology, namely Spearwood and Bassendean groups. PC1 is
characterised by increasing pH and decreasing E.C., Ca2+, Mg2+, Na+, Fetotal, Stotal, SO42, Mn and Cl-. PC2 is characterised by increasing Al3+ and decreasing K+. ................... 168
Figure 6-3: Two-dimensional PCA ordination of the normalised, median
temperature treatment microcosm data for all wetlands. PC1 and PC2 account for 78.2
% of the median water quality variability. Shading shows temperature treatment
groupings which are not significantly different from each other based on
PERMANOVA pair-wise analysis. PC1 is characterised by increasing E.C., Ca2+, Mg2+,
Stotal, and SO42-, Mntotal and decreasing Al3+. PC2 is characterised by increasing pH and
decreasing K+, Na+, Zn2+ and Cl-. ................................................................................. 170
Figure 6-4: Scatter plot of temperature treatment effects for the Spearwood group
of wetlands; variables include (a) pH, (b) E.C., (c) Ca2+, (d) SO42- , (e) Al3+ and (f) Zn2+.
Each point represents a single microcosm, with 3 microcosms per wetland. FM equals
Field Moist temperature treatment. ............................................................................... 173
Figure 6-5: Scatter plot of temperature treatment effects for the Bassendean group
of wetlands; variables include (a) pH, (b) E.C., (c) Ca2+, (d) SO42- , (e) Al3+ and (f) Zn2+.
Each point represents a single microcosm, with 3 microcosms per wetland. FM equals
Field Moist temperature treatment. ............................................................................... 174
Figure 6-6: Scatter plot of median pH temporal responses for (a) Nowergup, (b)
Mariginiup, (c) Walubuenup, (d) EPP 173, (e) Lexia and (f) Bindiar wetland
microcosms. Black dots are day 7 results and white dots are day 28 results. ............... 176

xix

Figure 6-7: Scatter plot of median Al3+ temporal responses for (a) Nowergup, (b)
Mariginiup, (c) Walubuenup, (d) EPP 173, (e) Lexia and (f) Bindiar wetland
microcosms. Black dots are day 7 results and white dots are day 28 results. ............... 177
Figure 6-8: Scatter plot of median Zn2+ temporal responses for (a) Nowergup, (b)
Mariginiup, (c) Walubuenup, (d) EPP 173, (e) Lexia and (f) Bindiar wetland
microcosms. Black dots are day 7 results and white dots are day 28 results. ............... 178
Chapter 7
Figure 7-1: Conceptual diagram of the interdependencies between fire, earth and
water in the wetlands of the Swan Coastal Plain. The interdependencies are as follows:
(a) fire induced changes to the physical, mineralogical and geochemical properties of
wetland sediments; (b) the physical, mineralogical and geochemical characteristics of
wetland sediments dictate the thermal severity of wetland fires; (c) the physical,
mineralogical and geochemical characteristics of wetland sediments influence wetland
water and groundwater quality; (d) Wetland hydrology and sediment moisture contents
influence the physical and geochemical characteristics of wetland sediments; (e)
wetland hydrology and rainfall dictate the occurrence of wetland fires and their severity;
and (f) fire influences water infiltration and run-off into the wetland. ......................... 188

xx

CHAPTER 1
INTRODUCTION

1.1. BURNING WETLANDS: A PARADOX?
Wetlands provide important ecological and biological services within the
landscape, including the regulation of hydro- and biogeochemical cycling (see for
example Reddy & DeLaune, 2008; Warren et al., 2001) and by providing refugia for
flora and fauna (Denny, 1994). The environmental importance of wetlands is recognised
globally through international conventions and nationally-adopted conservation
protocols and programs. Despite this recognition, wetlands are being subjected to an
ever-increasing array of anthropogenic and environmental stressors. Inland freshwater
systems situated within, or proximal to, urban areas are particularly subject to land use
pressures such as cultivation for horticulture, peat extraction, and drainage and infilling
to accommodate urban development. Those systems that remain are subject to further
degradation through the inflow of pollutants, and the introduction of invasive species
(Zedler & Kercher, 2004). An emerging (although not new) threat to the existence and
functioning of freshwater ecosystems is fire.
The topic of fire and wetlands may seem paradoxical in the first instance.
However, fire is considered instrumental in shaping catchments and wetland
ecosystems, particularly in fire-prone landscapes. Fire has been shown to play an
important role in the distribution and abundance of plants and animals, nutrient cycling
and the structure of soils. However, compared with terrestrial habitats in catchments,
there is little literature investigating the effects of fire in wetland ecosystems
themselves. Most wetlands in an urban environment are surrounded by at least a
minimal vegetative buffer of either bushland or parkland gardens. By virtue of their
urban or peri-urban settings, these wetlands are invariably and regularly exposed to
either accidentally-lit or maliciously-lit fires. In the past, fires have been restricted
mostly to surrounding bushland or littoral vegetation, as their progress deeper into the
wetland was impeded by the presence of moisture and surface water. With widespread
drying of wetland sediments in recent years, wetland basin vulnerability to fire has
increased, and therefore the previous restriction is no longer the case. Some extensive
wetland systems in south-western Australia, Spain, Florida and other regions of the
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world have experienced severe drying during summer, or as a result of anthropogenic
intervention in wetland hydrology, to the extent that nearby fires which have passed
through the wetland areas result in either severely cracking the organic-rich sediments
or actually burning them (Horwitz et al., 1998; Moreno et al., 2010). These fires can
burn for extended periods, typically months, and appear to pose a number of human and
environmental health problems associated with both air and water quality.
Of particular concern is the propensity for wetland fires to impact upon water
quality, especially where wetlands are hydraulically connected to drinking water or
irrigation supplies. Although the general fire literature is extensive, surprisingly little
has been published on the effects of fire on water quality. The few papers that do exist
deal mainly with flowing water systems (Bayley et al., 1992; Crouch et al., 2006; Mast
& Clow, 2008; Rhoades et al., 2011; Stephens et al., 2004; Wilkinson et al., 2006).
Even less has been published on the relationship between fires and water quality in nonflowing wetlands and there is virtually no literature which deals with the impacts of
wetland fires upon groundwater quality. The general fire literature shows that the
material and ionic subsidies to receiving waters following fire may result in increased
turbidity, eutrophication, pH shifts and metal toxicity. Many of these water quality
issues are pertinent to wetland water quality, particularly surface waters. Of particular
concern for wetlands which are hydraulically connected to groundwater, is the potential
for the contamination of groundwater, and subsequently, the implications for
downstream groundwater-dependent ecosystems.
An imperative to actively manage fires within a wetland environment is driven by
the perceived adverse human and environmental health outcomes associated with this
phenomenon. To date, we know very little regarding the way humans and other plants
and animals are, or might be, exposed to products of such fires (including water quality
issues), the mechanisms responsible for any water quality changes, or how management
actions may be ameliorating or compounding any such effects.
An understanding of fire dynamics in wetlands is important in developing
management strategies for long-term conservation of wetlands as well as the
development of fire management strategies. To date, one aspect which is poorly
understood is the dynamic relationship between fire, wetland sediments and wetland
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water quality. In order to investigate this relationship, a general examination of the way
that fire can induce changes in wetland water quality is warranted.
1.2. PROCESSES THAT MAY FACILITATE CHANGES TO WETLAND
WATER QUALITY FOLLOWING A FIRE
There are a number of ways in which fire may elicit a water-quality response in
wetland waters. The following is a review of these processes and the key factors
influencing them, summarised in Figure 1-1.

Figure 1-1: Conceptual diagram illustrating the 4 spheres of influence (red numbers) and the processes
associated with water quality change following a wetland fire. Spheres of influence include (1) catchment
impacts, (2) basin impacts, (3) atmospheric impacts, and (4) fire management impacts. Processes
responsible for water quality change include atmospheric effects, run-off and erosion, heating and
combustion of sediments, sediment porewater leachate and groundwater effects. Adapted from a review
performed by Horwitz and Sommer (2005). The black outline box represents the focus of the current
thesis.

The processes responsible for wetland water-quality changes that follow the
passage of fire through a wetland can be grouped into four broad categories (or spheres)
of influence (Figure 1-1 (1-4)). These include 1) catchment influences, 2) basin
influences, 3) atmospheric influences, and 4) fire management influences. Within each
sphere of influence there are a number of relevant processes. Broadly speaking, the
potential for fire to impact upon water quality will depend upon fire regimen (extent,
frequency, intensity and duration); the size of the catchment affected by fire and the
3

topography of the terrain; climatic conditions (season of fire), and the type of vegetation
as well as the moisture content and depth of any organic-rich sediments. The following
is a description of these processes.
Catchment influences
As noted earlier, most of the literature relating to catchment effects on water
quality following fire has concentrated on flowing waters (streams, rivers, etc.) (Blake
et al., 2009b; Smith et al., 2011; Stephens et al., 2004), but little research has been
conducted into the effects upon the water quality where surface waters are considered to
be ‘non-flowing’ (Battle & Golladay, 2003). The quality of receiving waters following a
fire is linked to the magnitude of chemical and material subsidies. In turn, this is linked
to nutrient solubility, the amount and timing of rainfall post-fire, the size and slope of
the wetland catchment, the intensity of the burn, as well as the hydraulic conductivity of
the soil. Post-fire subsidies into receiving water bodies will generally be greatest when
the hydraulic conductivity capacity of the soil is exceeded, coupled with a significant
sloping topography, resulting in increased run-off (Bodí et al., 2011; Stephens et al.,
2004).
Ash-beds created from the combustion of vegetation and soils are typically rich in
alkaline base cations such as Ca, Mg and K (Badía & Martí, 2003; Bodí et al., 2011;
Qian et al., 2009a; Úbeda et al., 2009; Yusiharni & Gilkes, 2012). The mobility of this
ash into receiving waters has been shown to be responsible for the increase in pH
typically associated with post-fire water quality. The ash-bed is extremely variable in its
nature with the reported effects lasting from days to years. The durability of the ash-bed
is dependent upon runoff rates and ash convection rates which are largely linked to
climatic variables such as rainfall and wind (Ranalli, 2004).
The ash-bed has also been identified as a source of nutrients to receiving waters.
Several studies have focused on nutrient enrichment following fire due to the propensity
of nutrients to increase productivity and result in eutrophication events. Nutrients can be
washed, blown or leached into wetlands (Ranalli, 2004). The potential to influence
wetland water quality is linked to nutrient volatility and solubility, rainfall intensity and
duration, catchment area and topographic characteristics as well as burn intensity and
severity (Badía & Martí, 2003; Blake et al., 2009b; Ferreira et al., 2005; Murphy et al.,
2006; Wilkinson et al., 2006). As such, nutrient enrichment of receiving waters
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following fire can be variable, however, studies have identified post-fire nutrient
enrichment, particularly with regard to phosphorus and nitrogen. Besides the
eutrophication potential of increased nutrient loads, sulphur, nitrogen and phosphorus
compounds all have the capacity to increase the acidity of receiving water bodies
(Ranalli, 2004).
Water quality impacted by ash contains relatively high concentrations of both
soluble and insoluble inorganic material. The chemical composition of the ash is
variable and dependent upon a number of factors including the type and nature of the
fuel, soil type, climate and fire conditions (see Neary et al., 2005; Smith et al., 2011).
Ash can provide a significant source of transient inorganic elements immediately postfire. Considerable studies of ash have occurred in relation to nutrients such as nitrogen
and phosphorus due to their known ability to promote productivity in receiving waters.
However, relatively little research exists with regard to the cycling of base cation pools
and metals from ash. This research is important, particularly where there is the potential
for post-fire acidification of wetland waters, as explained above.
Catchment hydrology is inevitably altered by the passage of fire, generally
resulting in increased water yields. The removal or thinning of above-ground biomass
results in the immediate and short-term reduction of both canopy interception and
vegetation

transpiration.

Thermally-induced

geochemical

and

physical

soil

transformation affects soil porosity and influences soil hydraulic conductivity. Heating
has been shown to result in qualitative changes in soil carbon, resulting in the formation
of hydrophobic compounds which coat soil aggregates and may increase soil porosity
and subsequently infiltration rates (Certini, 2005; Doerr et al., 2004; García-Corona et
al., 2004). However, these same hydrophobic compounds usually create a waterrepellent layer parallel to the soil surface which impedes infiltration. The formation and
destruction of water repellence is dependent upon temperature as well as the quantity
and quality of organic matter present in the soil. Soil porosity and infiltration rates may
be reduced through the infilling of porous space from the fine ash fraction resultant
from biomass combustion. Ultimately increased precipitation throughfall and reduced
hydraulic conductivity results in increased catchment water yields and subsequent runoff and erosion rates (Wilkinson et al., 2006).
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As well as the combustion of above-ground vegetation, fire can also impact upon
soils. Battle and Golladay (2003), who studied the impact of upland (localised
catchment) fire impacts on wetland water quality, demonstrated that soil modification
rather than vegetative inputs following fire had greater influence on wetland water
quality. The ability for fire to impact upon soil is related to fire intensity which is linked
to the nature of available fuel (percentage of soil organic matter, vegetation type, the
degree of humification of organic matter, soil moisture levels) and other environmental
conditions.
Runoff-related effects are likely to be of greater concern in steeply-sloping
catchments whereas runoff-related post-fire subsidies into receiving waters in low
topographic relief regions are likely to be negligible. Globally there are numerous
regions where wetlands form in shallow depressions in low topographic relief
catchments such as the Swan Coastal Plain of Western Australia and the Florida
everglades in America. In these regions where materials and dissolved ions are
mobilised as a result of heavy rainfall events, they will be trapped in littoral vegetation
and have little direct influence on surface water quality. Similarly, the alkaline buffering
effects of catchment ash accretion are less likely to influence surface waters, except
under extreme rainfall events. Of greater concern, in low topographic relief areas, are
the hydrologic flows, and in particular, changes in wetland hydrology. Fire has the
capacity to either create, compound or destroy the water repellence of soils in the
wetland catchment. As a result, periods of wetland inundation and saturation will either
increase or decrease, especially in groundwater-dependent wetlands, and this will have a
concomitant influence on the susceptibility of wetland sediments to combustion.
In summary, the effects upon surface waters such as streams and lakes are wellstudied, and understandings of the potential for catchment-related effects to impact upon
wetland water quality appear well-informed by the literature. However, there has been
little research directly investigating catchment effects upon wetland water quality
following fire (see for example Battle & Golladay, 2003).
Basin influences
Once a fire reaches the wetland basin it has the potential to ignite wetland
sediments where the sediments carry sufficient organic material. One of the main
characteristics that separates wetland sediment fires from wildfires is the nature of
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combustion. Throughout the wetland catchment and at the wetland margins, fire
typically spreads through flaming combustion, whereas once the organic material in the
sediments ignites, a smouldering combustion front is created. Flaming combustion
typically impacts upon the above-ground biomass and surface soils (Figure 1-2). During
flaming combustion, oxidation and heat loss occur in the gas phase above the fuel, with
temperatures typically reaching 1500 °C and spread rates ranging between 1 m – 10
km.h-1, depending on the vegetation type, fuel load, fuel moisture levels and fire
weather conditions (Sullivan et al., 2012). Conversely, smouldering combustion tends to
burn cooler and move slower than flaming combustion with temperatures ranging
between 500 °C and 700 °C with much slower spread rates of between 1 – 50 mm.h-1.
The rate of spread and temperature of the burn is again dependent upon the vegetative
characteristics, physical characteristics of the fuel, and fuel moisture levels, which in
turn influence the diffusion of heat and oxygen throughout the porous fuel layers (Rein
et al., 2008a). During smouldering combustion, a flame is not usually visible, as
oxidation and heat release occur on the fuel surface, a characteristic typical of wetland
sediment (peat) fires (Figure 1-3).

Figure 1-2: Flaming combustion of above-ground biomass Lake Neerabup fire, February 2006
(Photo: D. Blake).
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Figure 1-3: Smouldering combustion of organic matter-rich sediments at Lake Wilgarup, January
2005 (Photo: D. Blake). This type of combustion is difficult to see due to the absence of flames.

As a smouldering combustion front moves through the sediment profile, heat is
radiated in all directions. As such, combustion occurs both downward and laterally
through the sediment profile. The smouldering combustion front can be divided into
three zones of heat transfer through a sediment profile: a drying zone (zone of
evaporation); a zone of pyrolysis; and a zone of oxidation (glowing zone) (Neary et al.,
2005; Rein et al., 2009). Typically, an ash bed can form over the glowing zone (Neary
et al., 2005). The velocity of the propagation front will diminish as it moves further
from the surface which gives a ready supply of oxygen (Grishin et al., 2009). By
extension, it is plausible that as a combustion front moves through a sediment profile, it
will elicit a number of physical, chemical and mineralogical changes in the sediments,
based on temperature differentials associated with smouldering combustion. It is these
changes which have the potential to influence wetland water quality.
Despite the ability to reason, as above, that there will be an influence on wetland
water quality (both surface- and groundwater), little research has investigated the
impacts of the drying, heating and combustion of wetland sediments associated with the
passage of a smouldering combustion front. Furthermore, there is no evidence in the
literature where water quality impacts associated with the rehydration of dried, heated
and burnt wetland sediments have been investigated. In a study in the Florida
everglades, Smith et al. (2001) ascertained that ‘peat’ fire had a far greater impact upon
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soil/sediment composition than surface fire. They also identified a number of physical
and chemical sediment perturbations following ‘peat’ fire. These included increases in
sediment bulk density and concentrations of total phosphorus and total calcium, with
decreases in total nitrogen and total carbon. These changes were related to the
temperature and duration of heating typical of smouldering combustion. A 2004 study
of the Gavur Lake peatland in Turkey examined a number of physical and chemical
changes in sediment composition following a peat fire in 2001 (Dikici & Yilmaz, 2006).
That study found that following peat fire there were increases in pH, CaCO3,
concentrations of Ca, Mg, K and Na, and a loss of organic carbon in the burnt
sediments.
Horwitz and Sommer (2005) hypothesised that the rehydration of burnt and
overheated sediments, with particular reference to wetlands in the south-west of
Western Australia, would have a number of influences on water quality. These included
an increase in pH due to a reduction in organic acids associated with the combustion of
organic matter and the ash effects as described above (catchment effects). There is also
a potential to generate acidity through the oxidation of sulphidic sediments, which could
result in a decrease in pH. Acidification could then lead to the mobilisation of numerous
metals and metalloids leading to the contamination of hydrologically connected waters.
The degree to which post-fire sediment changes will influence wetland water
quality are likely to be linked, not only to fire severity (temperature and the duration of
heating), but also to the hydrological characteristics of the wetland system. This
includes the rainfall intensity and duration, as well as the timing post-fire, changes in
groundwater flow (height and velocity) and the extent and duration of surface water
expression (Battle & Golladay, 2003; Smith et al., 2007).
In wetland systems where vegetation, sediments, hydrology and hydrochemistry
are intimately linked, it seems nonsensical that the hydrochemical effects of fire,
following the rehydration of burnt wetland sediments, has not been investigated until
now (Semeniuk & Semeniuk, 2005).
Atmospheric Influences
Combustion of vegetative biomass and surface soils/sediments can result in the
volatilisation of certain elements and the release of particulate emissions. The
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combustion of catchment and basin vegetation produces smoke similar to that
associated with wildfire, due to the manner in which it burns. The emissions from
wildfires are well studied. Elements with low boiling points are more likely to be
volatilised and carried from the site in gaseous form. Many elements with higher boiling
points may still volatilise readily when they are bound as organic or inorganic
compounds within biological material. Many of the gaseous emissions from biomass
combustion are toxic in nature (Blake et al., 2009a see appendix 1) and if humans,
animals and plants are exposed, their health may be affected. The amount and chemical
composition of gaseous and particulate emissions in wetland fire smoke are still largely
uncertain. The study by Blake et al. (2009a) determined the presence of a number of
toxic compounds including volatile organic compounds (VOC), non-VOCs and variable
particulate emissions from the smoke of a wetland sediment fire on the Swan Coastal
Plain of Western Australia.
The emission of particulate matter varies in both the size fraction composition,
and the rate of emission (Blake et al., 2009a) . This variability is likely due to the
thermal intensity of the burn as well as meteorological conditions at the time of the
burn. Cooler burns result in smoke that contains a larger particulate fraction (Chen et
al., 2006b) which, by its nature, has less potential to be transported from the site and
therefore is potentially more influential in dictating wetland water quality, particularly
of surface waters. This, in turn, can increase turbidity via material subsidy to surface
waters and can alter hydrochemistry by facilitating the diffusion of chemical
compounds adhered to the particulate matter, into receiving waters.
The studies of gaseous emissions from peat smoke have generally focused on
green-house gas emissions such as CO2, CO and CH4, as smouldering combustion fires
have the propensity to release large quantities of these gases which are considered a
major contributor to climate change. A number of other chemical compounds are
emitted with the smoke which may present health concerns, such as known irritants and
carcinogens (Blake et al., 2009a). Additionally there are a number of reactive
compounds which, when released into the atmosphere, may react and be redeposited
into the wetland or adjacent areas as ‘acid rain’. This release has the potential to acidify
poorly buffered water bodies (Kjøller et al., 2004).
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In summary, atmospheric emissions from wetland sediment fires have the
potential to influence surface water quality, which may in turn promote changes in
sediment geochemistry and further influence the hydrochemistry of hydraulicallyconnected groundwater. As yet, there is little evidence from research on the impact of
smouldering combustion emissions from wetland sediment fires on wetland water
quality. This evidence, or lack thereof, is particularly important as management
practices may influence the burn temperature and inadvertently increase the deposition
rate and chemical composition of atmospheric deposition within the wetland catchment.
Fire Management influences
The increased frequency and duration of wetland fires plus the proximity of urban
populations result in wetland fire emissions, which produce a societal response
requesting the suppression of these fires. Anecdotal evidence suggests that the main
driver for suppression activities is public pressure associated with wetland fire
emissions such as the noxious odour of the smoke, the impairment of vision associated
with smoke haze, as well as the reported respiratory health impacts. Previously, these
wetland areas (swamps) were not populated, in fact they were avoided for urban
development, and therefore the impacts from these fires on the local community were
not as noticeable. There is also a desire from a management perspective to prevent
detrimental environmental impacts from wetland fires, but (as previously stated) we
lack knowledge about the nature of many of these impacts. Active fire suppression
activities are implemented as it is reasoned that the potential for deleterious water
quality and broader environmental impacts of fire suppression activities are outweighed
by the potential environmental damage from allowing these fires to burn. Commonly
used fire suppression methods for wetland fires include saturation with water, creating
physical barriers for the passage of fire, and the use of chemical suppressants (Blake et
al., 2009). Prescription burns are used as a form of fire prevention, to reduce fuel loads
in the upland catchment and fringing vegetation, but sometimes it is these prescription
burns themselves that enter wetland sediments (Horwitz et al., 1998).
Non-physical methods of fire suppression include the use of water to saturate the
burning sediments (flooding) (Figure 1-4). Flooding requires the application of
substantial amounts of water applied for an extended period. This is resource-intensive
with personnel required on site (who are therefore exposed to toxic smoke and gasses);
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it also requires a readily available water source. Water can also be applied aerially,
through the use of aircraft. Besides the potential danger to the health and safety of
personnel employed in the active management of these fires (for example see Figure
1-5), the application of water from various sources can also have implications for the
health of the wetland and the surrounding region.
Adverse environmental impacts, through the application of water from various
sources, include the translocation of aquatic species and the removal of endangered
species (Jimenez & Burton, 2001). Water quality can be influenced through the
application of contaminated water. Contamination may occur either through the
transportation and application via appliances used for the dispersal of chemical
suppressants, or from a water source which may be subject to acidification, metal
toxicity or nutrient enrichment or have excess salts.
To date, the saturation of burning wetland sediments has not proved successful
and fires generally continue to burn until winter rains and rising groundwater tables
saturate the sediments sufficiently to prevent further combustion.

Figure 1-4: Fire suppression (saturation method) at a burning wetland in Melaleuca Park, situated
in the Bassendean Geomorphic unit. The wetland was saturated daily for a period of a week
(Photo: D. Blake).
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Figure 1-5: One of the many hazards to personnel and resources associated with wetland fire
suppression activities. The fire tender above sank into combusting organic-rich sediments and had
to be retrieved using Australian Defence Force vehicles (Photo D. Blake).

Physical barriers such as ‘trenching’ are designed to prevent the spread of the
combustion front by removing the source of combustible fuel. This has the potential to
influence water quality by allowing the oxidation of previously anoxic sediments,
potentially creating acidity, as is common in acid sulphate soils (ASS). In some
instances, limestone is used to fill the trench in order to neutralise the generated acidity,
which in turn can further influence water quality. The use of physical barriers can also
impact upon hydrological flow through a wetland with implications for downstream
ecosystems. There is little conclusive evidence to support the use of this technique for
either fire suppression or mitigation of acidification.
Another method of fire management is chemical suppression. Ranalli (2004)
defined the potential for fire to impact on water quality as being dependent on how fire
characteristics interact with catchment characteristics. (This can be expanded to also
include the way fire management practices compound or ameliorate the effects of the
fire.) Fire characteristics include fire intensity, fire frequency, and the duration and
spatial extent of the burn. Catchment characteristics include slope, soil type, geology,
land use, proportion of vegetation burned, plus regrowth and burn history. In a low
topographic relief catchment, it is a reasonable assumption that catchment-related
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effects, particularly runoff related effects, would be minimal and the major source of
impact upon wetland water quality will be from basin-related and fire management
impacts.
A study by Blake et al. (2012) (see appendix 2) demonstrated that the use of
nitrogenous based, phosphate-rich long-term fire retardants resulted in significant water
quality changes. These changes include increased levels of ammonium, nitrate,
phosphorus and sulphur. These hydrochemical changes also result in an increase in pH
and electrical conductivity. Interestingly, this study also highlights the role that the
heating of sediments can play in influencing water quality.
In summary, while an intimate relationship between water and fire within a
wetland system exists, there remain substantial knowledge gaps in our understanding of
how fire influences wetland water quality and what geological, chemical and biological
processes are responsible for these changes. Based upon the literature, from a wetland
basin perspective, fire-induced wetland water-quality changes are related to several key
factors; these include: i) sediment type and geochemistry, ii) temperature, iii)
hydrological regime, and iv) fire suppression practices.
1.3. POTENTIAL CHANGES TO WETLAND WATER QUALITY
FOLLOWING FIRE
An impetus to undertake research into water quality characteristics induced by
fire, in a freshwater wetland on the Swan Coastal Plain, comes predominantly from a
concern for drinking water and horticulture irrigation supplies, since the water can be of
the same origin – groundwater aquifers. Additionally, concerns related to post-fire water
quality, including acidity generation, metal toxicity and nutrient enrichment, and how
they might affect groundwater dependent ecosystem components, constitute the basis
for continued research.
As demonstrated above, most of the research on post-fire water quality relates to
surface waters and in particular the effects of run-off. Typically, surface fires result in
increased suspended sediment loads in receiving waters which increase turbidity (Smith
et al., 2011) and affect primary productivity. The magnitude and duration of post-fire
increased suspended sediment loads is dependent on post-fire precipitation patterns,
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catchment burn area extent and severity, and catchment scale. Surface run-off has also
been shown to result in ash subsidies to receiving waters.
Typically, material subsidies to receiving waters (particularly surface waters)
following a fire are from the mobilisation of ash and soluble inorganic elements to
receiving waters (Smith et al., 2011) depending upon the type of vegetation burnt, soil
type, climate, and the severity and extent of burn (Earl & Blinn, 2003b;
Georgakopoulos et al., 2002; Qian et al., 2009a; Smith et al., 2011; Úbeda et al., 2009;
Yusiharni & Gilkes, 2012). The inorganic chemical composition of ash has been shown
to include: calcium carbonate, as well as carbonates of K and Na (Úbeda et al., 2009;
Ulery et al., 1993); higher concentrations of base cations (Ca2+, Mg2+, Na+ and K+)
(Úbeda et al., 2009); increased nutrient levels, particularly P and N (Badía & Martí,
2003; Úbeda et al., 2009); elevated metal concentrations including Fe, Mn, Zn, Cu, Al
(Ferreira et al., 2005; Pereira & Úbeda, 2010); and increased Cl- concentrations. In low
topographic relief catchments, the ash generated through the combustion of organic-rich
sediments within the wetland basin is going to have a greater influence on wetland
water quality than material subsidies from ash in the surrounding catchment. As a result,
post-fire wetland water quality responses are typically characterised by: increased pH,
base-cation saturation, and metal toxicity.
The variable heating of wetland sediments associated with the passage of a
smouldering combustion front will result in a number of physical, mineralogical and
geochemical changes, in addition to the formation of ash as mentioned above: nutrient
fluxes (particularly N and P), generation of acidity, and mobilisation of metals and other
ions. Fluxes of nitrogen and phosphorus following fire, and their implications for water
quality (see for example Smith et al., 2011), influence primary productivity (Battle &
Golladay, 2003) depending upon vegetation type and fire severity. A decline in pH has
also been observed in post-fire water quality at low temperatures (i.e. < 300 °C),
thought to occur as a result of the oxidation of elements within soil/sediment organic
matter, particularly sulphur (Badía & Martí, 2003; Murphy et al., 2006). Oxidation of
sulphidic minerals is further supported by increased SO42- and Fe levels, by-products of
sulphidic mineral oxidation, in affected waters (Murphy et al., 2006). As for ash
supplementation, information relating to the post-fire mobilisation of metals is limited
to flowing surface waters (e.g. rivers and streams), with little or no research
investigating the effects of post-fire metals mobilisation on wetland (non-flowing) water
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quality. Information for surface waters indicate increases in the concentrations of Fe and
Mn ions (see for example Neary et al., 2005; Smith et al., 2011).
The use of physico-chemical and inorganic elemental water quality parameters to
identify processes or impacts which influence water quality is common in
hydrochemical studies. Processes influencing water quality are able to be inferred
through known relationships between measured parameters. To date, the use of these
water quality parameters in detecting the influences of fire, have been relatively focused
on nutrient enrichment and or turbidity studies. As can be seen from the information
presented above, there are broad suites of water quality variables, particularly inorganic
variables that can be examined to allow the inference of certain post-fire hydrogeochemical processes.
As stated earlier, the occurrence of fire in wetland sediments has affected
wetlands in many temperate climatic regions of the world, including the south-west
region of Western Australia. The Swan Coastal Plain of Western Australia (sensu
Thackway & Creswell, 1995), an area of some 20,000 km2, with its extensive mostly
groundwater-dependent wetland ecosystems and including the expansive city of Perth,
is an exemplar of the pressures facing many urban wetlands. Groundwater levels have
declined as much as 12 m in places resulting from land-use changes, as well as overextraction of groundwater for irrigation or domestic consumption, and a series of drier
winters over the past 25 years (Appleyard et al., 2004; Davis & Froend, 1999).
Subsequently, there has been an increase in the frequency and duration of wetland fires
during this period as well as the implementation of numerous fire management
responses.
The Swan Coastal Plain (SCP) can be characterised as a topographically low relief
bioregion comprised of a heterogeneous wetland system composed of permanent and
ephemeral shallow lakes in depressions as well as sumplands, damplands and
palusplains, dissected by occasional creeks and rivers discharging into estuarine lagoons
(Semeniuk, 1988a). Wetlands are related to the dune ridges and interdunal depressions
of the three dune systems that constitute the western two thirds of the SCP and run
north-south parallel with the coastline (Seddon, 1972). The wetland sediments contain
varying amounts of organic matter, ranging from very low levels to true peat sediments
with organic matter contents sometimes in excess of 80 % (LOI) (Semeniuk &
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Semeniuk, 2004; Teakle & Southern, 1937). Organic soil profiles generally form in
interdunal swales under conditions of strongly seasonal rainfall, where unconfined
aquifers in the deep sandy soils keep depressions regularly, if not permanently,
saturated. The build-up of organic profiles over long periods is derived from
predominantly sedge-land vegetation, with a diatomaceous or lacustrine variation on
this main theme (Semeniuk & Semeniuk, 2004; Sommer & Horwitz, 2001).
Water quality of the wetlands is very much a reflection of the particular
geomorphic unit on which they are situated. Thus, wetlands on the Quindalup and
Spearwood dunes tend to be well-buffered, with neutral to relatively high pH (a
reflection of the underlying calcareous and limestone sediments), while wetlands on the
strongly-leached Bassendean dunes are generally coloured, poorly buffered and acidic
(Davidson, 1995). By extension, the water quality response to any disturbance,
including fire, will also be strongly dictated by the geomorphic settings.
The setting as described is ideal for examining the wetland water quality impacts
associated with wetland sediment fires, or the potential effect of managing fire within
these systems. Fire frequency and severity in wetlands of the SCP has increased in
recent times (see section 2.3, Chapter 2) and this has provoked a fire management
response utilising many of the techniques mentioned above (i.e. saturation, physical
barriers and chemical suppression). Of particular concern is the propensity for fire to
induce the acidification of wetland waters through the oxidation of sediments containing
pyritic minerals, commonly referred to as acid sulphate soils (ASS), and known to be
present in many of the wetlands across the SCP (see Chapter 2).
1.4. AIMS AND THESIS STRUCTURE
This thesis aims to provide a better understanding of the inorganic water quality
responses associated with the drying, heating and combustion of various wetland
sediment types on the SCP of Western Australia. The current thesis addresses the nature
of inorganic changes in groundwater quality that result from the combustion of organic
rich sediments, with a focus on the acidification of wetland waters. This study deals
with the spatial and temporal distribution of post-fire plumes associated with the
groundwater aquifer. The importance of individual processes of drying, heating and
combustion as well as the significance of wetland sediment heterogeneity, in
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determining changes in wetland water quality are investigated. These questions are
examined using a combination of field and laboratory experiments.
Chapter 2 provides a regional context for the SCP, Western Australia and the
occurrence of wetland fires. That chapter provides the rationale for selecting this region
for the study, given the propensity for wetland fires to occur as a result of natural and
anthropogenic stressors and the implications for groundwater quality in the region.
While this thesis has focused on the wetlands of the SCP of Western Australia, the
findings of this study are applicable to many regions of the world where wetlands suffer
from similar climate and anthropogenic stressors and where fire is an integral part of the
landscape, particularly where wetlands contain sulfide-bearing, organic-rich sediments.
The inorganic pore-water quality response of well-buffered, organic-rich wetland
sediments to combustion is investigated in Chapter 3, based on field experiments. Using
these findings, Chapter 4 investigates the downstream vertical and lateral distribution of
a post-fire groundwater plume associated with burnt wetland sediments. In Chapter 4
there is also investigation of seasonal changes in the spatial distribution and
groundwater quality response of this plume, as well as longer-term temporal differences
in groundwater quality, based on time since burn. To examine the broader applicability
of field-based outcomes, the impacts of different temperatures and a variety of different
sediment types were investigated in the laboratory. Chapter 5 investigates the impact of
different temperatures on the physico- and geochemical response of various sediment
types found across the northern region of the SCP. The influence on water quality
following the rehydration of these burnt sediments is investigated in Chapter 6.
Chapters 3 to 6 are presented as discrete papers. Each of these chapters has a specific
introduction and discussion on inter-related topics, and, as a result, some repetition is
unavoidable. The final chapter (7) provides a synthesis of the study and discusses
management implications and the direction of future research.
1.5. TERMINOLOGY
Terms are used which require defining, relating to the occurrence of fire in
wetlands, due to the ambiguity with which they are used in the literature and common
parlance. These terms are as follows -
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•

Peat Fire: “Peat fire” is a term used to describe the type of fires that are the
subject of this study. On the SCP of Western Australia wetland fires burn in a
fashion that is similar to that of those peat fires that occur in the northern
hemisphere and tropical regions (i.e. smouldering front which moves in a
subterraneous fashion through the sediment profile), without necessarily having
the organic matter content or structure that we typically associate with the
tropical and northern hemisphere “peat bogs”. For that reason, the term “wetland
sediment fire” has been used throughout this thesis to refer to the passage of fire
through wetland sediments, as opposed to fire that consumes above-ground
biomass above the sediments or the upper reaches of the wetland periphery
(catchment or surface fire).

•

Fire severity: The terms “fire severity” and “fire intensity” are used extensively
throughout the fire literature and there are suggestions that there exists some
ambiguity in the context of their use (Keeley, 2009). Technically, “fire
intensity” refers to the measure of energy output of a fire, whereas “fire
severity” is used to describe the loss, or change in above and below ground
organic matter. “Fire severity” is commonly, albeit incorrectly, used to describe
ecosystem impacts and furthermore, “fire intensity” has been used incorrectly to
describe these same impacts. Due to the nature of the combustion
(“smouldering” as opposed to “flaming”) examined throughout this study,
“thermal intensity” has been used in place of “fire intensity”, to describe the
energy output of the fire. The term “fire impacts”, is used to describe ecosystem
changes associated with the passage of a smouldering combustion front.

•

Non-flowing wetlands: This term has been used to describe standing waters
(particularly surface waters) of lakes, wetlands, ponds, swamps, etc. (see for
example Battle & Golladay, 2003; Martinez et al., 1993; Whigham & Jordan,
2003). This term has also been used, inadvertently, to differentiate between
surface waters of rivers and streams (flowing) and wetlands and swamps (nonflowing). In fact, the use of the term “flowing” to describe certain surface water
bodies can inadvertently lead to the inappropriate use of the term “non-flowing”
to describe water bodies such as lakes and wetlands; in particular, those water
bodies that do not have permanent and/or clearly evident surface water
connections with other bodies of water. This, in turn, may be due to the
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ephemeral nature of surface water coverage, associated with climatic conditions.
The term “non-flowing” is also a misnomer where wetlands are hydraulically
connected to underlying groundwater, as the wetland will either receive or
supply water to the surrounding groundwater at various times of the year, again
associated with changes in climatic conditions. Throughout the remainder of this
thesis, differentiation between rivers, streams and other surface waters will be
done so categorically.
•

Sediments: The terms “sediments” and “soils” are used extensively throughout
freshwater wetland literature and tend to be used, somewhat confusingly,
interchangeably. Semeniuk and Semeniuk (2004) defined a range of terms to
describe the extensive range of materials that fill a wetland basin. They describe
“sediments” as being comprised of autochthonous and allochthonous,
accretionary and infiltrational material and “sedimentary fill” is used to describe
the total aggregate of sediments that have accumulated in the wetland basin
(Semeniuk & Semeniuk, 2004). Throughout the remainder of this thesis the term
“wetland sediments” is used to define the sediments and soils that comprise the
various wetland basin fills across the SCP and to differentiate the wetland
sediment fills from the extrabasinal and upland soils.
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CHAPTER 2
FIRE AND WETLANDS OF THE SWAN COASTAL PLAIN

2.1. BACKGROUND
Urbanisation and the expansion of peri-urban regions into semi-rural areas have
been associated with an increase in fire frequency which poses a threat to the continued
existence of remnant bushland and conservation areas within the urban landscape.
Paradoxically, it is wetland ecosystems that are increasingly at threat from fire,
particularly in Mediterranean or temperate climates. The integrity of these wetland
systems, and thus their ability to resist fire, resides in the relationship between the
organic content and the moisture content of the sediments, and, in particular, the
continued inundation or saturation of those sediments. The increased vulnerability of
these systems to fire events is linked to changes in hydrological regimes associated with
climate change and poor resource management.
Reduced rainfall and changes in the seasonal distribution of rainfall are resulting
in less recharge to groundwater systems. This situation is further exacerbated by the
over-abstraction of groundwater to meet the demands of ever-increasing urban
populations. Ultimately, these processes lead to the extended desiccation of wetland
sediments which results in wetland sediments that were not previously vulnerable to
combustion becoming susceptible. Additionally, there has been an extension in the
duration that these sediments remain vulnerable to an ignition event.
The frequency of ignition events has also been linked to an increase in
urbanisation and the expansion of the urban-rural interface, either through direct (e.g.
arson) or indirect actions. This increase in the vulnerability of wetland sediments and
ignition events has resulted in an increase in the frequency (number of wetland fire
events) and the severity (duration and extent of burn and the associated impacts) of
these events. The wetlands on the Swan Coastal Plain (SCP) of Western Australia are an
exemplar of these processes.
Fire in wetland sediments of the SCP is not a new phenomenon, with a number of
recorded observations in recent history (Churchill, 1968; Horwitz et al., 1998; Simpson,
1939). Of concern is the rate and intensity at which these fires are now occurring and
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the degree to which organic sediments are being combusted. These changes are as a
result of altered hydrology, associated with increased abstraction and decreased aquifer
recharge. The altered hydrological regime results in increased susceptibility of organicrich sediments to combustion.
Given the propensity of the sediments to burn, it is somewhat surprising that very
little is known about the changes to geochemistry, hydrochemistry and biochemistry
associated with the combustion of wetland sediments and the potential for wetland
sediment fires to impact upon downstream systems. Therefore, it is important to gain
an understanding of the different pathways by which fire can influence water quality
and, in particular, ascertain the contribution that the combustion of wetland sediments
makes to changes in wetland water quality and downstream groundwater quality.
The occurrence of fire in these ecosystems can have a broad range of impacts. Fire
can alter the biogeochemical functioning and the physical structure of the organic
sediments (Horwitz & Sommer, 2005; Semeniuk & Semeniuk, 2005), release
contaminants into the air, which includes vast amounts of carbon, known to contribute
to global warming, and contaminate groundwater through the release of heavy metals or
toxins (Horwitz et al., 1998; Hungerford et al., 1996). Disturbance of these sediments
due to fire can result in a significant issue on the SCP (Appleyard et al., 2004) acidification and contamination of underlying groundwater reserves (Horwitz et al.,
2003; Horwitz & Sommer, 2005).
The following sections provide a contextualisation of the region, including a
description of the parameters which influence the susceptibility of wetland sediments to
fire, and which determine the nature and severity of impacts. This is followed by a
description of the recent fire history of wetlands situated on the Gnangara Mound region
of the SCP.
2.2. THE SWAN COASTAL PLAIN: A REGIONAL CONTEXT
The Swan Coastal Plain (Figure 2-1A) is situated around the metropolitan city of
Perth, Western Australia. It extends north to Dongara, south to Busselton and is
bordered by the Indian Ocean to the west and the Darling and Gingin Scarps to the east
and forms the eastern onshore expression of the Perth Basin. The focus of this study is a
region situated in the northern section of the SCP, known as the Gnangara groundwater
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system (also referred to as the Gnangara Mound) (Figure 2-1B). The Gnangara
groundwater system is one of several superficial (unconfined) aquifers situated on the
SCP. It is an elevated region, approximately 70 m above sea level at its highest, situated
38 km north of Perth and covers some 2,200 km2 (Davidson, 1995). This groundwater
system supports the wetlands and other groundwater dependant ecosystems of the
region (Davis & Froend, 1999; Groom et al., 2000; Horwitz & Sommer, 2006), and is
an integral component of Perth’s drinking and irrigation water supplies.
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Figure 2-1: The study region showing A) the Swan Coastal Plain and B) the Gnangara groundwater
system management region.
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2.2.1 GEOMORPHOLOGY
Surface Geology
Geologically, the SCP is comprised of a number of dune formations and alluvial
plains (McArthur, 1991) (Figure 2-2). Three dune formations of varying geological age
run parallel to the coast. They are, in order of increasing age, the Quindalup, Spearwood
and Bassendean Dune systems. The Ridge Hill Shelf and Pinjarra Plain (Guildford
system) constitute the alluvial deposits at the base of the Darling Scarp (Bolland, 1998;
McArthur, 1991). The Quindalup dunes, situated nearest to the coast, contain
unconsolidated calcareous sand and shell fragments. To the east of these are the
Spearwood dunes that are composed of aeolian limestone (Tamala limestone) overlain
by siliceous red, yellow and grey sands. At the eastern margin of the Spearwood dunes,
wetlands have formed in karstic depressions in the limestone. Situated to the east of the
Spearwood dune system are the Bassendean dunes, which are the oldest of the dune
systems and characterised by low relief and minimal topographical variation. The
Bassendean dunes are comprised of highly leached, infertile quartz sands (McArthur &
Bettenay, 1960). These three dune systems form the main geomorphic units which
comprise the Gnangara Mound region of the SCP (Salama et al., 2005). Organic matter
accumulates in the lakes and wetlands that form in topographical depressions within and
between the three dune systems (Bolland, 1998; McArthur, 1991; Semeniuk, 1988b).
Wetland Sediments
The soils of the Gnangara Mound region are highly permeable, which, coupled
with a lack topographic relief, means the region is devoid of significant surface
drainage. Freshwater is confined to the wetlands and these are expressions of the
underlying groundwater. Typically, these wetlands form in swales and depressions
between and within the dune systems respectively, where organic matter collects, and
are subject to permanent or periodic hydrological inundation. It is this particular mix of
geomorphology and hydrology which is responsible for the suite of sediment types
found in the wetlands of the region.
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Figure 2-2: Surface geology of the Gnangara Mound region, northern Swan Coastal Plain (after
McArthur & Bettenay, 1960).

In a study of the wetland sediments of the SCP, Semeniuk and Semeniuk (2004)
identified 21 different sediment types that are comprised of 12 end-member sediment
types which include peat, diatomite and calcilutite, as well as sands and gravels. The
sediments form from autochthonus and allocthonus inputs as a result of a number of
pedogenic and diagenetic processes, including the creation of pyrosediments (Semeniuk
& Semeniuk, 2004). True peats (i.e. wetland sediments which are comprised of > 75 %
vegetative organic matter) encompass a number of wetlands on the SCP, predominately
those situated within the Spearwood Dune system geomorphic complex, with a majority
of wetlands a combination of organic matter, diatoms, calcilutite and quartz sand
(Semeniuk & Semeniuk, 2005). Wetlands situated within the Bassendean geomorphic
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unit typically contain similar sedimentary fills to those found in the Spearwood dune
system, but may contain kaolinitic muds (Semeniuk & Semeniuk, 2004). Organic
matter-rich sands predominate (i.e. comprised of 50 – 75 % organic matter) as opposed
to ‘true peats’ yet they are still capable of maintaining smouldering combustion. On the
SCP sediments and sediment stratigraphy show a pattern of spatial distribution which is
influenced both in an east-west and north-south direction (Bolland, 1998; Salama et al.,
2005; Semeniuk & Semeniuk, 2005). Sediment variability associated with an east-west
distribution generally reflects the main geomorphic complex in which wetlands are
situated. Wetlands situated in the Quindalup dune system are underlain by calcareous
and quartz sands, whereas in the Spearwood Dune system the wetlands are typically
underlain by quartz sand and limestone (Bolland, 1998; Salama et al., 2005; Semeniuk
& Semeniuk, 2005). The wetlands in the Bassendean Dune system are underlain by
quartz sand, and as such, tend to be leached of major elements and less capable of
buffering acidity (Appleyard & Cook, 2009; Prakongkep et al., 2009). Differences in
wetlands based upon a north/south distribution are predominately concerned with a
climate gradient (rainfall mainly) (Semeniuk & Semeniuk, 2005). Climate influences
hydrology and vegetation cover, and thus influences vegetative inputs as well as the rate
of breakdown of organic matter.
Of the 21 different sediment types classified by Semeniuk and Semeniuk (2005)
five sediment types were identified that could ignite: three sediment types that were
potentially highly flammable (peat, peat intraclast gravel and sand, and diatomaceous
peat); one that had a medium potential (peaty sand); and one that had a low potential
(calcilutaceous peat). These researchers also maintain that the predominant variable
influencing flammability, unsurprisingly, is the organic matter content of the sediment,
with ignition limited to sediments with an organic content in excess of 50 %.
The amount and type of sediment organic matter plays an important role in not
only determining flammability but also the hydraulic conductivity of the sediments and
their geochemistry. Given the heterogeneous nature of sediment fill types, not only at
the landscape scale but also at the wetland scale, there is potential for a number of
physical, geochemical and mineralogical processes occurring simultaneously within the
sediment profile during a fire event, and these have the potential to elicit different
hydrochemical responses.
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On the SCP geomorphology, and pedogenic and diagenetic processes have
resulted in the formation of sulphidic minerals, and in particular iron mono- and disulphides (pyrite), within the sediment profile. These minerals occur across the
Gnangara groundwater system (Davidson, 1995) but are most prevalent in the organic
matter-rich sediments of the Spearwood dune wetlands where concentrations of 1% are
common and may exceed 10% (Appleyard et al., 2004; Appleyard et al., 2006).
Additionally, organic sulphur accumulates in organic matter-rich sediments. These
sulphidic minerals have the potential to generate substantial acidity when oxidised.
Interestingly, the potential acidity associated with these sediments was identified as far
back as the 1930s (Teakle & Southern, 1937). Typically, metals and metalloids such as
Al, As, Cu, Fe, Mn, Ni and Zn are incorporated in these sulphidic minerals or adsorbed
within the organic matrix of the sediment. When disturbed, these metals can be
mobilised to form a second, substantial potential source of acidity (Macdonald et al.,
2004).
Geoheritage
Besides the ecological and biological significance of wetland sediments, at a
regional to local scale, wetlands are also sites of geoheritage importance. For the SCP,
wetland sediments provide a repository of geomorphological, mineralogical and
climatic historical information (Semeniuk & Semeniuk, 2001). From an Indigenous
perspective, wetland sediments have both cultural and spiritual significance. Fire is a
natural part of the landscape in this region of the world and wetland sediments provide a
record of fire frequency at a local (wetland) and catchment scale (Allen et al., 2008;
Bickford & Gell, 2005). Ironically, it is fire that also has the potential to destroy these
valuable repositories.
Geoconservation efforts in Australia tend to focus upon discrete rock formations
such as Uluru and Karlu Karlu (Devil’s Marbles) in the Northern Territory and the
Twelve Apostles in Victoria. They tend to be self-evident for the purposes of
conservation as do significant fossil formations such as dinosaur footprints (Broome,
WA) and indigenous rock paintings ‘rock art’ in the Pilbara region of Western
Australia. However, less conspicuous geomorphological features, such as wetland
sediments, are rarely conserved in their own right or considered as part of the wetland
conservation process, particularly in Western Australia.

28

The wetland sediments of the SCP provide a record of pedogenic and diagenetic
processes as well as past vegetative, climatic and hydrological conditions. On a global
scale, coastal peats in general are poorly conserved. Organic matter-rich wetland
sediments (sensu Peats) are particularly rare on the SCP; are the most vulnerable to
combustion; and provide a detailed record of the aforementioned geoprocesses. Peat
deposits on the SCP may reach depths in excess of 7 m (Semeniuk & Semeniuk, 2005)
and have been dated in excess of 8,000 years BP. In addition to their intrinsic and
cultural importance, the conservation value of these sediments is further enhanced as a
potential for scientific research. As well as providing historical information, wetland
sediments allow us to predict or model the effects of future climatic, hydrological and
geomorphological changes. The sediments provide an important resource for informing
current and future management practices regarding the Gnangara Mound.
2.2.2 HYDROLOGICAL SETTING
Climate
Perth has a Mediterranean climate, with hot dry summers and cool wet winters.
During summer the hot, dry weather is caused by high pressure systems which dominate
the region between spring and summer, whereas the wet, cool weather of autumn and
winter is the result of cold fronts which travel through the region formed from the low
pressure systems of the sub-Antarctic region (Davidson, 1995; Yesertner, 2010).
The current annual average rainfall of Perth is 734 mm (1944 – 2012) (Table 2-1)
and the long term average rainfall for the Perth metropolitan region is 850 mm (1877 –
2007) (Figure 2-3). However, a rainfall gradient exists whereby, rainfall increases
towards the southern boundary of the SCP and eastward from the coast. Long-term
averages show that annual rainfall ranges from 715 mm in the north metropolitan region
through to 865 mm in the south metropolitan region of Perth. Typically, this rainfall
occurs over 109 days with the majority falling between the months of April and October
(Table 2-1). During these wetter months, temperatures are cooler with monthly mean
maximum temperatures typically below 25 °C, monthly mean relative humidity levels
in excess of 60 %, and relatively low mean daily pan evaporation rates of 5 mm or
lower (Table 2-1). Perth experiences warm, dry summers with mean maximum
temperatures ranging between 29 °C – 32 °C (Table 2-1) and a seasonal drought over
summer and early autumn. During these drier months humidity is lower, with relative
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humidity levels less than 60 % and pan evaporation rates tending to exceed 9 mm.day -1
(Table 2-1).
There is also a cyclical pattern to rainfall and climate in the region (Semeniuk &
Semeniuk, 2005), which results in dry and wet periods. The Perth metropolitan region
historically has experienced alternating dry and wet periods which exhibit a c20 year
periodicity (Figure 2-3) (Semeniuk & Semeniuk, 2005; Yesertner, 2010). A dry period
was experienced between 1880 and 1914, followed by a wet period between 1914 and
1968 and since 1968 we have been in a drying trend (Figure 2-3). In general, long-term
moving averages suggest an overall decline in annual rainfall since records commenced
in 1877 (Yesertner, 2010). It has been suggested that “climate change” is responsible for
the long-term decline in average rainfall for the region, with predictions that rainfall will
continue to be below average and evapotranspiration rates will rise, resulting in a
negative moisture balance for the region (CSIRO, 2009).

Figure 2-3: Perth metropolitan long-term, wet period and dry period mean rainfall (1878-2007) (Yesertner,
2010).

Groundwater Recharge and Abstraction
The Gnangara Mound is a section of unconfined aquifer with a distinctive
groundwater flow system, situated in the northern reaches of the SCP (Figure 2-4). As
well as supporting numerous wetlands and other groundwater dependent ecosystems,
the superficial aquifer has also been a major source of drinking water for the
metropolitan region of Perth, supplying anywhere up to 60 % of the region’s drinking
water requirements. Groundwater is also abstracted for irrigation use for horticulture
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and garden bores (Davidson, 1995). Additionally, silviculture practices in the region
also place extra pressure on groundwater resources. Due to the limited surface drainage
associated with the lack of topographical relief and the high permeability of the soils,
recharge of the superficial aquifer occurs via annual rainfall.
Prior to 1975, due to a paucity of information, there was a lack of understanding
of the hydrogeology of the unconfined and confined aquifers of the SCP. It was
believed that superficial aquifers were homogenously unconfined; it was also accepted
that the confined aquifers were genuinely confined by impermeable layers. This led to a
misconception of the degree of the hydraulic interconnectedness of the unconfined and
confined aquifers of the SCP (Havel, 1975). Since this time, a more detailed
understanding of the hydrogeology of the SCP has been attained. It is now understood
that the hydrogeology of the SCP is comprised of a series of six aquifers. The
superficial formation (unconfined aquifer) sits atop a stratified series of confined
aquifers namely, Rockingham, Kings Park, Mirrabooka, Leederville and Yarragadee
aquifers. The superficial aquifers are recharged predominately by rainfall, but are also
recharged by run-off from the adjacent Darling Plateau and through hydraulic
connections with the confined aquifers (Davidson, 1995).
Prior to 1975, it was also universally believed that unconfined aquifer inflows and
outflows were in a “steady state” condition. Inputs from rainfall counterbalanced losses
associated with the evapotranspiration of native vegetation and groundwater discharge
to lakes, rivers and the Indian Ocean (Davidson, 1995). During the 1970s, there were
two major events that disrupted this hydrological balance: silvicultural practices
changed and pine plantations were introduced which had a much higher
evapotranspiration rate than the native vegetation; and abstraction for the public water
supply commenced (Salama et al., 2005). Ironically, it was the occurrence of two severe
droughts during the 1970s, and a general decline in average rainfall figures since 1975,
which has led to a greater reliance on groundwater to supply drinking and irrigation
supplies for the population of Perth.
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Table 2-1: Mean climatic data for Perth region for the period 1944 - 2012 (Source Bureau of Meteorology, Perth Station).

Jan

Feb

Mar

Apr

May

Jun

Mean monthly and annual rainfall (mm) and raindays
Rainfall
Raindays

17
3

9
2

19
4

37
7

85
11

134
15

Mean daily temperatures (°C)
Mean temperature
Mean maximum
Mean minimum

25
31
18

25
31.5
18.2

23
29.7
16.6

20
25.8
13.6

17
22.5
10.5

Mean monthly relative humidity (%)
0900 hours
1500 hours

51
39

53
38

57
40

64
46

Mean daily pan evaporation (mm)
Mean daily evaporation

10

10

8

5

July

Annual Average

Aug

Sep

Oct

Nov

Dec

147
17

121
16

88
15

40
9

25
6

11
4

734
109

14
19.3
8.6

13
18.4
7.6

13
18.9
8

15
20.1
9.4

17
23.1
11.3

20
26.4
14.2

23
28.9
16.3

19
24.6
12.7

72
50

78
56

80
57

75
54

67
53

58
47

52
44

50
41

3

2

2

3

4

5

7

9

63
47
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Since 1996 there has been a steady increase in water abstraction from both the
superficial and confined aquifers of the SCP in order to meet urban demand for water.
Between 1996 and 2007 there was a 20 % increase in water abstraction from the
superficial aquifers alone; in 2012 the Water Corporation was given licence to abstract
their full allocation.
The decline in rainfall, decrease in recharge rates and over-abstraction has led to a
hydrological balance deficit within the aquifer, resulting in a general decline in
groundwater levels (see for example Figure 2-5). In general, groundwater levels across
the Gnangara groundwater system have fallen between 1–5 m (Davidson, 1995; Salama
et al., 2002; Yesertner, 2008). Localised variability in groundwater decline is attributed
to differences in vegetation cover, soil type, and depth to water table and land use
(Yesertner, 2010).

Figure 2-4: Groundwater contours and wetland spatial distribution of the Gnangara groundwater system
on the Swan Coastal Plain, Western Australia.
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Figure 2-5: Hydrograph for groundwater monitoring bore No: 8281 (1970 – 2007) situated in the
vicinity of Lake Joondalup on the northern Swan Coastal Plain, Western Australia, showing annual
cycles and an overall water level decline of over 1m.

Superimposed on this long-term hydrological pattern is a seasonal hydrological
signal. Whilst there has been a long-term decline in groundwater levels, levels will
fluctuate between summer and winter (Figure 2-5 and Figure 2-6). As previously stated,
a majority of the yearly rainfall is received between March and October, with peak falls
between June and August. This corresponds with low temperatures and subsequently
low evaporation rates. As can be seen, there is a lag between rainfall events and
groundwater recharge with groundwater levels not peaking until late October or
November.
Four major hydrological flow patterns for wetlands on the SCP have been
described, namely perched, groundwater recharge, groundwater discharge and
groundwater throughflow wetlands (Davidson, 1995; Townley et al., 1993; Turner &
Townley, 2006; Yesertner, 2010). Wetlands can also demonstrate seasonal fluctuation
between recharge, discharge and flow-through systems (Jolly et al., 2008; Sophocleous,
2002; Turner & Townley, 2006). Townley et al. (1993) demonstrated that many of the
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wetlands on the SCP are hydraulically connected with the outflow from one lake
forming the inflow to another lake, sometimes many kilometres downstream.
Therefore, seasonal and long-term declines in rainfall, and subsequently
groundwater recharge, will ultimately influence the susceptibility of individual wetlands
to fire and determine the magnitude and extent of a wetland sediment fire once ignition
commences. A decrease in rainfall will result in less recharge to the aquifer. This is
further compounded by over abstraction of groundwater for drinking supplies and
irrigation. Ultimately, this will alter the hydroperiod of wetlands in the region.
Individual wetlands will have a greater area of wetland sediments exposed to drying for
an extended period of time, the extent of which will depend on the position of the
wetlands in the landscape in relation to the groundwater table, sediment geomorphology
and proximity to water abstraction bores.

Figure 2-6: The relationship between mean monthly rainfall (grey bars), mean monthly temperature
(dotted line) and monthly groundwater levels (continuous line) for the Wanneroo region of the SCP, for the
period 2007 - 2008.
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2.3. RECENT FIRE FREQUENCY OF THE GNANGARA MOUND
WETLANDS
Wetland fires can result in the loss of amenity; destroy wetland geoheritage stored
in the sediments, and alter wetland functioning. As can be seen in Figure 2-7, there is a
correlation between dry years and the number of Department of Fire and Emergency
Services (DFES) “callouts” (a crude measurement of bushfire frequency, as DFES may
receive multiple callouts to the same fire) and there are also periodic peaks in wetland
fires, that correlate with periods of low rainfall, particularly between 1999 - 2001 and
2005 - 2007.
During the period between late 2004 and 2007 a number of wetlands on the
Gnangara Mound experienced fires. This correlates with a number of successive dry
years with the yearly average rainfall during this period well below the long-term
annual average for Perth. Wetlands impacted by fire during this period included Lake
Wilgarup in the summer of 2004/2005, Lake Neerabup in the summer of 2005/2006 and
Lake Carabooda in the spring/summer of 2006 (Figure 2-8). All of these fires burned
for extended periods of time (months) and resulted in significant environmental damage
to the wetland and its surrounds. All three wetlands are situated within the Spearwood
Dune system, having formed within interdunal depressions and containing substantial
deposits of organic matter-rich sediments.
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Figure 2-7: Yearly rainfall averages, bushfire call-out frequency and wetland fire frequency for the
period 1981 to 2007. Fire data supplied by the Fire and Emergency Services Authority (FESA) of
Western Australia.
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Figure 2-8: Map showing the spatial distribution of case study wetlands impacted by fire 2004 –
2007.

Lake Wilgarup, a peat swamp dominated by an old dense stand of Melaleuca
rhaphiophylla Schauer., and dense stands of Baumea juncus (R. Br.) Palla and Baumea
articulata (R. Br.) S.T. Blake, was considered a natural repository of pristine peats on
the SCP (Figure 2-9). Lake Wilgarup is situated in a shallow valley, within Yanchep
National Park, 45 km to the NNW of Perth. This wetland burnt as a result of a bushfire
which commenced in Yanchep National Park, on the 6th January 2005, which was a
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result of arson activity. The fire burned approximately 1200 ha, and despite the efforts
of fire-fighters, entered the wetland sediments (as well as those of two other wetlands,
Lake Yonderup and Loch McNess). The fire continued to burn for several months, until
winter rains and a rise in the groundwater table extinguished the burn in May/June of
the same year. The fire resulted in the loss of substantial amounts of above ground
biomass and the combustion of organic matter from the sediments (Figure 2-10). It was
estimated that organic-matter losses from the sediments were in the vicinity of 1 - 1.5 m
depth.

Figure 2-9: Photograph of Lake Wilgarup, showing mature stands of M, rhaphiophylla, prior to fire in 2005
(Photo: D. Blake).
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Figure 2-10: Photograph of Lake Wilgarup after passage of wildfire and during subsequent peat fire
in February 2005. Smoke can still be seen emanating from the burning sediments. (Photo: D.
Blake).

Lake Neerabup is situated 36 km north of the city of Perth. The lake is in private
ownership and land-use to the west is typically horticulture (market gardens) and
grazing to the west. Due to disturbance, the vegetation is comprised of fringing stands
of M. rhaphiophylla Schauer., and stands of Typha orientalis C.Presl., with pockets of
B. articulata (R. Br.) S.T. Blake. In November of 2005, the sediments in the northern
section of Lake Neerabup ignited as a result of a local land-owner burning refuse on top
of the sediments. It is possible that the land-owner did not expect the wetland sediments
and surrounding soils to be susceptible to combustion. Despite a number of physical
(Figure 2-11), chemical and non-chemical fire suppression methods, the fire continued
to burn for an extended period in a southerly direction.
In February 2006, a second sediment fire started in the southern end of the lake
and moved through the sediments in a northerly direction. As a result Lake Neerabup
experienced substantial loss of organic matter, estimated to be in the vicinity of 1 -2 m
which resulted in the formation of pedestals and a substantial ash layer (Figure 2-12),
and left tree roots exposed (Figure 2-14).
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There was also evidence, particularly at Lake Neerabup, of some of the fireinduced wetland sediment geochemical perturbations. Fire resulted in the red, yellow
and orange staining of sediments indicative of the geochemical transformation of iron
(oxy)-hydroxides (Figure 2-13). The disturbance of the sediments also resulted in the
generation of acidity, with surface water in the pits associated with the limestone trench
(Figure 2-11) having a pH of 1.

Figure 2-11: Physical limestone barrier positioned in wetland sediments which was designed to
prevent the passage of the smouldering front. Limestone was used as it was thought it would buffer
any acidity produced during the construction phase as a result of the oxidation of sulphidic minerals
in the sediments.
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Figure 2-12: Significant loss of organic matter at Lake Neerabup resulting in pedestals of 0.5 – 1.0
m and iron stained ash layer (Photo: D. Bake).

Figure 2-13: Evidence of fire-induced sediment geochemical changes with red, yellow and orange
staining associated with different iron-oxide minerals apparent at Lake Neerabup (Photo D. Blake).
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Figure 2-14: Combustion of organic matter also results in the exposure of tree roots. In-situ ash
layer is also visible (Photo D. Blake).

Lake Carabooda is situated 40 km north of Perth. The lake is in private ownership
and the surrounding land-use is horticulture (market gardens), which has changed little
in the past 30 years. Due to disturbance probably associated with land use practices, the
mosaic of native vegetation which includes M. rhaphiophylla Schauer. and B. juncus
(R. Br.) Palla and B. articulata (R. Br.) S.T. Blake, has been invaded by Typha
orientalis C. Presl. The sediments of Lake Carabooda ignited in August 2006, again as a
result of the burning of refuse by a landowner in the vicinity of the lake. The time of the
year which the landowner chose to burn refuse is one that is considered suitable, due to
climatic conditions, by DFES and when wetland sediments, traditionally, would not be
considered susceptible to fire.
Flooding and chemical fire suppression methods were used; however, the fire was
not officially extinguished until winter rains in 2007 and was still burning in April 2007.
Once again there was substantial loss of organic matter and evidence of geochemical
perturbations resulting in iron precipitates on the sediment surface (Figure 2-15). The
iron precipitates are indicative of the potential acidity of the sediments and the presence
of sulphidic minerals.
These wetlands are exemplars of the stressors which are responsible for the
increased susceptibility of wetlands to fire events, factors responsible for increased fire
intensity, and the impacts associated with wetland fires across the SCP. In particular,
they highlight the variable nature of ignition sources associated with urban expansion,
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the increased vulnerability of wetland sediments associated with changes in climate,
land-use and groundwater, difficulties in managing wetland fires, and the physical and
geochemical nature of the fire-related perturbations of wetland sediments.
The potential sources of ignition of wetland sediments have increased with urban
expansion into peri-urban areas. Whilst, traditionally, ignition events have been
associated with lightning strikes in native bushland areas, more ignition events are
associated with intentional and unintentional activities of humans. Arsonists are
responsible for a high proportion of bushfires in the Perth region. As many of the
wetlands of the SCP are proximal to pockets or islands of native vegetation in the urban
landscape they are particularly susceptible to fire associated with arson activities. Other
anthropogenic sources of ignition are the unintentional acts such as burning of
household refuse or the discarding of cigarette butts. As such, recent practices which
resulted in fires may actually be as a result of a lack of understanding of the natural
system in which they are operating; knowledge that is gained over time.
These wetlands are also examples of the changes in hydrological conditions of
the region. Historically, burning refuse or conducting prescribed burns at that time of
year, late winter through spring, would not result in the ignition of the wetland
sediments, as they would have been saturated from winter rains and the elevated
groundwater table. If the sediments had ignited then, historically, the sediments would
have only superficially burnt. Declining rainfall and over-abstraction of groundwater
has changed the hydroperiod of wetlands of the SCP, resulting in an extended period of
drying of the sediments. This means that the sediments becoming susceptible to ignition
for longer periods of time and a greater volume of sediment is vulnerable to
combustion.
These fires are also indicative of the difficulties experienced in managing wetland
sediment fires once they commence and, in particular, the difficulty of extinguishing the
smouldering combustion, a sentiment repeated throughout various parts of the world
(Moreno et al., 2010; Rein et al., 2008b). The difficulty in extinguishing these fires is
due to the depth at which they burn and the volume of water required to halt
combustion. These fires also draw attention to the issue of altered wetland hydrology
and the susceptibility of wetlands to prolonged burning where winter rains and rises in
the groundwater table may no longer be reliable processes in extinguishing wetland
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sediment fires, a practice typically adopted in the past. Due to the proximity of the
urban population to wetlands, fire managers must be seen to actively manage these fires
under the policy of protecting life (including human health) and property, as well as a
genuine concern for the health of the environment. Unfortunately, current practices are
ineffective in extinguishing wetland sediment fires and, in fact, may result in further
environmental harm.
The studied wetlands provide examples of the impacts associated with wetland
sediment fires on the SCP. They highlight the organic-rich nature of the sediments and
the occurrence of sulphidic minerals within the organic matrix. Impacts are
characterised by the loss of substantial pools of organic-rich matter, formation of a
labile ash bed, geochemical perturbations of sediments, and loss of elements via smoke.

Figure 2-15: Cracking of surface sediments and iron precipitates associated with the passage of
sediment fire.

2.4.

RESEARCH QUESTIONS

Based on the introduction, and the contextualisation of the Gnangara Mound
wetlands presented above, it can be seen that the passage of fire through organic-rich
wetland sediments, by its very nature, can elicit a number of structural, chemical,
45

mineralogical and biological changes in wetland sediments. Whilst it is acknowledged
that many of these properties are intimately linked, the focus of this thesis will be to
gain an understanding of how wetland water quality is influenced by the rehydration of
dried, overheated and burnt wetland sediments. In particular, this thesis will attempt to
answer the following research questions, based on the responses seen in the sediments
and the water quality of the Gnangara Mound wetlands:
Research Question
1. Does the combustion of well buffered, organic-rich wetland

Chapter
3

sediments result in acidification of sediment porewaters and the
subsequent localised leaching of base-cations and mobilization of
metals?
Rationale: Fire has the potential to transform minerals within the
sediment to their oxidized phase. The oxidation of sulphidic minerals
on the SCP is of concern for its potential to generate acidity, as seen
in drought induced acidification. The magnitude of the oxidation
event associated with fire has the potential to overwhelm the innate
buffering capacity (Ca- and Mg- CO3) and the transient buffering
capacity (ash-bed effects) of sediments, so that the event causes the
acidification of sediment porewaters and subsequent release of
bound metals.
2. Does the combustion of organic-rich wetland sediments result in

4

a groundwater plume, downstream of the burnt wetland
sediments, that is physically and hydrochemically different from
a groundwater plume seen following the seasonal drying of
wetland sediments?
Rationale: Seasonal and extended drying has been demonstrated to
produce a temporary/episodic acidic, metal-rich, groundwater
plume. It is hypothesized that fire will induce a massive oxidation
event that will produce a groundwater contamination plume that is
physically and hydrochemically similar to that produced by drought
induced acidification.
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Research Question
3. Does the combustion of organic rich wetland sediments facilitate

Chapter
4

the leaching of base-cations from the sediments?
Rationale: Fire will generate acidity within the sediments which will
facilitate ion exchange with sediment Ca and Mg and lead to the
mobilization of these ions into solution. Additionally, the combustion
of above- and below-ground organic matter will lead to base
saturation of the sediments and result in the leaching due to the
reduced cation exchange capacity of the sediments.
4. Does the combustion of organic matter-rich sediments increase

4

the mobility of metals such that it can be detected in a
groundwater plume?
Rationale: A shift in pH of sediment porewaters will lead to the
mobilization of some metals, depending on the pH of the sediments
and receiving waters. These metals will remain mobile in a
groundwater plume while pH and other conditions are favorable.
5. Does a post-fire groundwater contamination plume remain

4

shallow or does it migrate deeper into the groundwater aquifer?
Rationale: Previous studies looking at acidification plumes in
groundwater following drought induced acidification have indicated
that the acidic plume travels horizontally and descends vertically
through the aquifer; it is expected that the post-fire contamination
plume will behave in a similar fashion because it is qualitatively the
same.
6. Do seasonal fluctuations in groundwater levels influence the

4

existence or hydrochemical composition of the groundwater
plume?
Rationale: The influx of carbonate-rich groundwater will neutralize
or buffer the acidity generated from the rehydration of burnt
sediments and result in an alkaline shift in the pH of the post-fire
contamination plume. This will alter the hydrochemical composition
of the groundwater plume as elements are precipitated or mobilized
47

Research Question
due to shifts in pH.
7. Is there a longer-term temporal change in the hydrochemical

Chapter

4

composition and/or magnitude of a post-fire groundwater
contamination plume?
Rationale: Seasonal changes in precipitation rates, and groundwater
hydrology will result in the prolonged leaching of both acidity and
base-cations from the sediments, which overtime will be reflected in
changes in the inorganic hydrochemistry of the downstream
groundwater. Long-term leaching of base-cations is expected to
result in the permanent acidification of the wetland.
8. Is there a difference in the inorganic geochemical response of

5

wetland sediments exposed to varying thermal intensities?
Rationale: As temperature increases it will elicit different physicochemical, physical, mineralogical and geochemical changes in the
sediment which can influence water quality. Lower temperatures will
result in thermal induced changes in organic carbon and the
incomplete oxidation of organic matter, volatilization of elements
with low boiling points, and the oxidation of mineral assemblage.
Whereas, higher temperatures will result in the complete oxidation of
organic matter and mineralogical changes such as the decomposition
of carbonate minerals.
9. Does the geochemical response to combustion vary between

5

different wetland sediment types?
Rationale: There are approximately 20 sediment types found in
wetlands across the SCP. The east-west distribution of these wetland
sediments is a reflection of geology, geomorphology and
hydrological characteristics, whilst north-south distribution is a
reflection of climatic differences across the SCP. On an individual
wetland basis sediments can be homogenously comprised of a single
sediment type, or more commonly, a mixture of sediment types. It is
expected that the geochemical responses will be similar for wetland
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Research Question
sediments situated in similar broad geomorphological units, as they

Chapter

will have been formed under similar geologic and hydrologic
conditions.
10. Is sediment heterogeneity or temperature more influential in the

6

hydrochemical response of rehydrated dried, overheated and
burnt wetland sediments?
Rationale: The inorganic hydrochemistry of rehydrated dried,
overheated and burnt wetland sediments should reflect the physical,
geochemical and mineralogical transformations associated with the
passage of fire and be a reflection of the thermal intensity of the fire.
However, the response will also be influenced by sediment type and
this may be more deterministic in influencing water quality.
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CHAPTER 3
FIRE IMPACTS ON INORGANIC POREWATER QUALITY IN ORGANIC
MATTER-RICH, FRESHWATER WETLAND SEDIMENTS

3.1. INTRODUCTION
Groundwater contamination from fire-induced acidification of wetland sediments
is an emerging problem on the Swan Coastal Plain (SCP) of Western Australia. Wetland
sediment fires in depressional wetlands are increasing in frequency, duration and extent.
This intensification is attributable to the increased susceptibility of wetland sediments to
fire events and an increase in ignition incidents, both of which are associated with
declining rainfall, unabated groundwater abstraction and expansion of the urban-rural
interface. Yet, little is known of the nature and extent of hydrochemical changes which
fire elicits as it interacts with these wetland sediments.
Several studies have highlighted the impacts of fire on aquatic systems which
include changes in turbidity, nutrient fluxes and variable cationic responses. Much of
the research has focused on surface waters and in particular streams, with considerably
less focus given to wetlands. Of those studies that have investigated the impact of fire
upon wetland ecosystems, the focus has predominantly been surface water quality
(Battle & Golladay, 2003), biota (Horwitz et al., 2007) or sediment geochemistry
(Smith et al., 2001). Little or no consideration has been given to actually characterising
the hydrochemistry of porewaters and in particular the inorganic component, and the
implications for water quality in wetlands where they are hydraulically connected to
groundwater.
If a severe oxidation event, like fire, occurs in wetland sediments, and where there
is a groundwater through-flow, like that found for wetlands on the SCP, then there is a
reason to investigate the nature of a groundwater plume emanating from the sediments –
its chemical character and temporal and spatial extent (Horwitz & Sommer, 2005;
Semeniuk & Semeniuk, 2005). In order to determine the qualitative nature of this
groundwater, a set of signature hydrochemical parameters is required that can be
ascribed to the oxidation event. This requirement can be achieved by identifying the
fire-induced changes in sediment porewater quality following a fire.
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The possible implications for wetland water quality directly influenced by the
combustion of wetland sediments of the SCP have been theorised by Horwitz and
Sommer (2005) and Semeniuk and Semeniuk (2005). Through literature reviews and
selected field observations, they argue that the water quality of a burnt wetland may
assume several broad hydro-chemical responses. These include: i) an increase in pH due
to the loss of organic matter combined with an influx of alkaline ash; ii) a decrease in
pH associated with the generation of acidity through the oxidation of minerals in the
sediment (like pyrite), to an extent greater than the innate and transient buffering
capacity of the system; iii) static or increased pH levels associated with neutralisation of
the generated acidity through the innate/transient buffering capacity of the system; iv)
fluxes of nutrients – inputs, losses or transformations; and v) pH dependent retention
and/or release of soluble and insoluble components.
Where these wetlands are hydrologically connected to groundwater there is an
imperative to investigate the effect of changes in groundwater hydrology on the
porewater hydrochemistry of fire-impacted sediments. Rainfall infiltration and
subsequent rise of the groundwater table are likely to exert physical and hydrochemical
changes on the porewater of impacted sediments. Green et al. (2006a) and Macdonald et
al. (2007) demonstrated, in acid sulphate soils, that after first rains there was an initial
concentration of ions in sediment porewater, followed by a dilution effect as rainfall
continued. Climate and anthropogenic-induced perturbations in groundwater hydrology
will expose the wetland sediments to periods of desiccation and inundation and result in
alternating periods of oxidation and reduction (Kilminster, 2009; Smolders et al., 2006).
An influx of groundwater will also contribute to the dilution effect, and, where that
groundwater is carbonate-rich, assist in the neutralisation of any acid generated during
oxidation of the wetland sediments.
This chapter describes a field experiment which investigates the hydrochemical
effects of a severe oxidation event on wetland sediments, focusing on the potential for
acidification following oxidation of organic-rich, sulphidic sediments situated within a
strongly-buffered alkaline catchment on the SCP, Western Australia. The study was
designed to identify those inorganic porewater parameters which can be used to
construct a diagnostic signal suitable for determining the existence and extent of a
groundwater contamination plume emanating downstream of sediments that have been
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overheated, dried, cracked and even burnt, by the passage of fire. Assuming that a
unique hydrochemical signal could be identified, it was hypothesised that the
composition, magnitude and duration of the porewater signal would be influenced by
short-term (seasonal) hydrological effects (rainfall and groundwater table fluxes) and
longer-term temporal effects (leaching and erosion).
3.2. METHODS
3.2.1 EXPERIMENTAL DESIGN
To answer the above questions a field experiment was developed, based upon a
multivariate approach with one between-subject factor, ‘burn history’ (age since burn),
and a single within subject variable ‘Season’ (sampling rounds which corresponded to
seasonal peaks (Spring/November) and troughs (Winter/July) within the groundwater
hydrological cycle) (Table 3-1).
Table 3-1: Experimental layout where ‘Round’ is the sampling event (S= November, Spring peak; W =
July, Winter trough), and the number of sites, for each of four wetlands that represent a spectrum of time
since sediments were burnt.

Wetland Burn
History

Not
recently burnt

Current burn

1+ year since

2+ years

(0+ year since

burn

since burn

burn)
Season

S

W

S

W

S

W

S

W

Sites (n)

3

3

3

3

3

3

3

3

The experiment was designed to answer the following questions:
•

Was there a difference in the hydrochemistry of the porewater leachate in
wetlands with a different fire history (between burnt (“current” 0+, 1+ year and
2+ year burn sites) and non-burnt sites (not recently burnt), and in particular was
there evidence of acidification at the burnt sites?

•

Was there a seasonal influence on porewater hydrochemistry, identified as
differences

in

porewater

hydrochemistry

between

spring

sampling

(November/groundwater peak) and winter sampling (July/groundwater trough)?
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3.2.2 STUDY AREA
Hydrogeological Setting
A description of the geological and hydrological conditions for the region has
been provided in Chapter 2, section 2.2.
Recent fire history
Many of the wetlands of the SCP have been impacted by fire within the last 10
years, with many wetlands subject to multiple burn events. In order to satisfy the notburnt criteria (i.e. sediments not subject to a recent burn), it was necessary to choose the
sediments from a wetland whose hydrology had been augmented (water levels
artificially maintained via pumping from underground reserves), thereby guaranteeing
that sediments have been permanently saturated in order to maintain anaerobic
conditions, and preventing any drought-induced acidification of the lake, in the
knowledge that the wetland has not been subject to a significant fire event in recent
history (since at least 2002).
Four wetlands were chosen, based on their spatial distribution within the
landscape and recent burn history. The four wetlands chosen are situated in the
Spearwood dune system, and form part of the Yanchep consanguineous suite
(Semeniuk, 1988b) within a lineal area of 10 km, thus meeting the criterion for
geomorphological comparability at the landscape scale. The linear situation of the
wetlands and their proximity to each other ensure that each of the wetlands is influenced
by a similar geology, climate and hydrological regime.
For each of the four wetlands, age since fire criteria were calculated at the time of
the first sampling round (July 2007). They include Lake Nowergup (not recently burnt
(NB); last significant sediment burn in excess of 5 years ago); Lake Carabooda (0+ year
old burn; peat fire actually still burning at time of first sampling in July 2007); Lake
Neerabup (1+ year old burn) peat fire occurred during the summer of 2005/2006) and
Lake Wilgarup (2+ year old burn) peat fire occurred during the summer of 2004/2005).
A detailed description of the vegetation, geomorphology and recent fire history for each
of the selected wetlands can be seen in Appendix 3.
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Figure 3-1: Location of the study wetlands, Gnangara Mound and groundwater elevation contours
in metres above sea level.
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3.2.3 SAMPLE COLLECTION AND PREPARATION
Porewater leachate was obtained on two separate occasions from in-situ sampling
bores situated within the sediments of four wetlands with different burn histories, as
described above. All sampling bore installations were conducted during June 2007. At
each of the four wetlands, three bores were placed within wetland sediments (Figure
3-2). Bore placement was based on a visual inspection to ensure that bores were situated
within fire-impacted (burnt) wetland sediments at the fire-impacted sites and saturated
sediments at the non-burnt site.
Bores were hand-augured to a depth of between 1.5 – 2 m, depending on the
stability of the sediments and the level of the water table. Two in-situ bores were
installed at Lake Wilgarup as part of a previous study (Horwitz et al., 2007). The bore
casing consisted of 25 mm diameter PVC pipe, capped at both ends and augured to the
appropriate depth. The bottom 500 mm of the bore was slotted for collection of
interstitial porewater leachate. The annulus between the casing and the drill hole was
gravel packed with uniformly graded, clean, coarse inert silica sand. The bore annulus
was then sealed with a bentonite grout. A 500 mm borehead constructed from 30 mm x
30 mm square galvanised tube was cemented in place around the casing to prevent
damage to the bore.
Sample collection was conducted to coincide with the two extremes of the
groundwater hydrological cycle; namely, the peak and trough of the groundwater
hydrological cycle. As such, sampling was conducted at the end of the winter rains in
the spring (November) of 2007 (groundwater peak) and the commencement of winter
rains (July) of 2008 (groundwater trough) (Figure 3-3). During groundwater peak
periods, the water content of wetland sediments tend to range between water-logged and
saturated, whereas during the trough period varying degrees of sediment desiccation
occurs.
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Figure 3-2: Location of wetland sample sites (yellow dots) for (a) Lake Nowergup (NB), (b) Lake
Carabooda (0+ years since burn), (c) Lake Neerabup (1+ years since burn) and (d) Lake Wilgarup (2+
years since burn). Blue line represents the mapped wetland boundary (image sourced from Landgate).
Images a – d show the linear spatial relationship between study wetlands. The scale is 1 cm = 3 Km.
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Figure 3-3: Hydrograph showing groundwater levels (Wanneroo monitoring bore WM6), mean monthly
temperature (Perth Airport) and total monthly rainfall (Wanneroo) between January 2007 and December
2008. Vertical dashed lines represent the two seasonal sampling rounds conducted during this study.

A ‘Low Flow’ method of groundwater sampling (Creasey & Flegal, 1999; Puls &
Barcelona, 1996) was employed in order to overcome many of the concerns of
traditional groundwater sampling methods, such as increased turbidity, mixing of
stagnant and dynamic waters, vertical mixing of waters and gas exchange. Due to low
flow rates each bore was purged and allowed to refill. Typically, enough sample volume
was available after 30 - 60 minutes had elapsed.
Sample porewater was collected in a 1 L polyethylene bottle until overflowing so
as to eliminate air from inside the bottle. Porewater samples were then separated into
filtered and unfiltered samples. Samples were filtered (in the field using 0.45 µm
cellulose acetate) into 3 x 10 ml polycarbonate tubes. The unfiltered sample was placed
into a 50 ml polyethylene container. All samples were placed on ice in the field. Upon
return to the laboratory, the samples were stored in the following manner, until ready
for analysis: 1 x 10 ml tube was frozen; 1 x 10 ml tube and the 50 ml polyethylene
container were stored at 2 °C, and 1 x 10 ml tube was preserved with the addition of 2
% nitric acid and stored at 18 °C. All samples were also kept away from sources of light
to keep bacterial growth to a minimum until analyses were performed.
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3.2.4 ANALYTICAL TECHNIQUES
For this study, 29 porewater quality indicators were analysed; temperature, pH,
electrical conductivity (E.C.), total dissolved solids (TDS), oxidation/reduction potential
(O.R.P.), dissolved oxygen (D.O.), total alkalinity, total acidity, ammonium (NH4+),
nitrites/nitrates (NOx), aluminium (Al3+), arsenic (Astotal), cadmium (Cd2+), calcium
(Ca2+), chloride (Cl-), cobalt (Cototal), copper (Cutotal), iron (Fetotal), mercury (Hgtotal),
potassium (K+), magnesium (Mg2+), manganese (Mntotal), sodium (Na+), nickel (Ni2+),
ortho-phosphate (PO43-), lead (Pbtotal), sulphate (SO42-), sulphur (Stotal) and zinc (Zn2+).
Physico-chemical parameters including pH, E.C., TDS, redox and dissolved
oxygen (D.O.) were measured, in-situ, using a Quanta multi-parameter probe
(Hydrolab, SDI-12) data logger. The Quanta system combines 5 sensors into a single
probe which is coupled with the flow-cell of a low-flow sampling system. Porewater
flows through the flow-cell and physico-chemical parameters are recorded after a
steady-state situation is reached.
Inorganic ions (chosen to indicate acidification, acid neutralisation/buffering
capacity, and solubility of metals) were measured, as follows. Chloride (Cl-) and
sulphate (SO42-) concentrations were determined using an ion chromatograph (Metrohm
761 Compact IC). Analysis of Al3+, Astotal, Cd2+, Ca2+, Cototal, Cutotal, Hgtotal, Fetotal, K+,
Mg2+, Mntotal, Na+, Ni2+, Stotal and Zn2+ was carried out using Varian Vista-Pro
inductively coupled plasma (ICP) with optical emission spectroscopy (OES) detection.
Ammonia and nitrate (includes any contribution from nitrite) analyses were completed
using a Skalar flow injection analyser: nitrate (cadmium reduction nitrate to nitrite); and
ammonia (chlorinated to form monochloramine, reacted with salicylate). Orthophosphate analysis was completed using a Skalar flow injection analyser: ammonium
molybdate and antimonyl potassium tartrate, reacted in acid medium with dilute
solutions of phosphate to form a heteropoly acid (phosphomolybdic acid). Total
alkalinity and total acidity were determined by titrating a porewater sample with an acid
or a base respectively, and measuring the amount of each required to reach an endpoint
pH of 3.7 for total alkalinity and an endpoint pH of 8.3 for total acidity. In both
instances results are reported as a measure of CaCO3 mg. L-1. Standard QC/QC
protocols were completed for all analyses. Standard solutions were prepared in the
appropriate concentration range and analysed along with the samples. 10% of samples
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were analysed in duplicate and blanks were also included. The method of external
standards was used to generate calibration curves.
3.2.5 STATISTICAL ANALYSIS
Initially general processing and collation tasks were applied to the raw water
quality data which included: i) screening to identify and remove any spurious or outlier
values, and ii) screening to identify and remove parameter values outside the practical
environmental range and/or instrument detection limits.
Non-parametric Spearman’s Rank Order correlations (SPSS ver. 17 for Windows)
were performed on the available suite of parameters in order to ascertain the
relationships between variables and identify those that were indicative of causallylinked hydro-chemical processes. Those that could be positively identified as being
causally-linked enabled the reduction of the variable suite by either the removal or the
combination of linked variables. Linked variables included monovalent base-cations
(Na+ and K+), divalent base-cations (Ca2+ and Mg2+) and inorganic-N species (NH4+-N
and NOx-N). This resulted in a suite of 15 water quality parameters analysed: pH, E.C.,
total alkalinity, total acidity, inorganic-N, monovalent base-cations, divalent basecations, Al3+, Fetotal, Mntotal, Ni2+, Stotal, Zn2+, Cl- and SO42-.
Statistical analysis was performed in Primer (Version 6). Following tests for
normality, data were transformed where required and standardised to allow multivariate
comparisons. A multivariate approach was taken to determine if patterns in inorganic
porewater quality existed which were associated with fire-impacted sediments, and
whether or not these patterns were subject to short- or long-term temporal changes.
Principal component analysis (PCA) was used to illustrate patterns of discrimination
between wetland water qualities. PCA was performed on the combined water quality
data for all wetlands. PCA is a multivariate statistical approach which allows
correlations between variables, or groups of variables to be mapped in multidimensional space, which otherwise may not be evident in a two-dimensional
relationship. PCA achieves this by reducing a group of correlated variables into smaller
subsets of non-correlated variables (principal components). These subsets are ranked
based on the proportion of variability they account for within the dataset, with the
proportion of variability decreasing with each subsequent principal component.
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In addition to changes in concentration, the proportions of ions in solution in
relation to each other provide insight into key chemical equilibria processes and trends
in hydrochemical activities. As this study is interested in the potential of fire to act as an
oxidation agent, and, in particular, its capacity to induce an acidification event in
sulphidic, organic matter-rich sediments, key ratios associated with acidity generation
and buffering processes have been included for discussion. Ratios presented include
S/(Ca2+ + Mg2+), SO42-/Cl-, Al/Fe, and Ca2+/(Ca2++SO42-). The ratios were selected on
their propensity to indicate acidification, and the process responsible for acidification,
and the source and potential for acid neutralisation and acid buffering processes. Both
SO42- and Fe are by-products of sulphidic mineral oxidation, and, in particular, pyrite
oxidation. As such, ratios were selected which are indicative of sulphate and/or iron
enrichment. Lucassen et al. (2002) demonstrated that acidified sediments produced a
S/(Ca2+ + Mg2+) ratio > 1 when re-wet. The SO42-/Cl- ratio is commonly used in water
quality studies, particularly for acid sulphate soils, as an indicator of SO42- enrichment,
other than from marine sources. The ratio of Ca2+/(Ca2++SO42-), when considered in
conjunction with porewater pH, is indicative of hydrochemical processes involving
these two ions, such as pyrite oxidation or gypsum dissolution (Hounslow, 1995).
Unless otherwise stated, ratios were calculated on mean wetland water quality data
(n = 3).
It should be noted that due to limitations in the experimental design, namely the
inability to find replicate non-burnt wetlands within a reasonable geographical
proximity, pseudo-replication was inevitable. As such, any statistical significance
within the results is not unimpeachable.
3.3. RESULTS
Porewater Hydrochemistry
The two-dimensional PCA ordinations of the standardised porewater leachate data
collected in both spring (Figure 3-4) and winter (Figure 3-5), showed the same distinct
pattern of separation between the not recently burnt and the burnt sites. The PCA
ordinations for both rounds also showed distinct patterns of separation between burnt
sediment sites.
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The two-dimensional PCA ordination of the standardised porewater data collected
in spring (Figure 3-4) shows that the two axes accounted for 71.2 % of the total wetland
variability in the dataset. The pattern of separation between burnt and unburnt sites seen
on PC1 which accounts for a majority (48.8 %) of the total variation, was primarily due
to the porewater leachate at burnt sites having elevated E.C. levels. These were
associated with increased concentrations of monovalent (Na+ and K+) and divalent (Ca2+
and Mg2+) base-cations, Cl- and SO42- anions and dissolved ions including Stotal, Fetotal
and Ni2+, in conjunction with similar or slightly lower pH values. Some separation
between the burnt sites is evident along axis PC2 (24.4 % of the total variability),
attributable to differences in pH levels both between and within burnt wetlands, as well
as concentrations of dissolved Al3+, Mntotal, Ni2+, SO42- ions and inorganic-N species.
The Neerabup sites (1+ year) have higher pH, increased levels of inorganic-N species,
SO42- and Mntotal and lower levels of Al3+, Ni2+, Fetotal and monovalent base-cations than
the sites at the other burnt wetlands.

Figure 3-4: PCA ordination of the porewater data showing the wetland separations for the spring
sampling. PC1 and PC2 combined account for 71.2 % of total variability. PC1 is characterised by
2+
decreasing E.C., divalent base-cations, monovalent base-cations, Ni , Stotal, and Cl . PC2 is characterised
3+
by decreasing pH, Mntotal, inorganic-N and Stotal, and increasing Al .

Similar patterns of ordination were seen between burnt and unburnt sites in winter
(Figure 3-5), with the two axes accounting for 78.9 % of total variability. Variability
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seen on the PC1 axis (62.8 % of total variation) was again due to differences in
porewater quality between the burnt and non-burnt sites. The main difference with the
ordinations seen in the spring samples is that pH, Al3+ and Zn2+ were far more pivotal in
discerning between burnt and unburnt sites for winter samples. The burnt sites also had
elevated E.C. associated with increased concentrations of monovalent and divalent basecations, increased concentrations of Cl- and SO42-, as well as increased concentrations of
dissolved ions including Stotal, Fetotal and Ni2+. Separation between burnt wetland sites
was once again evident on the second PC axis (16.1 % of total variability). This was
primarily associated with variations in E.C. as well as the levels of inorganic-N, Mntotal,
Zn, Cl- and Al3+ (Figure 3-5), with levels of these parameters increasing with the age of
the burn.

Figure 3-5: PCA ordination of the porewater data showing the wetland separations for winter sampling.
PC1 and PC2 combined account for 78.9 % of total variability. PC1 is characterised by decreasing E.C.,
2+
2+
2total acidity, Ni , Zn , Fetotal, Stotal and SO4 . PC2 is characterised by decreasing inorganic-N and Mntotal.

Ionic Ratios
The ionic ratios confirm the presence of acidity and subsequent buffering seen in
the burnt sediments as shown in the PCA analysis, as well as providing some indication
of the processes involved. A strong link between porewater acidity and the occurrence
of a wetland sediment fire can be seen by the distribution of pH results (Table 3-2).
During peak groundwater levels (spring) generated acidity is diluted and/or flushed
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from the sediment and the remaining acidity is buffered by cation exchange or
carbonates within the sediments, resulting in near-neutral pH levels. Following a period
of desiccation during the dry season, and following the first rains at the beginning of
winter when groundwater levels are at their lowest (Figure 3-3), pH levels in the
sediment porewater leachate from the burnt sites fall sharply.
Sulphate and Fe ions are typical by-products of pyrite oxidation particularly in
acid sulphate soils and associated with acidity. The SO42-/Cl- ratio shows SO42enrichment (i.e. ratios in excess of the SO42-/Cl- ratio for seawater = 0.5) in the
porewater leachate of burnt sediments compared to the non-burnt sites, for both rounds
of sampling, particularly in winter, samples following a period of desiccation (Table
3-2). The Al/Fe ratio is indicative of sources of acidity. In spring, porewater from the
burnt sites contained significantly higher levels of soluble Fetotal than non-burnt wetland
sites (Table 3-2). In winter the situation is reversed with elevated Al/Fe ratios observed
in the porewater from the burnt wetland sites, indicative of lower levels of soluble Fetotal
and/or increased levels of soluble Al3+ (Table 3-2).
The S/(Ca2+ + Mg2+) ratio, a measure of the acid-buffering capacity of the
sediments, indicates that all the burnt wetlands show an excess of total sulphur when
compared with levels of divalent base-cations (Table 3-2), regardless of seasonal
hydrology. Ratio values > 1 for the non-burnt wetland sites (Table 3-2) would indicate
that the inherent buffering capacity of the wetland sediments exceeds the propensity to
generate acidity. This is also supported by a Ca2+/(Ca2+ + SO42-) ratio for the non-burnt
wetland sites of > 0.5 with a pH of 7.5 and 6.4 for spring and winter sampling
respectively, that is indicative of calcium enrichment. The 0+ (Carabooda) and 1+
(Neerabup) burn sites fluctuate between periods of pyrite oxidation (ratio below 0.5 and
pH less than 5.5) and calcium removal (ratio < 0.5 and neutral pH) (Table 3-2).
Whereas pH can be considered a measure of the impact of acidification, net
excess alkalinity (total alkalinity – total acidity in mg. CaCO3 L-1) is a measure of the
vulnerability of the system to acidification. As a rule, the burnt wetland sediments
produce acidity in excess of their intrinsic buffering capacity (negative excess alkalinity
values), when compared with the non-burnt wetland sites, which display positive net
excess alkalinity values (Table 3-2). Differences between net excess alkalinity and pH

63

may be due to temporal changes in flow conditions and sediment geochemical
heterogeneity.
1

Table 3-2: Porewater mean pH and ionic ratios (with standard error) for spring and winter sampling. Net
-1
excess alkalinity is total acidity minus total alkalinity measured as mg.L CaCO3.
2+

pH
Wetland/Sampling

2+

S:(Ca + Mg )

Spring

Winter

Spring

Winter

Nowergup (NB)

7.52
(0.17)

6.38
(0.13)

0.09
(0.04)

0.05
(0.03)

Carabooda (0+)

7.15
(0.35)

3.41
(0.17)

1.57
(0.11)

1.41
(0.33)

Neerabup (1+)

8.34
(1.28)

4.91
(1.16)

1.23
(0.12)

1.05
(0.15)

Wilgarup (2+)

5.26
(0.57)

3.28
(0.34)

1.59
(0.03)

1.21
(0.08)

2-

SO4 :Cl

-

Al:Fe

Wetland/Sampling

Spring

Winter

Spring

Winter

Nowergup (NB)

0.04
(0.006)

0.06
(0.04)

2.70
(1.14)

0.62
(0.38)

Carabooda (0+)

1.8
(0.24)

13.3
(8.5)

0.08
(0.03)

4.02
(2.44)

Neerabup (1+)

5.4
(0.8)

17.6
(11.4)

0.22
(0.19)

1.80
(0.53)

Wilgarup (2+)

1.6
(0.16)

2.09
(0.44)

0.24
(0.06)

4.45
(2.20)

Ca
Wetland/Sampling

2+

2+

2-

/(Ca +SO4 )

Net excess alkalinity

Spring

Winter

Spring

Winter

Nowergup (NB)

0.98

0.91

198.00

78.67

Carabooda (0+)

0.44

0.28

-73.98

-203.28

Neerabup (1+)

0.40

0.35

182.50

-224.95

Wilgarup (2+)

0.35

0.23

-108.45

-609.95

1

It should be noted that it would have been correct to use geometric means, rather than arithmetic
means (as used here) as pH is a logarithmic representation of H+ concentrations in solution.
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Seasonal variation
PCA analyses (Figure 3-4 & Figure 3-5) show that seasonal variation is
characterised by changes in pH, as well as levels of Zn2+, Fetotal, Al3+, SO42-, basecations and inorganic-N. Changes in eigenvector values for spring and winter porewater
samples (appendix 4 & 5 respectively) indicate that that porewater pH values decrease
(become more acidic) in winter. This is particularly evident for the burnt wetland sites
(Table 3-2). There is also a decrease in soluble Zn2+ and Fetotal, and again this reduction
in Fetotal is particularly evident at the burnt wetland sites (Table 3-2). Conversely, there
was an increase in levels of Al3+, SO42-, base-cations and inorganic-N between spring
and winter samples. Increases in Al3+ and SO42- are once again most evident at the burnt
wetland sites, as demonstrated by changes in ionic ratios (Table 3-2). The net excess
alkalinity ratio in Table 3-2 shows that there is a decrease in levels of total alkalinity
and an increase in total acidity levels between spring and winter samples and periods of
inundation and desiccation respectively.
Longer-term temporal variation
Interpreting longer-term temporal variation in the burnt sediments is little more
complex. PCA analysis for both sampling rounds (Figure 3-4 and Figure 3-5) showed
there is variation between 0+, 1+ and 2+ year age burns. The age-since-burn pattern
evident on the PC2 axis for both sampling rounds (Figure 3-4 and Figure 3-5) (which
accounted for 22.4 % and 16.1 % of total variation respectively), in both instances was
broadly characterised by levels of Al3+, pH, inorganic-N, SO42-, Fetotal as well as levels
of monovalent and divalent base-cations. Levels of Al3+ tended to be lower in the 1+
year burn sites compared with current burn sites but were considerably higher in the 2+
year burn sites. The inverse was true for pH levels and concentrations of inorganic-N,
and SO42- which showed an initial increase (1+ year sites), followed by a decrease (2+
year sites). Levels of monovalent base-cations tended to be higher in the 2+ year burn
sites whereas divalent base-cations showed an increase from current burn sites to 1+
year burn sites and then a decrease at the 2+ year burn sites. The results of the Ca2+
/(Ca2++SO42-) ratio and net excess alkalinity calculations, show that levels of Ca2+ and
total alkalinity decrease between non-burnt, 0+, 1+ and 2+ wetlands. This is indicative
of the erosion of acid buffering capacity over time.
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3.4. DISCUSSION
Acid generation/neutralisation and mobilisation of metals
The findings of this study support the hypothesis that in sulphidic, organic rich
freshwater sediments, fire acts as a severe oxidation agent and as a result produces
highly acidic porewater leachate that overrides both the innate and transient acid
buffering capacity of the wetlands. Porewater leachate from fire–impacted wetlands of
this study is characterised by low pH, SO42- enrichment, increased concentrations of
soluble Fe and Al ions, increased levels of base-cations as well as elevated
concentrations of other metals in solution including Mntotal, Ni2+ and Zn2+. The results of
this study also demonstrate that there were short and long-term temporal variations in
the hydrochemistry of porewater leachate from wetland sediments directly impacted by
fire.
Fire can promote acidity generation and also contribute to the acid
neutralising/buffering capacity of the sediment-water system. A fire’s capacity to buffer
acidity is two-fold. Firstly, it can remove or alter sources of acidity, such as large pools
of vegetative organic matter which produce organic acids (Certini, 2005; Rein et al.,
2008b). Secondly, it can assist in the neutralisation of acidity through the production of
a chemically-labile ash that is typically alkaline in nature. The results of this study
demonstrate that in sulphidic, organic-rich wetland sediments, a fire’s capacity to create
oxidising conditions and subsequently generate acidity is the more significant process
rather than its contribution to acid-buffering processes. In order for acidification of
porewaters to occur, net acidity (which includes actual and latent sources) must exceed
the acid-neutralising capacity of the sediments (Baldwin et al., 2007). Smolders et al.
(2006) demonstrated that porewater chemistry, and, more so, acidity generation in
sulphidic sediments, was linked to i) the pool of oxidisable sulphur, ii) the duration of
desiccation and iii) the acid-neutralising capacity of the sediments and catchment.
Actual acidity may be from protons, metal species (which can consume base via
hydrolysis and precipitation), inorganic acids (carbonate species), as well as organic
acids (fulvic and humic acids), whilst unrealised or stored acidity may be in the form of
reduced sulphidic mineral pools and mineral hydroxides and oxyhydroxides that may be
released following oxidation, hydrolysis and/or precipitation (Macdonald et al., 2004).
Therefore, acidification of sediment porewaters may result from the erosion of the
innate buffering capacity of the sediments via a severe oxidation event, consecutive
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repeated oxidation events or a combination of both. The results of this study suggest
that in the wetlands of the SCP, it is a combination of both a severe oxidation events
and repeated consecutive oxidation event.
The hydrochemistry of the porewater leachate from the burnt wetlands in this
study is of a type typically associated with the oxidation of pyritic sediments as shown
in Eq. 1 (Nordstrom, 1982) or sulphidic sediments seen in many wetlands, both coastal
(Burton et al., 2006; Johnston et al., 2008) and freshwater (Lamers et al., 1998;
Smolders et al., 2006). The composition and the concentration of pyrite oxidation
products (Fetotal and SO42- ions) seen in the porewater leachate following fire are
comparable with other major disturbance events such as the desiccation of sulphidic
sediments during extended drought and mechanical dewatering events (Green et al.,
2006b; Sullivan & Bush, 2004), thus highlighting the oxidising potential of fire. Fire
can facilitate the oxidation of sulphidic minerals in two key ways. It can promote the
oxygenation of the sediment profile through the creation of cracks, ‘pipes’ or voids
throughout the sediment profile (Horwitz & Sommer, 2005; Rein et al., 2008b) allowing
oxygen to penetrate deep into the sediment profile and promote the oxidation of pools
of sulphidic minerals that would otherwise not be exposed to oxygen, or, more
pertinently, exposed to the same volume of oxygen. Secondly, heat (alone) has been
shown to increase the rate of pyrite oxidation (Pahlman & Reimers, 1986; Schoonen et
al., 2000). There are two mechanisms for the heating of wetland sediments during a fire
event. The direct heating of the wetland sediments associated with the movement of the
smouldering front through the sediment profile will directly influence the rate of pyrite
oxidation. The passage of heated air and smoke through the cracks and pipes distributed
throughout the sediment profile (Moreno et al., 2010) will also result in an increased
rate of pyrite oxidation.
FeS2 + 15/4 O2 + 7/2 H2O → Fe(OH)3 + 2 SO42- + 4 H+

(1)

Heating above 200 °C will result in the combustion of carbonaceous material. The
combustion of organic matter may facilitate the rapid oxidation of pyrite by exposing
more of the reactant mineral surface area (Rigby et al., 2006). Pahlman and Reimers
(1986) identified that water-vapour and not oxygen is the critical parameter in
determining the rate of pyrite oxidation, as water molecules adhering to the surface of
the pyrite molecule enhance the reaction of atmospheric oxygen with sulphur in the
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pyrite molecule. Where sediment moisture content does not prohibit the ignition and
propagation of smouldering combustion, the passage of a smouldering combustion front
through the sediment profile will evaporate sediment moisture leaving water-vapour
(Frandsen, 1998; Rein et al., 2008b).
Under acidic conditions the rapid oxidation of pyrite is known to be microbially
mediated whereby Fe3+ becomes the main pyrite oxidant, see Eq. 2. It was hypothesised
that fire would inhibit this process through the biological sterilisation of the sediment.
In sediments that have been heated to in excess of 400 ºC almost all organic carbon is
volatilised (Dikici & Yilmaz, 2006) and microbial density, biomass and activity is
substantially reduced (Guerrero et al., 2005). Conversely, in sediments heated at
temperatures below 400 ºC, after an initial inhibition, microbial activity may increase
through the addition of nutrient inputs from ash and other organic matter (Doerr et al.,
2004). Under conditions where dissolved Fe3+ is the main oxidant in pyrite oxidation,
acid production increases four-fold over the process where molecular oxygen is the
main oxidant. Where ferric iron becomes the main pyrite oxidant, the oxidation of Fe2+
becomes the rate-limiting factor and not the volume of atmospheric oxygen. Another
means whereby rapid oxidation of pyrite may be facilitated is through the formation of
iron-carbonate complexes. In carbonate-rich systems, the formation of Fe-HCO3complexes on pyrite surfaces has been shown to accelerate pyrite oxidation through the
rapid oxidation of Fe2+ (Hood, 1991; Evangelou 1995; in Ward 2002).
FeS2 + Fe3+ + 8 H2O → 15 Fe2+ 2 SO42- + 16 H+

(2)

Accordingly, fire can directly and indirectly influence the rate of pyrite oxidation,
and in particular, iron-sulphur cycling, in sulphidic wetland sediments which are rich in
organic matter. Further research is required to identify the components of the ironsulphur cycling that are impacted by fire and the aspects of smouldering combustion
which are responsible for these changes.
Due to their high volatilisation temperatures, base-cations including Ca2+, Mg2+ ,
Na+ and K+ remain, following fire, usually concentrated in the residual ash layer
(Certini, 2005; Ludwig et al., 1998; Neary et al., 1999) and contribute to acid
neutralisation. Elevated levels of both divalent and monovalent base-cations in the
porewater of burnt sediments in this study suggest that the ash layer is playing a
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substantial role in increasing porewater pH and buffering post-fire acidity. The
increased levels of soluble Ca2+ and Mg2+ may be attributable to carbonate dissolution
and ion exchange processes, particularly with Al3+ ions under acidic conditions (Khanna
et al., 1996). Further work is required to quantify the buffering effect that the ash
component plays in neutralising acidity following fire in freshwater wetland sediments,
particularly where fire occurs in well-buffered wetland catchments.
Metals accumulated in the sediments as metal sulphides or adsorbed to ironhydroxides can be mobilised during acidification events (Green et al., 2006a; Green et
al., 2006b; Miller et al., 2009). In this study, levels of Al3+, Fetotal, Zn2+, Ni2+ and Mntotal
are all elevated in the porewater of burnt sediments. Al3+, Fetotal and Zn2+ demonstrate
similar patterns of activity and show an inverse correlation with pH. Levels of Mntotal
and Ni2+ in solution do not show this strong correlation with pH. Miller et al. (2009)
demonstrated that the concentration and composition of metal leachates from acid
sulphate soils was strongly influenced by soil type, more so than level of oxidation or
acidification. Since the sediment type was likely to be similar for each of the wetlands
in the study, that source of variation was removed by the design. This study suggests
that the severity of the oxidation drives the concentration of metals leached to solution,
and that some metals will demonstrate seasonal changeability, associated with pH
variability.
Seasonal Variation
The porewater chemistry, following fire, displays a temporal signal that is
strongly correlated with seasonal fluxes in groundwater hydrology; between periods of
inundation (spring) and desiccation (winter) and acid neutralisation and acid generation
respectively. The most striking seasonal variability is the substantial increase in acidity
and the levels of soluble Al3+ in the porewater at the burnt wetland sites. The mean
porewater pH of the burnt wetlands shifts from circum-neutral to highly acidic between
spring and winter sampling rounds. The decrease in mean pH values was indicative of a
first flush event (Green et al., 2006a; Macdonald et al., 2007). During extended dry
periods there is a concentration of ions in the unsaturated zone; following rainfall, these
concentrated ions are flushed into drainage pathways (Nordstrom, 1982). Increased
levels of acidity, soluble Al, Fe and SO4 ions present in the porewater of the burnt
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sediments are consistent with such an event (Green et al., 2006a; Macdonald et al.,
2007).
The increase in the concentration of soluble Al ions present in the porewaters of
the burnt sediments is as a result of the dissociation of Al-oxyhydroxide minerals
according to Eq. 3 (Appleyard & Cook, 2009; Ward et al., 2010) and dissociation of
allophane-organic complexes (Prakongkep et al., 2009) within the sediment profile
associated with an increase in acidity. A concomitant increase in Ca2+ and Mg2+ is as a
result of cation exchange involving Al3+ according to Eq. (4). At extremely low pH (i.e.
< 2), the dissolution of gypsum would also have contributed to increased levels of Ca2+
and SO42- (Fajtl et al., 2002).
Al(OH)3 + 3H+ ↔ Al3+ + 3H2O

(3)

1/3Al3+ + 1/2Ca - X2 ↔ 1/3Al - X3 + 1/2Ca2+

(4)

The decrease in Al3+ concentrations in burnt sediment porewater during periods of
inundation is likely due to the precipitation of alunite, gibbsite and jurbanite (Hicks et
al., 2009) as well as ion exchange involving Ca2+ and Mg2+ ions, all of which result in
an increase in pH (Ward et al., 2010). The generation of acidity and substantial increase
in soluble Al seen during periods of desiccation (concomitant with a sharp decline in
pH) is likely associated with the hydrolysis of Al ions after first rains (Green et al.,
2006b); in this instance the hydrolysis of Al and subsequent increase in soluble Al3+
makes a substantial contribution to the levels of total acidity in the porewater of burnt
sediments.
The increase in pH observed during periods of inundation (spring sampling) was
made possible either through the cessation of acid production, an increase in acidneutralising capacity or a combination of both. Inundation of sediments will assist to
neutralise or buffer acidity through several means, including flushing and dilution
effects (Cruikshanks et al., 2008; Green et al., 2006a), the introduction of carbonate-rich
waters, the precipitation of metal species and the reintroduction of reducing conditions
(Baldwin et al., 2007; Johnston et al., 2008). Based on the ionic ratios, and in particular
the Ca/(Ca+SO4) ratio and pH levels, the porewater hydrochemistry of the non-burnt
wetlands is fairly stable and influenced primarily by the seasonal flux of carbonate-rich
groundwater through these sediments, as evidenced by a slight decline in base-cations
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with periods of desiccation. However, the burnt sediments fluctuate between periods of
pyrite oxidation, and Ca2+ removal either through calcite or gypsum precipitation, or,
ion exchange processes (Hounslow, 1995).
Some of the acidity and pyrite oxidation products will be flushed from the
sediments and the concentration of ions within the porewater will be diluted, following
winter rains (Green et al., 2006a; McDonald et al., 2008) and a subsequent rise in
groundwater levels. This flushing and dilution is usually characterised by an initial
decrease in pH, as pyrite oxidation products are carried into solution followed by an
increase in pH due to dilution effects. Additionally, the influx of carbonate-rich
groundwater will consume some of the H+ ions and lead to an increase in pH, as well as
increases in Ca2+ and Mg2+ concentrations. Whilst both flushing and dilution processes
may have some bearing on the levels of acidity seen in this study, it is likely to be of
minimal influence given the degree of pH change (particularly in the burnt sediments)
and changes in the concentrations of other ions in solution. This statement is further
supported by the substantial decrease in levels of total acidity compared with the slight
increase in total alkalinity levels seen in the porewater of burnt sediments, which
indicates that a reduction in acidity generation and the consumption of existing acidity
is responsible for the change in pH, rather than an increase in the buffering capacity
following influx of alkaline groundwater. A decrease in SO42- concentrations and a rise
in pH suggests that the reduction of sulphate was involved in the consumption of H+
ions (Chu et al., 2006). The decrease in SO42- ions in solution is likely due to the
reduction of sulphate to H2S concomitant with the reduction of Fe3+ to the more soluble
Fe2+, reflected by the increased concentrations of Fetotal in the porewater of burnt
sediments. Whilst this process is biologically mediated, it would appear that sterilisation
and loss of organic matter associated with fire does not completely inhibit the processes
involved in the reduction of sulphate.
Further porewater SO42- reduction could also be facilitated by the precipitation of
gypsum, where Ca2+ levels are enriched through the dissolution of carbonates and where
pH levels are mildly acidic. However, this is likely to be of minimal influence on SO42levels as the influx of carbonate-rich waters are likely to increase concentrations of
CO32- and HCO3- (increasing pH levels), favouring the precipitation of calcite over
gypsum formation (Fajtl et al 2001). Sulphate levels still remained elevated in the
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porewater of the burnt sediments during periods of inundation, when compared with the
non-burnt sediments. This suggests that in the burnt sediments there may have been
some pyrite oxidation, albeit very slow, facilitated by Fe3+ reduction during periods of
low oxygenation (Ward et al., 2004). This hypothesis is supported by slightly elevated
concentrations of Fetotal in solution during periods of inundation.
As stated previously, there was an increase in the concentration of divalent basecations present in solution in the porewater of the burnt sediments during periods of
desiccation. Following inundation, there is a decrease in base-cations levels in the
porewater of burnt sediments concomitant with an increase in pH. Again, this decrease
may be due to dilution effects as groundwater levels rise; however, precipitation of a
Ca-rich phase (for example gypsum, calcite etc.) is also going to contribute to a change
in the concentration of Ca2+ and Mg2+ ions in solution. The seasonal fluctuation in the
base-cation levels of burnt sediment porewater is indicative of an episodic leaching
process from both the ash layer and the wetland sediments.
The seasonal variability in the hydrochemistry of porewater at the non-burnt wetland
sites is far less dramatic than that observed at the burnt wetland sites. A slight decrease
in pH at the unburnt wetland sites between sampling rounds suggests acidification
associated with the seasonal drying of wetland sediments. There is little increase in
sulphate levels, and levels of total alkalinity exceed levels of total acidity during both
sampling rounds. Assuming that the soil type/sediment type in the wetlands is the same,
this further enhances the hypothesis that fire results in a substantial oxidation event,
over and above oxidation as a result of seasonal drying and desiccation. The increase in
total alkalinity levels during periods of inundation also supports the notion of the influx
of carbonate-rich groundwater contributing to the buffering effect in the study wetlands.
Whilst there appears to be a distinct seasonal influence upon the porewater chemistry
of the burnt sediments, it should be noted that the composition of the porewater may be
influenced by physical changes in the sediment, such as the creation of preferential flow
paths and changes in bulk density. The creation of preferential flow paths is due to the
leaching of hydrophobic substances from organic matter (Arcenegui et al., 2008;
García-Corona et al., 2004; Mataix-Solera & Doerr, 2004). At temperatures below 250
°C, these substances are subject to gasification and migrate throughout the sediment
profile, accumulating along a temperature gradient (Doerr et al., 2004). The
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accumulation of hydrophobic substances creates preferential pathways for groundwater
flow throughout the sediment and thus selectively influences the composition of the
porewater leachate. It should be noted that above 300 °C these hydrophobic substances
are completely destroyed (DeBano, 2000). As such, further study is required to quantify
this phenomenon within wetland sediments impacted by both drought and fire. An
increase in bulk density is also likely to retard hydraulic conductivity through the
sediment (Certini, 2005).
Longer-term temporal variability
The episodic nature of acid generation and neutralisation over time may
ultimately lead to the exhaustion of the acid-neutralising capacity of the sediments, and
result in permanent acidification. Lucassen et al. (2002) demonstrated that, following
an increase in H+ ions, HCO3‾ is depleted, which is subsequently followed by an
increase in Ca2+ and Mg2+ ions in solution. In organic sediments, it is expected that the
pool of HCO3‾ would be quite substantial; however, the magnitude of the oxidation
event associated with fire means that the concentration of H+ ions produced quickly
exhausts the store of HCO3‾, and cation exchange becomes the main buffering process
within the sediments.
Appleyard and Cook (2009) also demonstrated that continued acidification of
groundwater leads to the leaching and subsequent depletion of base cations from the soil
profile, resulting in a loss of buffering capacity, and ultimately in permanent
acidification. The continued episodic nature of acid generation and neutralisation seen
in the wetlands following fire, suggests that this may also result in base-cation leaching
and eventual depletion of the buffering capacity of these sediments.
The results at the Wilgarup sites (2+ year old burn) would suggest that an influx
of carbonate-rich waters alone is insufficient to neutralise the acidity produced. That pH
remains low would further support the fact that acidity continues to be produced during
periods of inundation, through the oxidation of pyrite facilitated via the reduction of
Fe3+. The depletion of the base-cation buffering capacity is also evident, as base-cation
concentrations remain high in solution but alkalinity levels of the porewater remain
below detection levels. A lack of buffering capacity may also be attributed to the
physical and chemical erosion of any ash deposition following fire. Ash leachate
experiments elsewhere suggest that many of the key acid-neutralising ions have been
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leached after 2 years and pH levels begin to decline (Georgakopoulos et al., 2002).
Whilst many of the base-cation levels in solution remain elevated, levels of K+ show a
decline at Lake Wilgarup (2+ year old burn); which suggests that the contribution of the
ash layer to buffering acidity may have been exhausted. It also suggests that the acidbuffering contribution from ash is extremely transient.
This further suggests that the episodic nature of acid generation following fire
leads to the depletion of the acid-neutralising capacity of the sediments (potentially
faster than would otherwise have occurred as a result of drought-induced acidification
events alone) and ultimately exhausts the buffering capacity of the sediments, resulting
in permanently acidic porewater. However, the potential for erosion of the buffering
capacity of the sediments following fire within these wetland sediments requires further
investigation. Key questions that need to be addressed include: the rate of oxidation and
quantity of acidity produced following fire, quantification of the acid buffering capacity
that ash contributes to the system, and determination of the rate of base cation depletion.
3.5.

CONCLUSION

This study identifies that many of the key indicators used in determining
groundwater acidification as a result of acid sulphate soil disturbance have proved
useful in not only identifying the porewaters of those sediments impacted by fire, but
also in differentiating between those that have been exposed to mild oxidation as a
result of the seasonal desiccation of sediments (see Table 3-3). There is no single
hydrochemical parameter but rather a suite of parameters which must be considered
when determining the hydrochemistry of waters associated with fire-impacted
sediments. These parameters are reflective of both the acidification status and the
buffering capacity of the impacted waters.
This study has confirmed that fire acts as a severe oxidation event. The occurrence
of fire within organic-rich freshwater sediments that are well buffered produces a fireinduced acidic response not dissimilar to that seen as a result of prolonged drought. The
key distinguishing features include the apparent amount and the rate of acidity
generated, and the ability of the inherent buffering capacity of the sediments to
neutralise the acidity. In this instance, acidity generation was found to overwhelm the
buffering capacity of the system which could in the long-term lead to the permanent
acidification of sediment porewaters.
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Fire not only leads to acid generation during and immediately post-combustion,
but for a period of time also continues to facilitate acidity generation post-fire. The
generation of acidity is episodic in nature and strongly linked to the wetlands
hydrological cycle. During periods of acidity generation, cation leaching is evident and
strongly linked to cation exchange with aluminium. It also appears that prolonged
leaching leads to the exhaustion of the buffering capacity of the wetland sediments,
further contributing to a more permanent acidification. The decrease in pyrite oxidation
products, associated with flushing and dilution effects during periods of inundation
suggests the existence of a groundwater contamination plume downstream of burnt
sediments. The mobility of these elements and the presence of a post-fire groundwater
contamination plume form the basis of the investigation in Chapter 4.
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Table 3-3: Porewater parameters analysed during this study, the fire and seasonal pattern of response , and the indicative value of each parameter in being able to
identify post-fire water quality response in fire-impacted wetland sediments.

Parameter
pH

Trend/Pattern

Indicative value

Burnt wetlands had lower pH than non-burnt wetlands,

Useful as an indicator of fire-impacted

which was particularly evident during periods of

wetland sediments, particularly when

desiccation; substantial seasonal fluctuation in pH at burnt

considered in conjunction with other

wetlands.

parameters (i.e. SO42- or Ca2+ levels).
Caution must be used when determining
fire-related impacts based on pH during
periods of inundation, as differentiation from
non-burnt wetland was not as clear as during
periods of desiccation.

E.C.

Total alkalinity

There is a definite differentiation in E.C. levels between

Has some benefit in differentiating between

non-burnt and burnt wetlands, with elevated E.C. levels at

burnt and non-burnt wetland sediments; less

the latter. There is also a slight seasonal increase in E.C.

so in seasonal differentiation. May be useful

levels at the burnt wetlands whereas levels at the non-burnt

in determining the temporal erosion of acid

wetlands remain relatively stable.

buffering capacity of wetland following fire.

Definite discrimination between non-burnt and burnt

Highly useful as an indicator of both fire

wetland sites based on levels of total alkalinity, with higher

impacted wetland sediments and the

levels at the non-burnt sites across both seasons. There is

temporal erosion of the acid buffering
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Parameter

Trend/Pattern
also a clear temporal decline in levels of total alkalinity

Indicative value
capacity of the wetland following fire.

between the burnt wetland sites.
Total acidity

There is definite discrimination between non-burnt and

As above, total acidity is useful in

burnt wetland sites based on levels of total acidity with the

identifying fire-induced impacts and

burn wetland sites having higher levels of total acidity.

evidence of the temporal erosion of wetland

Total acidity also increases in burnt wetland sites with age

acid-buffering capacity.

since burn.
Inorganic-N

Monovalent base-cations

Burnt wetlands had higher concentrations than non-burnt

Further investigation required as to the

wetlands. Definite differentiation between age since burn,

nature of transformation in inorganic-N

with 1+ year burn sites having substantially higher levels of

following fire, before its value as an

inorganic-N, followed by a substantial decrease in 2+

indicator of post-fire related impacts in

wetland sites.

wetland sediments can be ascertained.

Levels of monovalent base-cations higher in burnt wetland

Useful in discriminating between burnt and

sites. Long-term temporal discrimination between burnt

non-burnt wetland sites, particularly during

sites evident during periods of desiccation.

periods of inundation. Maybe useful in
temporal discrimination between burnt sites
with differing burn histories, during periods
of desiccation however, further investigation
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Parameter

Trend/Pattern

Indicative value
is needed to determine whether this is fireinduced or desiccation induced.

Divalent base-cations

Levels of divalent base-cations higher in burnt wetland

Useful in discriminating fire-impacted

sites. Little seasonal change.

wetlands. Further investigation required into
the utility of Ca2+ as an indicator of longterm temporal erosion of wetland acidbuffering capacity.

Al3+

Higher levels of Al3+ particularly during periods of

Useful in identifying fire-impacted wetland

desiccation at the burnt wetland sites. Levels increase at

sediments. True value may be in identifying

burn wetland sites with age since burn.

temporal erosion of acid-buffering capacity
of wetland.

Fetotal

Substantially higher levels of soluble Fetotal at burnt wetland

Useful in discriminating fire –impacted

sites. Generalised decrease in levels of Fetotal between

sediment from non-burnt wetlands. Little

periods of inundation and desiccation.

utility in temporal trends, although further
investigation is required to see if there is
seasonal or temporal change in the species
of Fe present in solution.
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Parameter
Stotal

Mntotal

Trend/Pattern

Indicative value

Strong correlation with divalent base-cation response.

Useful for discriminating between burnt and

Higher levels in burnt wetland sites. Little seasonal

non-burnt wetlands. Would appear to be

fluctuation.

little utility in discerning temporal changes.

Increase in levels of Mntotal of recently burnt wetlands (0+

Useful in discriminating age since burn in

and 1+ years since burn). Levels are similar to non-burnt

wetlands known to be impacted by fire.

site at 2+ years-since-burn wetland. No seasonal influence
evident.
Ni2+

Levels of Ni2+ higher in burnt wetlands, particularly during

Further investigation is required into the

periods of desiccation. Levels tend to be higher in burnt

response of Ni to fire, before its utility in

wetlands with greater age since burn.

identifying post-fire impacts in wetland
sediments.

Zn2+

Cl-

Levels slightly higher in non-burnt wetlands during periods

Utility in discriminating wetland sediments

of inundation. Higher in burnt wetland during periods of

impacted by fire are not clear. As with Ni,

desiccation. When comparing age since burn, levels tend to

more research needs to be conducted into the

be higher in the 2 + sites.

response of Zn to fire.

Levels of Cl- are higher in burnt wetland sites. Some

More investigation into utility of Cl- in

seasonal fluctuation evident although trend not clear.

indicating post-fire impacts is warranted.
Differences seen in this study between burnt
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Parameter

Trend/Pattern

Indicative value
and non-burnt wetlands may be as a result of
desiccation and therefore not solely
attributable to fire.

SO42-

Clear differentiation between burnt and non-burnt wetland

High degree of utility in discriminating

sites with burnt wetlands containing much higher levels of

between burnt and non-burnt wetlands.

SO42-. Levels of SO42- in the burnt wetlands correlate

Further investigation required into the

strongly with Stotal during periods of inundation but less so

speciation of S during periods of desiccation

during periods of desiccation, suggesting the presence of

in order to determine utility of parameter in

other S species during periods of drying.

determining short- and long-term temporal
post-fire fluctuations in water quality.
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CHAPTER 4
GROUNDWATER QUALITY RESPONSES TO FIRE IN ORGANIC-RICH
FRESHWATER WETLAND SEDIMENTS ON THE SWAN COASTAL PLAIN

4.1. INTRODUCTION
Whilst there has been a substantial research effort into the physical effects of fire
on terrestrial ecosystems, there is limited information available concerning fire effects
on soil and aquifer water quality. To date, most fire biogeochemical studies have
focussed on catchment level effects, nutrient fluxes and physico-chemical alteration of
sediment profiles and their impacts on the riverine or surface water systems (DeBano,
2000; Earl & Blinn, 2003b; Horwitz et al., 2003; Neary et al., 2005; Smith et al., 2001;
Wilkinson et al., 2006). This is also the case for the rest of Australia, where most
studies of the occurrence of fire within wetlands has focussed on changes in sediment
geochemistry with little attention paid to groundwater quality (Horwitz & Sommer,
2005; Semeniuk & Semeniuk, 2005).
In many climatic regions of the world wetlands are directly linked to groundwater
resources and the intimate link between vegetation, sediments, hydrology and nutrient
cycling, which exists within wetlands, is indicative of the significant role they play in
regulating groundwater quality within the landscape (Semeniuk & Semeniuk, 2005;
Townley et al., 1993; Turner & Townley, 2006; Whigham & Jordan, 2003). For that
reason, any physical or chemical disturbance to a wetland system has the capacity to
greatly influence the quality of the surrounding groundwater. Fires occur far more
frequently in groundwater-fed wetlands than would normally be assumed (see Chapters
2 and 3) and as such, fire has the ability to regularly influence the functioning of
wetlands such as those of the Swan Coastal Plain (SCP) of Western Australia.
Numerous studies have shown that the wetlands on the SCP contain high levels of
organic-rich pyritic sediments (Appleyard & Cook, 2009; Appleyard et al., 2004; Cook
et al., 2004; Horwitz & Sommer, 2005; Horwitz et al., 2007; Semeniuk & Semeniuk,
2004, 2005; Sommer & Horwitz, 2001). Horwitz and Sommer (2005) suggest that the
oxidation of organic-rich pyritic sediments, as a result of fire, may be enough to
override both the intrinsic buffering provided by the sediments, soils and underlying
geology (calcareous sands and limestone) and the transient buffering supplied by ash
81

deposition. The loss of buffering capacity would then result in the generation of an
acidic groundwater plume downstream 2 of the impacted sediments.
The combustion of wetland sediments by fire results in a severe oxidation event
that leads to elevated conductivity and increased levels of soluble Fe, SO4, Al,
inorganic-N, some trace metals and a decrease in pH levels in burnt sediment porewater
(see Chapter 3). The generation of acidity with the production of H2SO4, also results in
the leaching of base-cations (predominantly Ca2+ and Mg2+) from the sediments. The
efflux of this acidic porewater into the groundwater is regulated by hydrologic
processes, such as precipitation, infiltration, evapotranspiration, hydraulic conductivity
and the occurrence of subterranean and surface flowpaths. Seasonal changes in these
hydrological processes lead to the release of concentrated pulses of acidic porewater
after the first rains, which are then followed by a continuous release of diluted efflux as
the groundwater table rises.
The physical and chemical fire-induced transformations which occur within a
watershed that may affect groundwater quality are many and varied (Chapter 2) and
they individually, or in combination, can influence the hydrochemistry downstream of
fire-impacted sediments. Fire processes impact upon nutrient loads and cycling within
the soil/sediment profile through the conversion of surface vegetation and soil organic
matter into an ash layer rich in inorganic cations (Earl & Blinn, 2003b; Neary et al.,
2005) which contribute to the transient acid neutralising (buffering) capacity of the
sediments (Battle & Golladay, 2003; Neary et al., 2005; Wilkinson et al., 2006).
The spatial and temporal hydrology of a wetland is also influenced by fire. The
removal of surface vegetation and soil organic matter often leads to reduced infiltration
rates, increased surface run-off and increased turbidity in receiving surface waters. This
has been shown to be linked to the hydrophobicity of soils generated by the
volatilisation of organic matter (DeBano, 2000). Ultimately, this will influence the
duration and extent of the wetland hydroperiod and influence the interaction between
affected sediments and soils and the underlying groundwater. Such temporal and spatial
pulses in fire-induced soil and water chemistry raise a number of questions about the
short- and long-term impacts of fire. In particular, there is little known about whether
2

“Downstream” is a term typically used to define something that is situated within, or, moving in
the direction in which surface water flows (i.e. a river or a stream). For the purposes of this study it is
used to refer to the direction of groundwater flow.
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the acidic efflux from burnt sediments can be detected downstream of the affected
sediments or are other fire-induced catchment effects sufficiently to override the
sediment porewater signal, and secondly, does the repeated release of an episodic acidic
plume lead to the loss of the buffering capacity of the system over time?
The aim of this study is to seek quantitative evidence of the presence, composition
and temporal flux characteristics of a post-burn groundwater plume, downstream of
burnt organic-rich freshwater wetland sediments which are situated within catchments
that contain high in-situ carbonate buffering and transient (ash and groundwater) acid
buffering capacity. Assuming that a plume exists, it was hypothesised that, based on
previous results of porewater chemistry, that the plume will be shallow and of short
duration

with

little

potential

for

the

long-term

reduction

in

the

acid

neutralising/buffering capacity of the wetland.
4.2. MATERIALS AND METHODS
4.2.1 EXPERIMENTAL DESIGN
The experimental design was based on the following questions relating to
within-wetland and between-wetland variability:
Within wetlands
1. Does the occurrence of fire in wetland sediments result in an acidic, metalrich groundwater plume downstream of the wetland?
2. Is the plume shallow in nature?
3. Does the existence and chemical composition of the groundwater plume
vary with seasonal fluctuations in groundwater hydrology?
Between wetlands
1. Does the existence or chemical composition of the groundwater plume
vary between wetlands with different fire histories, based on time since
fire?
To answer the above questions, four study sites were chosen, based upon
geomorphology, hydrology, climate and recent fire history. Sites included both burnt
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and unburnt wetlands with the burnt suite of study sites having wetlands with varying
fire histories so that a temporal comparison of downstream groundwater quality could
be made. Four wetlands were chosen based on their spatial distribution and recent burn
history and were situated in the Spearwood dune system which forms part of the
Yanchep consanguineous suite (Semeniuk, 1988b). The spatial distribution of the
sampling sites is shown in Figure 4-1. The linear situation of the wetlands and their
proximity to each other (< 10 km) ensure that each of the wetlands is influenced by a
similar climate and hydrological regime, yet were still sufficiently independent of one
another.
Age-since-fire criterion was calculated at the time of the first sampling (July 2007).
Wetlands were selected based on the time since fire had last entered wetland sediments,
resulting in four time-since-fire ages They are 1) a non-burn site (NB): Lake Nowergup
(not recently burnt; last significant sediment burn > 5 years ago); 2) a current burn (0+):
Lake Carabooda (still burning at time of first sampling, July 2007); 3) a 1 year old burn
(1+): Lake Neerabup (burn occurred during the summer of 2005/2006) and 4) a 2 year
old burn (2+): Lake Wilgarup (burn occurred during the summer of 2004/2005).
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Figure 4-1: Regional distribution of the study wetlands in relation to soil types on the northern Swan
Coastal Plain, Western Australia (Bolland, 1998).

Wetlands in the Gnangara region are typically of a groundwater flow-through
nature with groundwater flow in the region radiating from the top of the mound in a
south-westerly direction towards the coast and the Swan River (Figure 4-2). At each
wetland, groundwater sampling bore locations were selected so as to intersect
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groundwater flow-paths along an upstream/downstream gradient. This resulted in bores
being installed during May 2007 in a northeast-southwest orientation. Figure 4-3 shows
the bore orientation at each of the four wetlands in relation to assumed groundwater
flow. Bores were nested with a shallow and deep bore installed side by side to depths of
approximately 4m and 6m respectively. Three nested bores were situated upstream and
three nested bores situated downstream of the wetland sediments. This resulted in the
collection of 12 groundwater samples at each wetland for each sampling round.

Figure 4-2: Groundwater contours and wetland spatial distribution of the Gnangara groundwater
system on the Swan Coastal Plain, Western Australia.
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Figure 4-3: Diagram of nested bore placement for each of the study wetlands. Dark blue line indicates
wetland boundary; light blue lines indicate groundwater contours with spot height information. Arrows are
indicative of direction of groundwater flow. Images a – d show the linear spatial relationship between study
wetlands. The scale is 1 cm = 3 Km.

The upstream bores were included as ‘controls’ by measuring water quality prior
to it entering, or passing beneath, the wetland sediments. It was assumed that
groundwater flowed in an east-north-east/south-west direction and that the wetlands
themselves did not act as a localised mound influencing landscape flow patterns. It was
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also assumed that the water entering the upstream bores was not influenced by burnt or
heated soil (however it could not be assumed that the soils had not been oxidised due to
desiccation, particularly the shallow bores). Downstream bores were placed to capture
water that had percolated through, and thus been influenced by the nature of wetland; in
the case of burnt wetlands these sediments will be fire-impacted and severely oxidized.
Spring sampling (November 2007) was undertaken at the end of the winter rains
when the groundwater table was at its highest level (Figure 4-4). This was also six
months after bore installation (May 2007), which allowed for in situ equilibration of
groundwater. Summer sampling (February 2008) took place when there was a receding
groundwater table and associated sediment desiccation (Figure 4-4). Autumn sampling
(April 2008) coincided with the groundwater table being at its lowest level in the
hydrological cycle and followed the first winter rains (Figure 4-4). Winter sampling
(August 2008) occurred after a number of significant rainfall events, and groundwater
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Figure 4-4: Hydrograph of groundwater monitoring bore Pinjar Monitoring 24 (PM24; Easting: 387197
Northing: 6497829) (which is indicative of groundwater hydrology on the Gnangara Mound for the study
sampling period) showing sampling rounds 1 – 4 with respect to the different stages of the local
groundwater hydrological cycle.

Since it was impossible to find replicate wetlands with the same time-since-fire
age, the experimental design (Table 4-1) was complex and, as such, multivariate
analyses were used to test different components of the study. Multivariate analyses of
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groundwater quality parameters were used to test water quality responses between
upstream and downstream bores, between shallow and deep bores, seasonal changes
over a complete seasonal cycle of the groundwater table, and between wetlands with
different ages since fire.
Table 4-1: Experimental design for the detection of downstream wetland sediment fire groundwater plume.
Seasons are Sp = Spring; S = Summer; A = Autumn; W = Winter.

Burn History

Lake Nowergup

Lake Carabooda

Lake Neerabup (1

Lake Wilgarup (2

(not recently burnt;

(current burn; 0+)

year since burn; 1+)

years since burn;

NB)

2+)

Upstream/

Upstream/

Upstream/

Upstream/

Downstream

Downstream

Downstream

Downstream

Depth

Shallow/Deep

Shallow/Deep

Shallow/Deep

Shallow/Deep

Season

Sp

Orientation

S

A

W

Sp

S

A

W

Sp

S

W

A

Sp

S

W

A

4.2.2 SAMPLE COLLECTION
This study was done in conjunction with the porewater study in the preceding
chapter (Chapter 3). As such, the methods of bore installation, sample collection and
chemical analyses performed as part of this study have been described in the previous
chapter (Chapter 3).
4.2.3 ANALYTES
For this study, 29 porewater quality indicators were analysed: temperature, pH,
electrical conductivity (E.C.), total dissolved solids (TDS), oxidation/reduction potential
(O.R.P.), dissolved oxygen (D.O.), total alkalinity, total acidity, ammonium (NH4+),
nitrites/nitrates (NOx), aluminium (Al3+), arsenic (Astotal), cadmium (Cd2+), calcium
(Ca2+), chloride (Cl-), cobalt (Cototal), copper (Cutotal), iron (Fetotal), mercury (Hgtotal),
potassium (K+), magnesium (Mg2+), manganese (Mntotal), sodium (Na+), nickel (Ni2+),
ortho-phosphate (PO43-), lead (Pbtotal), sulphate (SO42-), sulphur (Stotal) and zinc (Zn2+).
Physico-chemical parameters including pH, E.C., total dissolved solids (TDS),
redox and dissolved oxygen (D.O.) were measured using a Quanta multi-parameter
probe (Hydrolab, SDI-12) data logger. The Quanta system combines 5 sensors into a
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single probe which is coupled with the flow-cell of a low-flow sampling system.
Porewater flows through the flow-cell and physico-chemical parameters are recorded
after a steady-state situation is reached.
Inorganic ions (chosen to indicate acidification, acid neutralisation/buffering
capacity, and solubility of metals) were measured as follows. Chloride (Cl-) and
sulphate (SO42-) concentrations were determined using an ion chromatograph (Metrohm
761 Compact IC). Analysis of Al3+, Astotal, Cd2+, Ca2+, Cototal, Cutotal, Hgtotal, Fetotal, K+,
Mg2+, Mntotal, Na+, Ni2+, Stotal and Zn2+ was carried out using Varian Vista-Pro
inductively coupled plasma (ICP) with optical emission spectroscopy (OES) detection.
Ammonia and nitrate (includes any contribution from nitrite) analyses were completed
using a Skalar flow injection analyser: nitrate (cadmium reduction nitrate to nitrite); and
ammonia (chlorinated to form monochloramine, reacted with salicylate). Orthophosphate analysis was completed using a Skalar flow injection analyser: ammonium
molybdate and antimonyl potassium tartrate, reacted in acid medium with dilute
solutions of phosphate to form a heteropoly acid (phosphomolybdic acid). Total
alkalinity and total acidity were determined by titrating a porewater sample with an acid
or a base respectively, and measuring the amount of each required to reach an endpoint
pH of 3.7 for total alkalinity and an endpoint pH of 8.3 for total acidity. In both
instances, results are reported as a measure of CaCO3 mg. L-1.
Standard QC/QC protocols were completed for all analyses. Standard solutions
were prepared in the appropriate concentration range and analysed along with the
samples. 10% of samples were analysed in duplicate and blanks were also included. The
method of external standards was used to generate calibration curves.
4.2.4 STATISTICAL ANALYSES
Due to the complexity of the dataset, typical of groundwater research, a
multivariate analysis approach was undertaken to identify trends within the data. Prior
to data analysis, the data were screened, with spurious and outlier results being
removed, as were results which were outside the practical environmental range or
instrument detection limits. The data were tested for normality (Kolmogorov-Smirnov
and Shapiro-Wilks in SPSS ver. 17 for Windows), in order to determine if the
groundwater quality parameters at each wetland were normally distributed (this was
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done on a season (sampling round) by season basis for each individual wetland). In
most instances the data were not normally distributed and therefore required
transformation (typically square root or logarithmic transformations were used) before
parametric statistical analyses could be performed. Where data could not be normally
distributed, non-parametric analyses were performed. All data were then standardised
(mean subtracted and divided by their standard deviation) so as to account for the
different scales of measurement between variables.
Non-parametric Spearman’s Rank Order correlations (SPSS ver. 17) for Windows
were performed on the available suite of parameters in order to ascertain the
relationships between variables and identify those that were indicative of causallylinked hydro-chemical processes. Those that could be positively identified as being
causally linked enabled the reduction of the variable suite by either the removal or
combination of linked variables. Linked variables included monovalent base-cations
(Na+ and K+), divalent base-cations (Ca2+ and Mg2+) and inorganic-N species (NH4+-N
and NOx-N). This resulted in an analysed suite of 15 water quality parameters pH, E.C.,
total alkalinity, total acidity, inorganic-N, monovalent base-cations, divalent basecations, Al3+, Fetotal, Mntotal, Ni2+, Stotal, Zn2+, Cl- and SO42-.
Water quality data were analysed using permutation analysis of variance
(PERMANOVA) in PRIMER ver. 6 (PRIMER-E Ltd.) (McArdle & Anderson, 2001).
Water quality data were tested for significant differences in key groundwater quality
parameters for the following factors: between upstream and downstream bores
(orientation; 2 levels), between shallow and deep bores (depth; 2 levels), between
wetlands of differing burn histories (age) (NB, 0+, 1+, 2+ years since burn; 4 levels)
and between seasons (spring, summer, autumn, spring; 4 levels), as well as testing for
significant interactions between factors, using a four-way PERMANOVA. Analyses
were conducted on the full set of data for all sampling rounds combined. Where
significant differences in water quality occurred, pair-wise comparisons were
performed.
Principal component analysis (PCA) was used to illustrate patterns of
discrimination in groundwater quality both within and between wetlands, and identify
the water quality parameters responsible for any observed patterns in water quality
response. Investigations focussed on patterns of discrimination between upstream and
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downstream bores, between sites with differing burn histories and between seasons.
PCA were performed in PRIMER ver. 6 (PRIMER-E Ltd.).
In addition to changes in concentration, the proportions of ions in solution in
relation to each other provide insight into key chemical equilibria processes and trends
in hydrochemical activities (Hounslow, 1995). As this study was interested in the
potential of fire to act as an oxidation agent, and in particular its capacity to generate an
acidic groundwater plume downstream of burnt organic-rich sediments, key ratios
associated with acidity generation and buffering processes were calculated. Ratios
presented include S:(Ca2+ + Mg2+), SO42-:Cl-, Al:Fe and Ca2+:(Ca2++SO42-) (see Chapter
3, section 3.2.4).
4.3. RESULTS
4.3.1 FIRE-INDUCED CHANGES IN GROUNDWATER INORGANICS
Due to the limitations associated with the experimental design (i.e. inability to
replicate non-burnt wetland sampling sites), pseudo-replication was unavoidable. To
that end, the statistical significance of the findings of these analyses is not
unimpeachable.
PERMANOVA analysis (Table 4-2) of all data shows that groundwater quality
was significantly different between (in order of magnitude) wetlands with different burn
histories (age) (PERMANOVA, P < 0.05), between upstream and downstream sites
(orientation) (PERMANOVA, P < 0.05), between shallow and deep bores (depth)
(PERMANOVA, P < 0.05) and between sampling rounds (seasons) (PERMANOVA, P
< 0.05).
A pair-wise comparison between wetlands with different burn histories showed
that there was a significant difference between all wetlands (PERMANOVA, P < 0.05)
(Table 4-3). Comparison between sampling rounds revealed significant seasonal
differences in groundwater quality between the spring sampling round and the summer,
autumn and winter rounds, between the summer sampling round and the autumn and
winter sampling rounds, and between the autumn and winter sampling rounds
(PERMANOVA, P < 0.05) (Table 4-4).
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Significant interactions were seen between orientation (upstream/downstream)
and burn history (age) (PERMANOVA, P < 0.05) and between bore depth
(shallow/deep) and burn history (age) (PERMANOVA, P < 0.05) (Table 4-2). There
were no significant interactions based on bore orientation and depth or bore orientation
and sampling round (season), or depth and sampling round. Additionally, there were no
significant 3-way or 4-way interactions between factors (Table 4-2).
Water quality differences between upstream and downstream bores were shown to
be linked to burn history with significant differences between upstream and downstream
bores seen at the burnt sites (PERMANOVA, P < 0.05) (Table 4-5). Whilst not
significant, these water quality differences were also seasonally variable, particularly
within the burnt wetland sites. There was a significant interaction between bore depth
and burn history with significant differences in groundwater quality between shallow
and deep bores at Lake Nowergup and at Lake Wilgarup (PERMANOVA, P < 0.05); at
Lake Carabooda the difference was also significant (PERMANOVA, P < 0.05),
however there was no significant difference in water quality associated with depth at
Lake Neerabup (PERMANOVA, P = 0.227) (Table 4-6). Pair-wise comparisons of bore
depth based on orientation (upstream/downstream) on a wetland by wetland basis
showed that there were no significant differences in water quality between shallow and
deep bores, either upstream or downstream, at any of the wetlands. On this basis, PCA’s
were performed on averages by combining shallow and deep data, for upstream and
downstream sites at each of the four wetlands.
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Table 4-2: PERMANOVA analysis of groundwater quality data for all sampling sites and all sampling
3+
rounds combined. Water quality variables analysed were pH, E.C., total alkalinity, total acidity, Al , Fetotal,
2+
2+
2+
+
+
2+
Mntotal, Ni , Stotal, Zn , Cl , SO4 , Inorganic-N (NH4 + NOx), monovalent (K + Na ) and divalent (Ca +
2+
Mg ) base-cations.

PseudoF
17.96
5.75
3.95
19.91
0.71
1.25
11.60
0.61
2.29
1.26
0.37
0.54
1.21
0.51
0.49

Factor
Orientation (upstream/downstream)
Depth (shallow/deep)
Season (sampling period)
Age (burn history)
Orientation x Depth
Orientation x Season
Orientation x Age
Depth x Season
Depth x Age
Season x Age
Orientation x Depth x Season
Orientation x Depth x Age
Orientation x Season x Age
Depth x Season x Age
Orientation x Depth x Season x Age

Pvalue
0.001
0.001
0.002
0.001
0.618
0.205
0.001
0.889
0.006
0.113
0.998
0.949
0.181
1.00
0.99

Table 4-3: Pairwise PERMANOVA analysis of the water quality for factor age since burn, for all sampling
rounds. The number of permutations used was 999. NB = non-burnt (Lake Nowergup), 0+ = current burn
(lake Carabooda), 1+ = 1 year since burn (Lake Neerabup) and 2+ = 2 years since burn (Lake Wilgarup).

Group
NB, 0+
NB, 1+
NB, 2+
0+, 1+
0+, 2+
1+, 2+

PseudoF
6.26
5.61
7.73
2.61
2.5
2.05

Pvalue
0.001
0.001
0.001
0.001
0.001
0.004

Table 4-4: Pairwise PERMANOVA analysis of the water quality for factor season, across all wetlands. The
number of permutations used was 999.

Group
Spring, Summer
Spring, Autumn
Spring, Winter
Summer, Autumn
Summer, Winter
Autumn, Winter

PseudoF
2.43
2.03
1.96
1.82
1.78
1.88

Pvalue
0.001
0.007
0.001
0.016
0.009
0.004
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Table 4-5: Pairwise PERMANOVA analysis of the water quality for factor age since burn x orientation. The
number of permutations used was 999. NB = non-burnt (Lake Nowergup), 0+ = current burn (lake
Carabooda), 1+ = 1 year since burn (Lake Neerabup) and 2+ = 2 years since burn (Lake Wilgarup).

Factor
Age

Level
NB

Group
Upstream, Downstream

Pseudo-F
0.575

P-value
0.843

Age

0+

Upstream, Downstream

2.885

0.001

Age

1+

Upstream, Downstream

4.157

0.001

Age

2+

Upstream, Downstream

3.478

0.001

Table 4-6: Pairwise PERMANOVA analysis of the water quality for factor age since burn x depth. The
number of permutations used was 999. NB = non-burnt (Lake Nowergup), 0+ = current burn (lake
Carabooda), 1+ = 1 year since burn (Lake Neerabup) and 2+ = 2 years since burn (Lake Wilgarup).

Factor

Level

Group

Pseudo-F

P-value

Age

NB

Shallow, Deep

1.935

0.017

Age

0+

Shallow, Deep

2.135

0.005

Age

1+

Shallow, Deep

1.154

0.227

Age

2+

Shallow, Deep

2.037

0.013

The results of the PCA support the findings of the PERMANOVA analysis in that
there was a difference in water quality between non-burnt and burnt wetland sites.
Within individual wetlands there was a difference in groundwater quality between
upstream and downstream sites and a seasonal influence on groundwater quality was
also evident (Figure 4-5, Figure 4-6, Figure 4-7, and Figure 4-8). In general, for each
season, the Lake Nowergup sites (non-burnt) were discrete from the burnt wetland sites
and demonstrated much less within-wetland water quality variability between upstream
and downstream bores than the burnt sites. In general, the burnt sites have lower pH and
total alkalinity than the non-burnt sites, as well as increased levels of monovalent and
divalent base-cations, inorganic-N, SO42-, Fetotal, Al3+, Mntotal and Ni2+ (see appendices
10 – 13).
The pattern of separation between non-burnt and burnt sites was mainly evident
on PC1, for all sampling rounds, and accounted for in excess of 55 % of total variability
across averaged values, for each individual sampling round. Across all sampling rounds,
the non-burnt sites (Lake Nowergup) showed the least amount of water quality
variability between upstream and downstream bores (within wetland variability), with
the least amount of upstream/downstream water quality variability, across averaged
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values, seen during the autumn sampling round, which correlated with the lowest
groundwater levels. Of the burnt sites, Lake Carabooda (0+) showed the least amount of
variability between upstream and downstream water quality, followed by Lake
Wilgarup (2+), whilst Lake Neerabup (1+) demonstrated the greatest degree of
upstream/downstream water quality variability across averaged values, evident across
all sampling rounds (Figure 4-5, Figure 4-6, Figure 4-7, and Figure 4-8).
Spring
During spring there was clear separation between the non-burnt and the burnt
wetland sites, seen on PC1 which accounted for 56.9 % of the total variability across the
averaged data (Figure 4-5). The burnt wetland sites had substantially lower pH and
higher E.C., and increased concentrations of divalent base-cations, Mntotal, SO42-, Fetotal,
and increased levels of total acidity, than the non-burnt wetlands, which had higher pH
and total alkalinity levels (Figure 4-5; see appendix 7 for eigenvectors). There was little
variability evident in the water quality between the upstream and downstream bores at
the Lake Nowergup (NB) sites, where the downstream bores had slightly lower pH and
total alkalinity, as well as slightly increased concentrations of Al3+, Fetotal, SO42-, and
increased levels of total acidity (Figure 4-5).
At the burnt wetland sites there was clear separation between the upstream and
downstream bores, seen primarily on PC1 (Figure 4-5). The water quality responses
seen in downstream bores at the burnt wetland sites were variable (Figure 4-5).
Downstream water quality at Lake Wilgarup (2+) and Lake Neerabup (1+) had lower
pH and increased concentrations of divalent base-cations, SO42-, Stotal, Fetotal, Mntotal and
increased levels of total acidity, where Lake Neerabup demonstrated a greater
magnitude of response, as seen on PC1 (Figure 4-5; see eigenvectors in appendix 7).
The downstream water quality at Lake Wilgarup (2+ years) was also characterised by
lower concentrations of Ni2+ and Zn2+, and increased concentrations of monovalent
base-cations and Cl- and higher E.C., seen primarily on PC2, which accounted for 18.2
% of the total variation across averaged values (Figure 4-5; see eigenvectors in
appendix 7). The downstream water quality response seen at Lake Carabooda (0+) was
somewhat different to the water quality responses seen at the other burnt wetland sites.
Downstream water quality at Lake Carabooda was characterised by similar or slightly
higher pH and total alkalinity and lower concentrations of Al3+, Fetotal, SO42-, Stotal,
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Mntotal, and lower levels of total acidity and divalent base-cations (Figure 4-5; see
appendix 7). The upstream water quality seen at Lake Neerabup was similar to upstream
water quality responses seen at the non-burnt sites and were characterised by an
increase in total alkalinity (Figure 4-5; see appendix 7).

Figure 4-5: PCA analysis of (standardised) mean groundwater quality data for upstream and downstream
groundwater bores at burnt and non-burnt wetlands sampled during spring. The ordination explains 75.1%
of total variability across averaged values in spring water quality data. Each point on the graph represents
the average (n = 6) of shallow and deep data for the upstream and downstream bores at each wetland.
2PC1 is characterised by increasing pH, E.C., Fetotal, Stotal, SO4 and divalent base-cations. PC2 is
2+
characterised by increasing Cl , Mntotal, Zn and monovalent base-cations.

Summer
During summer sampling, the groundwater quality of the upstream bores at the
burnt wetland sites more closely resembled water quality observed at the non-burnt
wetland sites, when compared with the water quality from the Spring sampling round
(Figure 4-6). The main difference between the water quality of the Lake Nowergup
(NB) bores and the upstream bores at the burnt wetlands, seen on PC2 (which accounted
for 16.0 % of dataset total variability across averaged values), was higher pH, and
higher levels of total alkalinity, and lower levels of monovalent base-cations and
concentrations of Cl- (Figure 4-6; see appendix 8 for eigenvectors). Upstream water
quality at the burnt sites also had higher levels of total acidity and E.C., and lower
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concentrations of Zn2+, when compared with the non-burnt sites (Figure 4-6). The main
separation between burnt and non-burnt wetland sites was again seen on PC1, which
accounted for 72.8 % of the total variability across averaged data (Figure 4-6). The
burnt wetland sites had higher levels of base-cations, inorganic-N, E.C. and total
acidity, as well as increased concentrations of Cl-, SO42-, Al3+, Mntotal and Ni2+ when
compared with the non-burnt wetland sites (Figure 4-6; see appendix 8 for
eigenvectors).
Downstream water quality at the burnt sites was characterised by increased total
acidity and E.C., and increased concentrations of SO42-, Fetotal, and divalent basecations; the exception being Lake Carabooda (0+) where the downstream water quality
had higher pH and total alkalinity levels than the upstream bores (Figure 4-6). The
downstream water quality at Lake Neerabup (1+) also had higher concentrations of
Al3+, Stotal, Ni2+, SO42-, Fetotal, and divalent base-cations than the other burnt wetland
sites (Figure 4-6). There was little difference in pH and total alkalinity between
upstream and downstream bores at Lake Wilgarup (2+) (Figure 4-6).

Figure 4-6: PCA analysis of (standardised) mean groundwater quality data for upstream and downstream
groundwater bores at burnt and non-burnt wetlands sampled during summer. The ordination explains 88.8
% of total variability across averaged values in summer water quality data. Each point on the graph
represents the average (n = 6) of shallow and deep data for the upstream and downstream bores at each
2wetland. PC1 is characterised by decreasing total acidity, E.C., Fetotal, SO4 and divalent base-cations,
2+
inorganic-N and Mntotal. PC2 is characterised by increasing total alkalinity, pH and Zn , and decreasing
monovalent base-cations and inorganic-N.
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Autumn
The autumn sampling round corresponded with the lowest groundwater levels.
This was concomitant with the least variability in groundwater quality between
upstream and downstream bores at the non-burnt sites, where pH and total alkalinity
were very slightly higher at the downstream bores (Figure 4-7). The majority of the
separation between burnt sites and non-burnt sites was seen on PC1, which accounted
for 58.0 % of the total variability across averaged values for the dataset (Figure 4-7).
The separation between burnt and non-burnt sites was characterised by increased
concentrations of monovalent and divalent base-cations, SO42-, Stotal, Mntotal, Fetotal, and
levels of total acidity (Figure 4-7; see appendix 9 for eigenvectors). Some of the
separation between burnt and non-burnt sites was also evident on PC2, which accounted
for 19.6 % of the total variability across averaged values, and was characterised by
lower pH and increased concentrations of Al3+, and Mntotal at the burnt sites (Figure 4-7;
see appendix 9 for eigenvectors).
Downstream water quality responses at the burnt wetland sites were once again
variable. The downstream water quality at Lake Neerabup (1+) and Lake Wilgarup (2+)
was characterised by increased concentrations of divalent and monovalent base-cations,
SO42-, Stotal, Al3+, and Mntotal and increased levels of total acidity as seen on PC1 (Figure
4-7; see appendix 9 for eigenvectors). The downstream water quality at the burnt
wetland sites was also characterised by higher pH and total alkalinity, and lower
concentrations of inorganic-N and Al3+ compared with the upstream sites, as seen on
PC2 (Figure 4-7). There was also a direct inverse relationship, evident on PC2, between
pH and Al3+ (Figure 4-7).
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Figure 4-7: PCA analysis of (standardised) mean groundwater quality data for upstream and downstream
groundwater bores at burnt and non-burnt wetlands sampled during autumn. The ordination explains 77.6
% of total variability across averaged values in autumn water quality data. Each point on the graph
represents the average (n = 6) of shallow and deep data for the upstream and downstream bores at each
wetland. PC1 is characterised by increasing total alkalinity and decreasing total acidity, E.C., Fetotal, Stotal,
23+
SO4 , monovalent base-cations and Mntotal. PC2 is characterised by increasing pH, and decreasing Al
and inorganic-N.

Winter
The groundwater quality responses seen during the winter sampling round were
somewhat different to those seen in the previous sampling rounds (Figure 4-8). Lake
Nowergup still had similar groundwater quality between the upstream and downstream
bores, with the main difference seen on PC2, which accounted for 13.8 % of the total
variability of the dataset across averaged values, where the downstream bores had lower
concentrations of inorganic-N and higher levels of pH, total alkalinity and increased
concentrations of Cl- (Figure 4-8; see appendix 10 for eigenvectors). Once again, the
separation between burnt and non-burnt sites is primarily evident on PC1 (which
accounts for 70.6 % of total variability across averaged values) and was characterised
by increased E.C., increased levels of total acidity, divalent base-cations and
monovalent base-cations, and increased concentrations of Ni2+, Al3+, Fetotal, Mntotal and
SO42- (Figure 4-8; see appendix 10 for eigenvectors).
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The downstream water quality response seen at the burnt wetland sites was also
evident on PC1 (Figure 4-8; see appendix 10 for eigenvectors). The downstream water
quality response at Lake Carabooda was the inverse of that seen at the other burnt sites
(Figure 4-8).

Figure 4-8: PCA analysis of (standardised) mean groundwater quality data for upstream and downstream
groundwater bores at burnt and non-burnt wetlands sampled during winter. The ordination explains 84.4 %
of total variability across averaged values in winter water quality data. Each point on the graph represents
the average (n = 6) of shallow and deep data for the upstream and downstream bores at each wetland.
2+
2PC1 is characterised by decreasing E.C., total acidity, Fetotal, Stotal, SO4 and Ni . PC2 is characterised by
2+
increasing inorganic-N, and monovalent base-cations and decreasing pH, total alkalinity and Zn .

4.3.2 ACID GENERATION / NEUTRALISATION
Lake Nowergup
The pH values for Lake Nowergup showed a distinct seasonal influence varying
between alkaline to slightly acidic depending on seasonal groundwater levels (Figure
4-9a). The downstream bores tended to have slightly lower pH values, across all seasons
(Figure 4-9a), which may be as a result of the release of organic acids from the organicrich wetland sediments, or as a result of acidification associated with sediment
desiccation. Within-wetland variability was similar for upstream and downstream bores
(Figure 4-9a).
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The ratio of S:(Ca2+ + Mg2+) at Lake Nowergup indicated elevated
concentrations of Stotal within the downstream bores when compared to upstream bores,
particularly during the spring and summer sampling rounds (Figure 4-9b; see appendix
11). During summer, Stotal concentrations in the downstream bores and in the upstream
deep bores, were elevated and exceeded the concentrations of divalent base-cations
which are indicative of the propensity of the groundwater to acidify. During autumn and
winter sampling, S:(Ca2+ + Mg2+) ratios were slightly higher in the upstream bores than
the downstream bores, but did not indicate elevated levels of Stotal (Figure 4-9b). This
may have resulted from decreased Stotal concentrations, or increased divalent base-cation
concentrations. Differences in S:(Ca2+ + Mg2+) based upon depth, orientation and
season were not significantly different (Figure 4-9b).
The SO42-:Cl- ratio of groundwater at Lake Nowergup was representative of
average seawater values (0.10 – 0.60). On average, the deeper bores had marginally
lower ratios indicative of lower SO42- concentrations (see appendix 11), although these
differences were not significant (Figure 4-9c). The SO42-:Cl- ratios in the upstream bores
decreased between spring and winter, associated with increased Cl- concentrations
following the rehydration of evapo-concentrated sediments following the autumn and
winter rainfall (Figure 4-9c). Whilst SO42-:Cl- ratios in the downstream bores were
higher than autumn and winter ratios, there was no substantial SO42- enrichment during
the summer sampling period as would have been expected with drought-induced
acidification (Figure 4-9c).
The Al:Fe ratios indicated elevated Al3+ levels, which exceeded levels of Fetotal,
during spring and summer (Figure 4-9d). Mean levels of Al3+ were significantly higher
than mean Fetotal levels during spring when compared to the other sampling periods
(Figure 4-9d; see appendix 11). During summer and autumn there was a decrease in
mean Al3+ concentrations and/or an increase in mean concentrations of Fetotal, with no
significant difference between shallow and deep, or upstream and downstream bores
(Figure 4-9d). During winter, soluble Fe exceeded concentrations of soluble Al; again
there were no significant differences in Al:Fe ratios for either orientation or depth
(Figure 4-9d).
The Ca2+:(Ca2+ + SO42-) ratio did not show significant differences between bore
orientation or bore depth and was relatively stable throughout all seasons (Figure 4-9e).
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There was a slight decrease in Ca2+:(Ca2+ + SO42-) ratios in the upstream bores during
winter which suggested either an increase in the concentration of SO42- or a decrease in
the concentration of Ca2+ in the upstream bores (Figure 4-9e; see appendix 11) .
At Lake Nowergup, mean total alkalinity exceeded mean total acidity levels in the
upstream bores across all seasons (Figure 4-9f). In the deep upstream bores total acidity
exceeded total alkalinity across all seasons (Figure 4-9f), but total acidity did not exceed
total alkalinity levels in excess of 40 mg.L-1 CaCO3 (data not shown). In the deep
downstream bores, total acidity exceeded levels of total alkalinity during spring and
summer, but not during autumn and winter (Figure 4-9f). During spring and summer,
total acidity levels exceeded total alkalinity levels in the deep downstream bores by
more than of 40 mg.L-1 CaCO3 (see appendix 11). There was a seasonal change in the
ratio of total alkalinity to total acidity during autumn (Figure 4-9f). In the upstream
bores (shallow and deep) there was a decrease in the total alkalinity to total acidity ratio
resultant from an increase in total acidity and/or decrease in total alkalinity (Figure
4-9f). The inverse of this was seen in the downstream (shallow and deep) bores during
autumn (Figure 4-9f). In winter there was a substantial increase in the total alkalinity:
total acidity ratio in the downstream shallow bore (Figure 4-9f).
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Figure 4-9: Mean pH and key ionic ratios for shallow and deep bores, at upstream and
downstream sites, across all seasons for Lake Nowergup (NB). Graphs include: pH (a), S/(Ca2+ +
Mg2+) (b), SO42-/Cl- (c), Al/Fe (d), Ca2+/(Ca2+ + SO42-) (e) and Total Alkalinity/Total Acidity (f).
Error bars are standard error (n= 3).
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Lake Carabooda
At Lake Carabooda pH values showed seasonal and spatial variability. Mean
groundwater pH levels ranged from neutral to highly acidic (7.9 – 2.8) with the most
acidic groundwater observed during the summer and winter sampling periods (Figure
4-10a). The mean groundwater pH levels in the upstream bores tended to be more acidic
than those observed in the downstream bores, across all seasons (Figure 4-10a; see
appendix 12). The shallow upstream bores tended to be more acidic than the other bores
across all seasons (Figure 4-10a). At both the upstream and downstream sites, the deep
bores had higher mean pH values than the shallow bores (Figure 4-10a).
The S:(Ca2+ + Mg2+) ratios showed that all bores, with the exception of the deep
downstream bores, had mean Stotal concentrations which exceeded mean divalent basecation concentrations, across all seasons (Figure 4-10b). The shallow bores, both
upstream and downstream, had comparatively higher mean S:(Ca2+ + Mg2+) ratios than
the deeper bores (Figure 4-10b). The deep downstream bores had higher mean S:(Ca2+ +
Mg2+) ratios than the deep upstream bores, indicative of Stotal concentrations that
exceeded divalent base-cation concentrations (Figure 4-10b; see appendix 12). Seasonal
patterns in the S:(Ca2+ + Mg2+) ratio were variable. Downstream bores, both shallow
and deep, and the upstream deep bores showed similar seasonal responses, where mean
S:(Ca2+ + Mg2+) ratios decreased in autumn and winter (Figure 4-10b). Upstream
shallow bores had mean S:(Ca2+ + Mg2+) ratios which decreased between spring and
summer and then increased between summer and winter (Figure 4-10b).
The SO42-:Cl- ratios demonstrated that mean SO42- concentrations were elevated at
all bores and exceeded the levels typically associated with marine origins (SO42-:Clratio ~ 0.14) (Figure 4-10c). The mean SO42-:Cl- ratios of the shallow bores were higher
than the deeper bores and mean SO42-:Cl- ratios in the upstream bores tended to be
greater than ratios in the downstream bores (Figure 4-10c), although these differences
were not significant. The exception was the deep upstream bores in spring and winter,
where the mean SO42-:Cl- ratios were significantly different from the other bores
(Figure 4-10c). Seasonal patterns of mean SO42-:Cl- ratio response were not clear
although mean SO42-:Cl- ratios in general tend to be higher during autumn and winter
(Figure 4-10c). The downstream bores showed an inverse relationship to pH with
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elevated SO42- concentrations occurring when pH levels decreased in summer and
winter (Figure 4-10c).
The mean Al:Fe ratio indicated that Al3+ concentrations were generally lower
than Fetotal concentrations in both upstream and downstream bores (Figure 4-10d; see
appendix 12). The exception was the deep upstream bores during spring and winter, and
the deep downstream bores during spring where mean concentrations of Al3+
substantially exceeded concentrations of Fetotal (Figure 4-10d). The shallow bores
tended to have lower Al:Fe ratios compared with the deep bores, both upstream and
downstream (Figure 4-10d).

Generally, Al:Fe ratios declined between spring and

autumn and increased slightly during winter (Figure 4-10d).
Mean Ca2+:(Ca2+ + SO42-) ratios were generally lower in the shallow upstream
bores compared with deep upstream bores, with the upstream deep bores having the
highest ratios of all bores both upstream and downstream (Figure 4-10e). The
Ca2+:(Ca2+ + SO42-) ratios tended to be similar between the shallow and deep bores at
the downstream sites (Figure 4-10e). Seasonally, mean Ca2+:(Ca2+ + SO42-) ratios tended
to decline between summer and winter for all bores, both upstream and downstream
(Figure 4-10e).
The mean ratio of total alkalinity levels to total acidity levels were substantially
higher in the downstream bores, compared with the upstream bores (Figure 4-10f). In
the upstream bores, total acidity exceeded total alkalinity, with mean total alkalinity to
total acidity ratios less than one (Figure 4-10f). In autumn there was a decrease in the
mean ratio of total alkalinity to total acidity at both the upstream and downstream sites,
followed by an increase in winter (Figure 4-10f).
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Figure 4-10: Mean pH and key ionic ratios for shallow and deep bores, at upstream and downstream sites,
across all seasons for Lake Carabooda (0+). Graphs include: pH (a), S/(Ca2+ + Mg2+) (b), SO42-/Cl- (c),
2+
2+
2Al/Fe (d), Ca /(Ca + SO4 ) (e) and Total Alkalinity/Total Acidity (f).

Lake Neerabup
At Lake Neerabup the different ionic ratios supported the notion of a fire-induced
acidification event as demonstrated by the PERMANOVA analysis. The pH values
varied between alkaline and strongly acidic, and showed both spatial and seasonal
variation (Figure 4-11a). Groundwater at Lake Neerabup tended to be acidic during
summer and winter and more alkaline during spring and autumn (Figure 4-11a). There
was little variability in pH between the deep and shallow bores at the upstream sites,
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whereas, downstream the deep bores tended to be significantly more acidic than the
downstream shallow bores (Figure 4-11a).
The S:(Ca2+ + Mg2+) ratio showed that the downstream bores, and the upstream
shallow bores had higher concentrations of Stotal and/or decreased concentrations of
divalent base-cations (Figure 4-11b; see appendix 13). The shallow bores had similar
average S:(Ca2+ + Mg2+) ratios and showed similar seasonal changes, whereas the deep
downstream bores, in almost all instances, had the highest S:(Ca2+ + Mg2+) ratios
(Figure 4-11b). The deep upstream bores consistently had the lowest S:(Ca2+ + Mg2+)
ratios and were significantly lower than all other bores in summer (Figure 4-11b).
Elevated mean SO42-:Cl- ratios in the downstream bores showed that there was
significant SO42- enrichment in the downstream bores, across all seasons, when
compared with upstream bores (Figure 4-11c). There was little evidence of SO42enrichment in the upstream bores with SO42-:Cl- ratios typically less than one (Figure
4-11c; see appendix 13) . Seasonally, SO42-:Cl- ratios tended to decrease between spring
and autumn and rise again in winter (Figure 4-11c). This was particularly evident in the
downstream bores.
The dominance of Al or Fe ions in solution varied between seasons, depth and
position in the landscape (Figure 4-11d; see appendix 13). In general, the shallow
upstream bores had higher Al:Fe ratios, indicative of higher Al3+ concentrations and/or
lower Fetotal concentrations, across all seasons, compared with all other bores (Figure
4-11d). In all other bores Al:Fe ratios less than one (Figure 4-11d), indicated that Fe
ions were more dominant in solution than Al ions (see appendix 13). Seasonal changes
in Al:Fe ratios at Lake Neerabup were variable, but in general tended to decrease
between spring and autumn and rise in winter (Figure 4-11d).
All the bores at Lake Neerabup demonstrated SO42- enrichment with mean
Ca2+:(Ca2+ + SO42-) ratio values less than one (Figure 4-11e). The mean Ca2+:(Ca2+ +
SO42-) ratio in the downstream bores is lower than the upstream bores (Figure 4-11e),
indicative of higher concentrations of SO42-. In the downstream bores Ca2+:(Ca2+ +
SO42-) ratios were typically less than 0.4 whereas, Ca2+:(Ca2+ + SO42-) ratios in the
upstream bores were generally greater than 0.6 (Figure 4-11e). There was little seasonal
variation with Ca2+:(Ca2+ + SO42-) ratios declining across all bores between autumn and
winter (Figure 4-11e).
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Total acidity levels typically exceeded total alkalinity levels at all the downstream
bores, with mean total alkalinity to total acidity ratios less than 1 (Figure 4-11f). The
ratio of total alkalinity to total acidity showed that the deep upstream bores had
significantly higher ratios than the downstream bores, and the shallow upstream bores
had significantly higher ratios than the downstream bores during spring and winter
(Figure 4-11f). In the downstream bores, total alkalinity to total acidity ratio tended to
increase between spring and autumn and then decrease during winter. In the upstream
bores the ratio of total alkalinity to total acidity increased in summer, decreased in
autumn and then rose again in winter (Figure 4-11f). The deep downstream bores
showed the least amount of seasonal variability for the ratio of total alkalinity to total
acidity (Figure 4-11f).
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Lake Wilgarup
At Lake Wilgarup, the mean pH values ranged from slightly acidic to strongly
acidic (Figure 4-12a). Shallow bores tended to be more acidic than deeper bores (Figure
4-12a). The deep upstream bores had significantly higher mean pH than the other bores
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more acidic than the other bores during summer, autumn, and winter (Figure 4-12a).
There appeared to be a seasonal fluctuation in mean pH values, with pH tending to be
higher during spring and autumn (Figure 4-12a; see appendix 14).
The S:(Ca2+ + Mg2+) ratio suggested that the base-cation capacity of the system to
buffer acidity had been exceeded, evidenced by concentrations of Stotal that exceeded
divalent base-cation concentrations for all bores, across all seasons (Figure 4-12b). The
exception to this was the deep upstream bores where the S:(Ca2+ + Mg2+) ratios
indicated that concentrations of Stotal exceeded divalent base-cation concentrations only
during spring, whilst during all other seasons the concentration of divalent base-cations
exceeded concentrations of Stotal (Figure 4-12b; see appendix 14). The downstream
bores showed a comparative decrease in S:(Ca2+ + Mg2+) ratios during autumn and
winter compared with spring and summer (Figure 4-12b). The upstream bores showed a
decrease in S:(Ca2+ + Mg2+) ratios between spring and summer, followed by a slight
increase in S:(Ca2+ + Mg2+) ratios in winter (Figure 4-12b).
Acidity generation was inferred by the elevated concentrations of SO42- (see
appendix 14), as demonstrated by the elevated SO42-:Cl- ratios seen, particularly in the
downstream bores (Figure 4-12c). During spring and winter, the shallow upstream bores
had the highest SO42-:Cl- ratios seen in all the bores (Figure 4-12c). At both the
upstream and downstream sites, the shallow bores tended to have higher SO42-:Clratios, compared with the deep bores. Seasonally, the downstream bores showed a slight
rise in SO42-:Cl- ratios between spring and autumn and then a more substantial increase
between autumn and winter. Upstream, the shallow and deep bores showed a decrease
in SO42-:Cl- ratios between spring and summer, no change between summer and
autumn, followed by a substantial increase between autumn and winter (Figure 4-12c).
The upstream bores had elevated Al:Fe ratios compared with the downstream
bores indicative of higher average Al3+ and/or lower average Fetotal concentrations in the
upstream bores compared with the downstream bores, with significant differences
occurring during spring and winter (Figure 4-12d). At both the upstream and
downstream sites, the shallow bores had higher Al:Fe ratios compared with the deep
bores (Figure 4-12d). In the upstream bores, the Al:Fe ratios decreased between spring
and autumn and then showed a substantial increase in winter, whereas the downstream
bores did not show the same degree of seasonal variability (Figure 4-12d).
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The Ca2+:(Ca2+ + SO42-) ratio was lower in downstream bores, which indicated
elevated SO42- concentrations (Figure 4-12e; see appendix 14). The deep upstream bores
had the highest Ca2+:(Ca2+ + SO42-) ratios, which were significantly higher than all other
bores during summer and autumn, while the shallow downstream bores had
significantly lower Ca2+:(Ca2+ + SO42-) ratios during this period (Figure 4-12e). At both
the upstream and downstream sites, deep bores had higher Ca2+:(Ca2+ + SO42-) ratios
compared with shallow bores (Figure 4-12e). The general seasonal trend was for a rise
in Ca2+:(Ca2+ + SO42-) ratios between spring and summer, followed by a decline
between summer and winter (Figure 4-12e).
At Lake Wilgarup the downstream bores had low mean total alkalinity to total
acidity ratios, whilst the deep downstream bores had total alkalinity to total acidity
ratios less than one, across all seasons (Figure 4-12f). The shallow downstream bores
had total alkalinity to total acidity ratios of one, or slightly above one, during autumn
and winter (Figure 4-12f). The shallow upstream bores had comparatively lower total
alkalinity to total acidity ratios, when compared with the deep upstream bores, although
total alkalinity still exceeded total acidity (Figure 4-12f). The deep upstream bores
showed seasonal variations in the total alkalinity to total acidity ratio, where values
increased between summer and autumn, and then decreased substantially in winter
(Figure 4-12f). In summer and winter, the deep upstream bores had significantly higher
total alkalinity to total acidity ratios than all other bores (Figure 4-12f).
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4.4. DISCUSSION
Changes in groundwater quality were evident across all wetlands, however the
results of this study showed that there was a clear groundwater quality response
associated with burnt wetland sediments compared to non-burnt sediments. There were
also seasonal influences seen in groundwater quality responses, across all wetlands.
Additionally, there were also groundwater quality responses unique to each wetland,
associated with their spatial distribution in the landscape, and time since fire. As such,
groundwater quality response to fire in terms of changes in key groundwater
parameters, will be discussed, followed by a discussion on the seasonal influence on
groundwater quality responses. This will be followed by a discussion relating to the
effects of time since fire and spatial heterogeneity on groundwater quality responses.
The Effect of Fire
The occurrence of fire within organic-rich, pyritic wetland sediments can be
considered a severe oxidation event, generating substantial amounts of proton acidity
and other pyrite oxidation by-products (SO42-, Fetotal and Al3+) when compared with
non-burnt wetland sediments. This was particularly evident in the magnitude of the
acidification that took place, as well as the level of SO42- enrichment that occurred in
groundwater downstream of fire-impacted wetlands. This was a result of the amount
and duration of exposure to heat and atmospheric oxygen, which sediments are
subjected to during a fire event. Fire facilitates the oxidation of deeper sediments and
wetland sediment fires have been shown to continue to burn for extended periods of
time, from months to years.
In this study, groundwater associated with fire-impacted or burnt wetland
sediments had SO42- concentrations exceeding base-cation buffering capacity, leading to
increased sensitivity to acidification. This type of response is typically seen in
groundwaters of poorly buffered catchments where oxidation of sulphidic minerals has
occurred due to drying (Appleyard & Cook, 2009; Lucassen et al., 2002). This study
showed that increased groundwater acidity was also associated with elevated basecations in solution which ultimately may be leached from the sediments. Appleyard and
Cook (2009) argued that continued base-cation leaching from the sediments could have
an impact upon the future buffering capacity of the wetland. The preceding chapter
(Chapter 3) demonstrated that the combustion of organic-rich wetland sediments led to
114

the formation of acidic porewater. This study confirms that the acidic porewater from
burnt wetland sediments was leached into the underlying groundwater and resulted in a
downstream post-fire groundwater contamination plume.
The results of this study also showed that groundwater downstream of dried,
heated and combusted wetland sediments had elevated levels of monovalent (Na+ and
K+) and divalent base-cations (Ca2+ and Mg2+), compared with non-burnt sediments. As
was shown in the preceding chapter (Chapter 3), smouldering combustion in wetland
sediments resulted in the increased concentration of base cations in sediment porewater,
particularly Ca2+ and Mg2+. Badía and Martí (2003) also reported an increase in waterextractable divalent base-cations, but only below 500 °C. The mechanisms responsible
for the increase in base-cation levels in sediment porewater are manifold, including ion
exchange, the reduction of cation exchange capacity of the sediments through the
combustion of organic matter (Badía & Martí, 2003), increased base-cation inputs from
ash produced through the combustion of organic-rich sediments and the combustion of
above–ground vegetation. Base-cation inputs are also as a result of vegetative ash
deposition at the catchment scale (Battle & Golladay, 2003). The rate at which upland
inputs contribute to the pool of base cations in the groundwater will depend on the
frequency and intensity of rainfall events and the cation exchange capacity of the soil.
Cations may be adsorbed to cation exchange sites within the soil or leached, and this
will be dependent on the cation selectivity coefficient and the saturation status of the
cations in solution, with a large proportion of ash-derived base-cations lost through
surface erosion mechanisms. The concentrations of base-cations seen in the post-fire
groundwater contamination plume, downstream of burnt sediments, were similar to
porewater leachate concentrations. This suggests that base-cation enrichment of
groundwater was due to the physical and chemical modification of wetland sediments
associated with smouldering combustion, rather than inputs at the catchment scale.
In Chapter 3, the mobilisation of metal species as a result of smouldering
combustion was shown to occur, whereby the porewater of burnt wetland sediments
contained elevated concentrations of Al3+, Fetotal, Mntotal, Zn2+ and Ni2+, compared with
non-burnt sediments. Post-fire groundwater contamination plumes also contained
elevated concentrations of metals including Al3+, Fetotal, Mntotal, Zn2+ and Ni2+, with Al3+
and Fetotal the most prevalent metal ions. At the non-burnt sites, concentrations of Al3+
did not exceed 1.0 mg.L-1, compared with Lake Carabooda (0+) where concentrations of
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Al3+ commonly exceeded 10 mg.L-1 and a maximum of 96 mg.L-1, Lake Neerabup (1+)
and Lake Wilgarup (2+) where, on a number of occasions, concentrations of Al3+
exceeded 100 mg.L-1. There was a similar response in concentrations of Fetotal, with
values at the non-burnt sites not exceeding 20 mg.L-1, whereas at the burnt wetland sites
the groundwater concentration of Fe ions often exceeded 100 mg.L-1.
As described in the preceding chapter (Chapter 3) the mobilisation of metal
species following fire is linked to a number of physical, geochemical and hydrological
processes. Few studies have investigated the impact of fire on the mobilisation of metal
species (Certini, 2005). Those that have done so, have typically concentrated on the
mobilisation of metal ions from ash deposits (Pereira & Úbeda, 2010; Pereira et al.,
2011). Pereira and Úbeda (2010) demonstrated that concentrations of Al and Mn in ash
were higher following fires with a lower thermal intensity, whereas Zn and Fe had a
greater spatial heterogeneity, and were more influenced by topographical differences in
the landscape and regions of higher thermal intensity. Whilst it is acknowledged that the
formation of ash would contribute to the concentration of metal ions in solution, the
concentration of mobilised metals, particularly Al3+ and Fetotal, in this study more
closely resembled those typically seen following massive disturbance and subsequent
oxidation of acid sulphate soils (ASS) (see for example Appleyard et al., 2004; Burton
et al., 2006). Elevated concentrations of Al3+ are typically associated with the
dissolution of alumino-silicate species or Al-hydroxide species. The pH dependency of
Al concentrations was variable both within and between wetlands, which suggests that a
number of physical and geochemical processes are responsible for mobilising Al, from
the wetland sediments.
Concentrations of Al3+ were substantially higher than those seen in the porewater
leachate of the preceding chapter. This suggests that, besides the initial mobilisation of
Al ions associated with the oxidation of sulphidic minerals and subsequent acidity
generation, further Al is being mobilised either from the addition of ash, or the pH
dependent release of large amounts of Al as acidic porewater/groundwater flows
through sediments that were not directly impacted by the smouldering combustion front.
In this instance, the latter is likely to be true, as once again, the contribution of Al ions
from ash, from both the wetland basin and from the uplands, is likely to be noticeable
over the longer term, as the rate of leaching through the soil profile and into the
groundwater is dependent upon the cation exchange capacity of the soil, concentration
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of Al in the ash, frequency and magnitude of rainfall events and hydraulic conductivity
of the soil, soil solution concentrations and pH.
Concentrations of soluble Fe in groundwater downstream of fire-impacted
sediments is generally higher than that seen in the porewater of burnt sediments and
considerably higher than levels seen upstream of these wetlands. One explanation is the
volume of sulphidic mineral oxidised by fire. An alternative is the role of ferrous iron, a
by-product of pyrite oxidation, which can promote the further oxidation of pyrite as it is
reduced to ferric iron. This can result in the oxidation of pyrite not directly influenced
by fire and result in further elevated levels of Fe in solution (van Breeman, 1975 cited in
Cook et al., 2004). Ferric iron can also be precipitated out of solution depending on pH
of the affected waters. A number of ochreous precipitates have been identified
following the oxidation of pyritic minerals, including schwertmannite, goethite and
jarosite (Burton et al., 2006; Collins et al., 2010; Murad & Rojik, 2004; Ritsema et al.,
1992). These ochreous minerals are capable of releasing stored acidity upon dissolution.
Of particular interest is the role of jarosite in releasing stored acidity when inundated.
Chu et al. (2006), demonstrated that jarosite decomposed, in the presence of organic
matter, under anoxic conditions, releasing acidity, Fe ions and SO42- into solution. This
has implications for wetlands following fire where there remains a substantial pool of
organic matter and iron-precipitates. Further investigation is warranted into the
speciation of Fe following fire-induced pyrite oxidation and its role in acidification or
deacidifcation of wetland waters.
Spatial Influences
Analyses revealed that there was not a significant difference in the water quality
between shallow and deep, when examined on a wetland by wetland basis. However,
pH and Al3+ results for downstream bores, particularly at burnt wetland sites, indicate
the presence of an acidification front. The shallow bores at the burnt wetland sites
typically had lower pH and higher levels of soluble Al. This indicated that the
groundwater plume was not migrating vertically below the unsaturated zone of the
sediments immediately downstream of the wetland. The presence of an acidification
front has been shown to result in the concentration of trace metal species at the front and
a decrease in Al3+ and increase in Ca2+ and Mg2+ directly below the front (Kjøller et al.,
2004; Ward et al., 2010). This can result in metal toxicity problems for downstream
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groundwater dependant ecosystems, and lead to the leaching and base-cation depletion
in the aquifer (Appleyard & Cook, 2009).
Further investigation is required into the spatial extent, both vertical and
horizontal distribution, of the downstream groundwater plume, as its distribution in the
landscape may have significant consequences for groundwater dependant ecosystems
downstream of fire-impacted wetlands.
Seasonal Influences
Changes in pH seen across all wetlands were indicative of a seasonal response
which, in part, was linked to changes in groundwater hydrology. In non-burnt wetlands,
changes in groundwater pH associated with the oxidation of pyritic sediments, due to
drying, was expected. As groundwater levels decrease, more of the sediments are
exposed to drying and oxidation occurs, resulting in the generation of more acidity.
Based on the hydrographs seen in Figure 4.4 and relevant literature, it is hypothesised
that evidence of acidity generation would be seen during spring, increase through
summer and peak during autumn followed by a reduction during winter, when increased
buffering is expected to occur with the influx of carbonate-rich waters as groundwater
levels rise.
However, the pattern of response seen is not completely cognoscente with this
hypothesis; rather, there is an increase in pH during spring, a decrease in summer, an
increase in autumn and a decrease in winter. This response is seen across all wetlands
and therefore cannot be attributed to the incidence of fire. Of particular interest is the
alkaline response during spring and autumn, and the acidic response seen during winter.
The alkaline response seen during spring is likely associated with the post-peak
period in groundwater levels and thus the saturation of the sediments with carbonaterich groundwater. During this time any generated acidity and evapo-concentrated ions
have been flushed from the sediments and neutralised by the in-situ and transient
buffering capacity of the system (Green et al., 2006a; Macdonald et al., 2004). Sommer
and Horwitz (2001) showed varying spring results (both acidic and alkaline pH) for
Lake Jandabup, which suggests that further investigation is warranted in order to
determine the true seasonal pattern and cause of changes in pH.
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The alkaline response seen during autumn is more perplexing. It would be
expected that as groundwater levels are at their lowest, acidity generation would have
peaked and therefore pH levels would be at their lowest. These groundwater samples
were taken following some early rains and the pH response seen may be attributable to a
dilution effect. Searle et al (Searle et al., 2011) showed the same phenomenon at Lake
Nowergup at the time this study was conducted, although they have attributed it to
instrument or human error. A similar phenomenon was also recorded by Sommer and
Horwitz (2001) at Lake Jandabup between 1996 and 1997. The results of this study
suggest that this a seasonal effect that requires further investigation as to its frequency.
The acidic response seen during winter is likely due to the flush of acidity and
other pyrite oxidation products (‘first flush’ phenomenon) from the sediments following
a cessation in dilution due to rainfall and a peak in groundwater levels (Green et al.,
2006a; Macdonald et al., 2007). This may be a critical time for determining the degree
of oxidation which has occurred as the magnitude of the acidity and metals such as Al
and Fe are flushed from the sediments at this time. What is interesting to note is that this
episodic seasonal fluctuation between periods of acidity and alkalinity may lead to the
exhaustion of base-cation buffering capacity, particularly in wetlands that have
experienced a severe oxidation event such as fire, and ultimately lead to permanent
acidification (Appleyard & Cook, 2009; Green et al., 2006a; Lucassen et al., 2002).
Long-term temporal influences
Evidence of the exhaustion of the in-situ acid buffering capacity, and the transient
nature of the buffering capacity of ash, was apparent in the groundwater quality when
analysed over a longer temporal period (years, rather than seasonal). Lower levels of
total alkalinity and K+ at Lake Wilgarup compared with those at Lake Carabooda and
Lake Neerabup and Lake Nowergup, suggest that the acid-buffering capacity of these
wetlands is finite, and subject to depletion.
Where the carbonate acid-buffering capacity of a wetland has been deleted, due to
repeated acidification events, alumina-silicates, Al-hydroxides and Fe-oxides become
the main components of acidity buffering, albeit poorly (Prakongkep et al., 2010).
Where the innate carbonate-buffering capacity of the wetland has been exhausted, the
acid-buffering capacity of ash becomes important. Again, the decline in K+, a typical
cation from ash, was evident and due to its solubility, would provide only transient
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buffering against any acidity produced following fire. However, this may be a
significant element towards acidity buffering in base-cation depleted wetlands.
The contribution of alkaline groundwater influxes to acid-buffering appears to be
of some importance in the wetlands of the SCP. The deep downstream bores showed an
increase in alkalinity levels during autumn and winter which was commensurate with an
influx of carbonate-rich groundwater. This may prevent the migration of the
acidification plume deeper into the aquifer and the prevention of further base-cation
depletion.
4.5. SUMMARY AND CONCLUSION
The results of this study confirm that the occurrence of fire within wetland
sediments acts as a severe disturbance event, resulting in the oxidation of organic-rich
pyritic sediments and the subsequent release of an acidic, metal-rich plume. Elevated
concentrations of SO42- and Fetotal, along with, lower pH levels are indicative of the
oxidation of pyritic sediments. The increased levels of total alkalinity and base-cations
downstream of the burnt sediments are also indicative of fire-induced acidity. The
interaction between acidic groundwaters, underlying carbonate-rich geology and
deposits of alkaline ash will dictate the nature of the groundwater travelling downstream
of the impacted wetland and the implications for dependent ecosystems.
There is also evidence to suggest that the release of an acidic plume is episodic in
nature, linked to seasonal hydrology and is associated with the leaching of base-cations.
Continued pulses of acidity being released can lead to the loss of acid-neutralising
capacity over time. This study also highlights the fact that any plume generated by the
combustion of wetland sediments does not necessarily remain shallow in nature. Rather,
it suggests that an acidity front may be present which, over time and depending on the
hydro-geochemical nature of the groundwater, may migrate deeper into the aquifer.
The variability in groundwater response within individual wetlands may be
associated with seasonal influences, local hydrological or geomorphological variability,
or as a result of variations in fire intensity and severity which is ultimately linked to the
hydrological or geomorphology of the wetland sediments. This spatial variability in the
geochemistry of wetland sediments may be indicative of previous fire frequency and
intensity in these wetlands.
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There is also evidence to suggest that pH should be used with caution when
interpreting groundwater results due to its variability associated with fluctuations in
groundwater hydrology. Rather SO42- concentrations, in fact, may be a better indicator
of severe oxidation events and subsequent acidity generation as well as the
susceptibility to long-term acidification. The results of this study also suggest that the
ability to separate fire-related disturbance of wetland sediments, from other disturbance
events, requires a longer-term temporal approach, as opposed to seasonal examination.
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CHAPTER 5
INORGANIC GEOCHEMICAL RESPONSE OF WETLAND SEDIMENTS TO
HEATING: A LABORATORY STUDY

5.1. INTRODUCTION
As described previously in Chapter 2 of this thesis, the physical and geochemical
nature of wetland sediments and the in-situ pore- and surface-water quality and
downstream groundwater quality emanating from these sediments, are interrelated.
Water quality is, for example, regulated via the sediment cation exchange capacity
(CEC) which strongly influences the leaching pattern of wetland sediments and is
important in determining the availability of ions, nutrients, heavy metals and other
pollutants (Dawson et al., 2004; Saunders & Kalff, 2001). Superimposed on these
relationships is fire. Fire plays an important role in the functioning of terrestrial and
wetland ecosystems. Fires effects on wetland functioning are multifarious and range
from the combustion of above-ground biomass, to impacts upon the physical structure
and the geochemical, hydrochemical and biochemical functioning of the sediments
themselves (DeBano et al., 1998; Neary et al., 2005).
Therefore, an important aspect in understanding how fire may influence the
hydrochemistry of a wetland is gaining an insight into how combustion and/or pyrolysis
of wetland sediment may change the physical structure and geochemistry. Studies have
shown that the structural and geochemical changes associated with fire can be variable
but largely depend upon fire severity and sediment geomorphology (Neary et al., 1999;
Neary et al., 2005). The degree of sediment modification is directly related to fire
severity which is dependent on smouldering temperature, and duration of heating.
Sediment fires are unique in that they smoulder rather than flame when burning.
Combustion associated with wildfires, which pass rapidly across the soil surface, tends
only to have a thermal impact upon the top few centimetres of soil (Certini, 2005;
DeBano et al., 1998; Neary et al., 2005; Terefe et al., 2008). Heat energy, produced as
part of the oxidation process, occurs in the gas phase of the flame above the fuel surface
and, as a result, heat is not transferred readily down through the soil profile (Neary et
al., 1999). However, a smouldering front has the potential to transfer immense heat deep
into the sediment profile, as the oxidation reaction which produces the heat energy
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occurs at the fuel surface (Rein et al., 2008b). Additionally, smouldering fronts tend to
move much slower which, results in a greater percentage of the sediment profile being
exposed to increased temperatures for an extended duration.
Typically, smouldering fronts will reach temperatures of between 50 °C – 700 °C
and move at an average rate of 1 m.h-1 (Neary et al., 1999; Rein et al., 2008b), whereas
flame fires can reach temperatures in excess of 1500 °C and move significantly faster,
reaching speeds of 7 km.h-1 (Neary et al., 1999). Ultimately, the rate at which a
smouldering front will progress through the sediment profile, and therefore the amount
of energy which will be transmitted, is determined by fuel load (organic matter content),
moisture content, sediment structure and fire behaviour (Frandsen, 1997; Rein et al.,
2008b).
Numerous studies have demonstrated the impacts of fire on soils in terrestrial
systems, in particular mineral soils, and some studies go on to deal with the
ramifications for the water quality of adjacent aquatic systems. Certini (2005) synthesis
of available literature on the effects of fire on terrestrial soils resulted in a grouping of
impacts on soil properties: physical (including physico-chemical and mineralogical
changes) properties, chemical properties and biological properties. In general, the
effects upon physical properties include a loss of physical mass, an increase in bulk
density, increased water repellence, increased pH and changes in mineralogical
assemblages (at temperatures > 500 °C). The effects upon chemical properties include a
loss of, and transformation of, organic C associated with complete or incomplete
combustion; an increase in bioavailable forms of N and P but this response has been
shown to be variable; an increase in ionic conductivity and an increase in alkaline-earth
base-cations, and as a result, base saturation increases. Ultimately, this results in a
decrease in the cation exchange capacity, which further results in leaching (Certini,
2005).
The pyrolysis, incineration and combustion of organic-rich sediments at varying
temperatures can elicit different geochemical responses (Dikici & Yilmaz, 2006; Rein et
al., 2008b), yet the majority of research has focused upon nutrient fluxes as a result of
geochemical modification. Few studies, if any, have investigated the effects of fire upon
freshwater wetland sediments, and, in particular, changes in inorganic chemistry,
associated with changes in fire severity. Moreover, the study of fire effects upon
123

wetlands has concentrated on three main research threads: studying changes in
sediments after experimental, controlled field burnings (Smith et al., 2001); studying
sediment transitions after uncontrolled wildfire (Dikici & Yilmaz, 2006); and studying
hydrochemical fluctuations in pore- and groundwater downstream of burnt sediments
following uncontrolled wildfire (Battle & Golladay, 2003; Horwitz et al., 2007).
Generally, designs of experimental studies of fire impacts have involved
comparisons between burnt and neighbouring unburnt sites (for example, see Dikici &
Yilmaz, 2006; Smith et al., 2001) or even unburnt sediment within the same wetland
(for example see Horwitz et al., 2007). This approach is understandable, given the
unpredictable nature of these fire events and the paucity of relevant sediment data prior
to their combustion. However, it is difficult to account for the heterogeneity of sediment
geochemistry both within and between wetlands, as well as the various fire parameters
such as temperature and rate of spread, and this therefore limits the ability to make
direct comparisons. The heterogeneity within and between wetland sediments and the
variable nature of fire severity associated with the movement of a smouldering front
(Rein et al., 2008b) suggest that a more preferable way to examine the geochemical
effects of fire severity on wetland sediments should be through laboratory and/or
controlled field experiments, where these forms of variability (sediment type and burn
severity) can be included structurally into the design.
There are no known Australian studies, and very few international papers, which
have investigated the impacts of wetland fires with a view to eliciting an inorganic
signature from wetland sediments associated with fire severity, and the research that has
occurred into fire impacts has largely been limited to the peats of the northern boreal
regions or in the tropics, with little research investigating the impacts on peats of the
temperate regions; ironically, those that are most vulnerable to this type of event.
The aim of this study is to investigate the physical, physico-chemical and
inorganic chemical effects of fire severity (in particular, temperature) on wetland
sediments, of varying parent geomorphology (representative of sediments found on the
SCP). In particular, the following questions will be investigated: i) are there significant
changes in sediment geochemistry with changes in temperature; and, if so, ii) are these
changes uniform between wetlands with differing geochemical backgrounds, within the
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context of influencing acidity generation and the acid buffering capacity of the
sediments.
5.2. MATERIALS AND METHODS
5.2.1 EXPERIMENTAL DESIGN
The experiment was constructed as a multivariate factorial design with two
factors, ‘Temperature Treatment’ (30 °C, 100 °C, 300 °C, 550 °C and 800 °C) and
‘Wetland’ (6 x wetlands). There were 3 sediment replicates per wetland. There were 15
dependent variables pH, electrical conductivity (E.C.), total carbon (T.C.), aluminium
(Al), arsenic (As), copper (Cu), iron (Fe), calcium (Ca), magnesium (Mg), nickel (Ni),
sodium (Na), potassium (K), sulphur (S), zinc (Zn) and manganese (Mn).
The experiment was designed to test the following hypotheses:
Objective: to investigate whether varying geological age, parent geomorphology,
vegetation and climatic conditions result in geochemical variability between wetlands.
1. There is no difference in the measured sediment variables between wetlands.
Objective: to investigate whether different temperatures elicit similar geochemical
responses, regardless of sediment parent geomorphology.
2. There is no difference in the measured sediment variables between temperature
treatments.
Sediments were selected from 6 different wetlands across the Swan Coastal Plain
(SCP), based upon their underlying geomorphology and the likelihood that they have
not been exposed to fire events in recent history (< 10 years). Wetlands were chosen
from two of the major soil geomorphic units of the Gnangara Mound region of the SCP.
Three wetlands were selected from the Spearwood Dune System (Spearwood system)
and three wetlands from the Bassendean Dune System (Bassendean system). The
Spearwood system is characterised by carbonate-rich aeolianite sediments overlain by
siliceous sand with wetlands forming in a linear series of karst depressions along the
eastern border. Conversely, the Bassendean system is characterised by carbonate-poor
siliceous sands which are interspersed with poorly drained areas which form the
wetlands in the region (McArthur & Bettenay, 1960; Semeniuk & Glassford, 1989). The
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selected wetlands included Lake Nowergup (Nowergup), Lake Mariginiup (Mariginiup)
and Walubuenup Swamp (Walubuenup) from the Spearwood system, and, Wetland EPP
173 (EPP 173), Lexia Wetland (Lexia) and Lake Bindiar (Bindiar) from the Bassendean
system (Figure 5-1).
Three sediment replicates were collected from within each wetland, providing a
total of 18 sediment samples. Each of these sediment samples was then exposed to five
different temperature treatments ranging between 30 °C and 800 °C. These temperature
treatments were chosen to represent the different temperature gradients that might be
experienced throughout the sediment profile during a fire event (see Chapter 1). This
resulted in a total of 90 experimental samples.

126

Figure 5-1: Spatial distribution of study wetlands across the Gnangara Mound (Swan Coastal Plain),
Western Australia.

5.2.2 SAMPLE COLLECTION AND PREPARATION
At each of the six wetlands, stratified random sampling was designed to collect
sediments with varying degrees of organic-matter content within the wetland based
upon the hydrological zones of lakes (Semeniuk & Semeniuk, 2005): the permanently
inundated zone (consisting of relatively deep accumulations of peat; Sediment Type 1),
the seasonally inundated zone (muddy sands; Sediment Type 2) and the seasonal
waterlogged zone (predominantly quartz sands with interstitial biogenic particles;
Sediment Type 3), where sediments are characteristic of internal biogenic processes
superimposed on their internal basin setting (Semeniuk & Semeniuk, 2005).
For each sediment type at each wetland (i.e. each sample site), a bulk sediment
sample was collected from a depth of between 50 and 60 cm by digging a deep pit. This
depth profile was chosen as the sediments at this depth had been neither burnt, nor
impacted by pyrolysis in another way (as evidenced by a lack of macroscopic charcoal
after visual inspection of the sediment profile).
Bulk sediment samples were maintained at field moisture, placed in sealable
polyethylene bags, air purged and stored at 2 °C in the dark. For each sample site,
individual bulk sediment samples were thoroughly homogenised to obtain a composite
representative of the depth profile sampled. Sediment subsamples (approximately 500 g
wet weight) were then allocated to one of five temperature treatments, 30 °C (‘air
dried’), 100 °C, 300 °C, 550 °C and 800 °C, representing sediment temperatures likely
to be experienced during a fire (Usup et al., 2004; Rein et al., 2008). The 30 °C samples
were dried in a drying oven (Memmert UFP 800) until a stable weight was attained. The
remaining temperature-treated sediments were heated for one hour at each of the four
respective temperatures in a muffle furnace (ModuTemp WW71A). Temperature
treatments were applied concurrently.
Prior to Inductively Coupled Plasma-Optical Emission Spectrometry (ICP-OES)
analysis, the temperature-treated sediments were digested using USEPA method 3050B.
This involved digesting approximately 0.2 g sediment (accurately weighed) in 5 ml 1:1
concentrated nitric acid and refluxed at 95 °C for approximately 4 hours. 30 %
hydrogen peroxide (0.50 ml aliquots) were continually added (until effervescence
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subdued) to digest the organics. Finally, 5.0 ml concentrated hydrochloric acid was
added and the digest refluxed for 15 minutes. The digests were made up to volume with
water in separate 25.0 ml volumetric flasks, and then filtered using a 0.45 µm Gelman
GHP acrodisc prior to analysis.
5.2.3 PHYSICAL AND CHEMICAL ANALYSES
Sediment analysis included physical parameters such as moisture content, loss on
ignition (LOI), water repellence and sediment (soil) colour. In addition, the pH, E.C.,
T.C. and selected elements of treated sediment samples were analysed.
Sediment moisture content was calculated for bulk sediment samples. This was
determined by drying sediment samples at 100 °C (DW100) to a constant mass.
Approximately 30 g of sediment, accurately weighed, was dried and the moisture
content calculated as the difference between the wet weight (WW) and the dried weight,
expressed as a percentage of the wet weight. Percentage moisture was expressed as the
following:
%Moisture100 = ((WW – DW100)/WW)*100
LOI was performed by drying approximately 30 g of sediment accurately weighed
at 100 °C (DW100) (correcting for moisture content of the sample) and then ashing at
450 °C (DW450). Organic matter content is calculated as the difference between the
initial dried weight and the final weight after ashing at 450 °C expressed as a percentage
of the initial weight. Percentage LOI was calculated as the following:
%LOI = ((DW100 – DW450)/DW100)*100
The quantity of T.C. present for each sediment type at each wetland was
calculated via a dry combustion method using the Leco TruSpec CN analyser. For each
of the temperature treated samples (30 °C – 800 °C), approximately 0.2 g of accurately
weighed sediment was combusted at 1000 °C whereby the carbon component of the
sediment was converted to CO2. The amount of CO2 evolved was detected using an
infrared analyser and was directly proportional to the amount of carbon present in the
sample. The amount of carbon present was expressed as a percentage of the total
sediment mass.
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Water repellence was measured using the molarity of ethanol droplet test (MED)
(Roy & McGill, 2002). A series of drops of ethanol, of increasing molarity (0 – 4 M
range), are deposited onto the surface of a dried sediment sample. The lowest
concentration of ethanol that can penetrate the surface of the sediment within 10
seconds, expressed as the MED value, is used as a measure of the water repellence of
the sediment. Sediment colour response to heating was determined using the Munsell
scale.
Physico-chemical

parameters

were

measured

using

an

(Orion

5-star

multiparameter meter). Measured parameters included pH and E.C. Two pH
measurements were taken: one was done on a 1:5 sediment solution using double deionised water (Milli-Q) and one was performed on 1:5 sediment solution using 1M
CaCl2 solution. The CaCl2 is commonly used for soil measurements in most states in
Australia and its purpose is to better replicate the ‘salt content’ of soils. Electrical
conductivity was measured in a 1:5 sediment solution using Milli-Q water.
The total concentration 3 of a selection of sediment inorganic elements was also
determined. Elemental concentrations were determined by ICP-OES (Varian Vista Pro).
Analytes included Al, As, Ca, Cu, Fe, Mg, Mn, Ni, K, Na, S and Zn. Standard QC/QC
protocols were completed for all analyses. Standard solutions were prepared in the
appropriate concentration range and analysed along with the samples. 10% of samples
were analysed in duplicate and blanks were also included. The method of external
standards was used to generate calibration curves.
Sediment inorganic element concentrations were adjusted to account for loss of
mass during heating/combustion so as to allow for relative comparisons between
temperature treatments. Sediment mass-loss adjustments (SMA) were made by
multiplying the measured sediment concentrations (SC) by the difference in sediment
mass-loss during heating (SMTxx) compared with the sediment mass of the air dried (30
°C) sample, divided by the sediment mass of the air dried sample. Sediment mass
adjustment was calculated as the following:
SMA = SC*((SM30-SMTxx)/SM30)
3

On revision it would have been more informative to measure the extractable forms of these
inorganic elements, as total concentrations will not vary much under controlled laboratory conditions,
particularly for those elements with high boiling points.
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The concentration of the element of interest was expressed as µg.g-1 of sediment.
Scanning Electron Microscopy (SEM) was used to visualise physical and
geochemical changes to sediments associated with increasing temperature. Sediment
samples were oven-dried at 30 °C until no weight-loss was detected. Samples were
adhered to sample holder, coated with gold and examined the same day by SEM. Both
secondary and back-scattered electron images were obtained using a Cambridge
Stereoscan S250 scanning electron microscope. Bulk atomic composition of crystals
was characterised by X-ray emission using the accompanying LINK system, energy
dispersive X-ray (EDX) analyser. Due to financial and time constraints only a selection
of samples were analysed using this method.
5.2.4 STATISTICAL ANALYSES
Initially general processing and collation tasks applied to sediment data included
screening to remove spurious or outlier values, and screening to remove values which
were outside the practical environmental range or instrument detection limits. The
analytes As, Cu and Ni had values which were spurious or had values at or below
detection limits and were therefore removed from further analysis. The elements Al, Fe,
Ca, Mg, K, Na, Mn, Zn all have boiling points that exceed the temperatures used in the
treatments, and as a total digestion was used to extract the elements from the sediments,
they were excluded from the temperature treatment analyses.
Following this, the descriptive statistics for each of the individual wetlands and
wetland groups were obtained. The data were then tested for normality (KolmogorovSmirnov and Shapiro-Wilks in SPSS ver. 17 for Windows), in order to determine if the
sediment parameters at each wetland were normally distributed (this was done on a
wetland-by-wetland basis). In most instances, the data were not normally distributed
and therefore required transformation (typically square root or logarithmic
transformations were used). All data were then standardised (mean subtracted and
divided by their standard deviation) so as to account for the different scales of
measurement between variables. Where assumptions of normality and homoscedacity
could not be met, a non-parametric equivalent method of analysis was performed.
A multivariate approach was taken to ascertain patterns of discrimination based
on changes in sediment parameters between wetlands and between temperature
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treatments. For the physico-chemical and selected elemental sediment parameters,
differences between temperature treatments were tested by a 1-way permutational
analysis of variance (PERMANOVA) (see Anderson 2001; McArdle and Anderson
2001). Where significant differences occurred, a pair-wise analysis was performed to
establish where the differences occurred. PERMANOVA analysis was performed using
Primer ver. 6 (PRIMER-E Ltd.). Parameters included in the PERMANOVA analysis
included pH, E.C., S and T.C.
Principal component analysis (PCA) (using Primer ver. 6; PRIMER-E Ltd.) was
used to allow groups of sediment quality variables to be mapped in multidimensional
space, thereby showing relationships between factors which otherwise may not be
evident in a two-dimensional relationship. PCA was used to discern patterns of
similarity/dissimilarity in sediment variables between wetlands and between
temperature treatments. PCA of wetland heterogeneity included the following
parameters: pH, E.C., T.C., Al, Ca, Fe, Mg, K, Na, Mn and Zn. PCA of the temperature
treatments included the following parameters: pH, E.C., T.C. and S. Initial PCA
analysis was ‘noisy’ due to the heterogeneity of the sediments and, as such, made
interpretation of wetland and temperature treatment effects difficult to visualise. In
order to reduce the ‘noise’, the final PCA was performed using median sediment
variable values. Principal component correlations were then used to identify the greatest
absolute coefficients associated with each principal component.
The proportions of ions in relation to each other provide insight into key chemical
equilibrium processes. As this study is interested in the potential of fire to act as an
oxidising agent, and in particular its capacity to generate acidity, key ratios associated
with acidity generation and buffering processes have been included for discussion.
Ratios presented include S:(Ca + Mg), Al:Fe, sodium dominance index (SDI) and cation
dominance ratio. Metal species, and in particular Al and Fe, have been shown to
contribute towards the acidification of wetland waters, through the consumption of base
during hydrolysis and precipitation reactions (Green et al., 2006b). The ratio of total
sulphur to divalent base-cations S/(Ca + Mg) has also been used to indicate sensitivity
of wetlands to acidification (Lucassen et al., 2002). Lucassen et al. (2002) demonstrated
that acidified sediments produced a S/(Ca + Mg) ratio > 2/3. The SDI (Cruikshanks et
al., 2008) is a measure of the level of divalent base-cation enrichment measured as a
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percentage of sodium concentration. Cruikshanks et al. (2008) demonstrated under
differing base geological conditions, that freshwater SDI levels of ≥ 60 indicated
susceptibility to acidification. Typically, Ca2+ is the dominant cation of groundwater on
the SCP, followed by Na+, Mg2+ and K+ in terms of relative ionic dominance. Sediment
ionic dominances are reflective of potential hydrological responses, and geological
processes which are impacting upon the wetland.
5.3. RESULTS
5.3.1 WETLAND VARIABILITY
The two-dimensional PCA ordination of the standardised median data for the airdried (30 °C) temperature treatment across all 6 wetlands shows that the two axes
account for 88.9 % of the variability in the data across median values (Figure 5-2). Most
of the variation between wetlands is accounted for by PC1 (72.0 %), whilst PC2
accounts for only 16.9 % of the variability (see appendix 15 for principal component
correlations). The variability on PC1 was characterised by pH, E.C., K, Mg, Mn, Na and
to a lesser degree S and T.C. (Figure 5-2). The sediment parameters responsible for the
variability seen on PC2 were Al, Ca, Fe, and Zn (Figure 5-2). The shading in Figure 52 shows the wetlands which are statistically similar to each other based on the pair-wise
analysis.
The sediment variables Mg, Na and E.C. are responsible for the majority of the
discrimination between Mariginiup and the other wetlands (Figure 5-2) with
substantially higher concentrations of Mg and Na and elevated E.C. at Mariginiup than
the other wetlands (Table 5-1). Increased concentrations of K at Mariginiup (Table 5-1)
also contribute to the overall variability, but more so in discriminating between
Mariginiup and the wetlands from the Bassendean Dune system (Lexia, EPP 173, and
Bindiar) (Figure 5-2). Whereas, Al and S levels are more discriminatory between
Mariginiup and Walubuenup and Nowergup wetlands (Figure 5-2) with substantially
higher levels observed in the sediments at Mariginiup (Table 5-1). Mariginiup has
substantially lower pH levels than all other wetlands (Figure 5-2 and Table 5-1). Iron is
a key sediment parameter in discriminating between Mariginiup and Walubuenup and
Nowergup wetlands (Figure 5-2) with the latter two wetlands having higher
concentrations of Fe (Table 5-1).
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Like Mariginiup, the sediments at Walubuenup also show significant differences
from all the other wetlands in the study (Figure 5-2). The majority of the discrimination
between Walubuenup and the other wetlands (except Mariginiup) can be seen on PC2
(Figure 5-2). The sediment parameters mainly responsible for this discrimination
include Ca, Mn and Fe particularly between Walubuenup, and Lexia, EPP 173 and
Bindiar wetlands (Figure 5-2), with higher concentrations of these elements at
Walubuenup (Table 5-1). Other sediment parameters including T.C., K and pH also
show discrimination between Walubuenup and the Bassendean Dune system wetlands,
albeit to a lesser degree, with Walubuenup showing higher concentrations of T.C. and K
and lower pH (Table 5-1). The main sediment parameters responsible for the
discrimination seen between Walubuenup and Nowergup include Zn, Ca, S and Fe
(Figure 5-2) with Walubuenup having higher concentrations of all these elements as
well as higher levels of T.C., Mn, K and lower pH (Figure 5-2 and Table 5-1).
Figure 5-1 shows the PCA ordination with groupings depicting wetlands based
upon their parent geomorphology. The Bassendean Dune system wetlands (Bindiar,
Lexia and EPP173) are differentiated from the Spearwood Dune system wetlands
(Nowergup, Mariginiup and Walubuenup) by higher pH and lower E.C. and T.C.
(Figure 5-2). They also have lower concentrations of base elements (Ca, Mg, Na and K),
as well as lower levels of S, Fe and Zn and higher levels of Al (Figure 5-2).
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Figure 5-2: PCA analysis showing between wetland variability for sediments heated at 30 °C. Analysis is
based on the standardised median results for each sediment variable, for each wetland. Shading shows
wetlands from the same geomorphic unit (Spearwood system and Bassendean system). PC1 and PC2
account for 88.9 % of the variability. PC1 is characterised by increasing E.C., K, Na, Mg, S, and T.C. PC2
is characterised by increasing pH, Ca, Fe and Zn, and decreasing Al.

The descriptive statistics for each of the six wetlands (Table 5-1) shows both the
within-wetland and between-wetland variability. There was evidence of within-wetland
variability at all of the study wetlands. The greatest degree of within-wetland variability
for the measured sediment parameters was seen at Nowergup, Walubuenup and Lexia
wetlands. Within-wetland variability was linked to the organic-matter content or, more
precisely, the distribution of organic matter throughout the wetland. Those wetlands
with a higher degree of within-wetland variability demonstrated a much higher gradient
of organic matter accumulation between the margin and the centre of the wetland. A
degree of caution needs to be exercised in the interpretation of this variability due to the
small sample size (n = 3), however, the variability observed can be considered
representative of the heterogeneity of the sediments within a wetland.
Nowergup demonstrated a high degree of within-wetland variability for all the
physico-chemical parameters (pH, E.C., LOI, T.C. & moisture content) (Table 5-1).
Walubuenup and Lexia wetlands showed similarly high variability in LOI, T.C. and
moisture content (Table 5-1). At all three of these wetlands, the observed variability is
associated with one sampling site (sediment type 1) having substantially higher organic
matter content than the other two sampling sites (sediment type 2 and sediment type 3).
This pattern was observed at all wetlands, except Mariginiup and Bindiar, where
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organic-matter content was relatively similar across all three sampling sites;
coincidentally, both these wetlands contain predominately diatomaceous sediments.
Mariginiup showed some within-wetland variability for the physico-chemical
parameters with substantial variability in E.C. (Table 5-1). Variability for the physicochemical parameters at Bindiar was primarily associated with moisture content and E.C.
(Table 5-1). EPP173 showed comparably less within-wetland variability for physicochemical parameters than the other wetlands (Table 5-1).
A high degree of within-wetland variability was seen for all of the elemental
parameters across all wetlands (Table 5-1). Nowergup showed the greatest degree of
within-wetland variability for Al, Fe and S concentrations, with the higher
concentrations once again associated with the sediment type 1 sample site. Base element
(Ca, Mg, Na & K) responses were variable depending on the element and the wetland,
although once again there was a degree of variability at all six wetlands (Table 5-1). A
high degree of variability for the trace elements Mn and Zn was seen at Mariginiup and
Walubuenup for Mn and at EPP 173 and Nowergup for Zn.
Similarities in certain sediment characteristics were observed for wetlands from
the Spearwood system and wetlands from the Bassendean system. Typically the
Spearwood wetlands had a greater degree of within-wetland variability which was
linked to the higher organic-matter content of the sediments. The Bassendean wetlands
consistently had lower E.C., lower base-cation (Ca, Mg, Na, K) concentrations, lower
Fe concentrations, lower pH levels and higher Al concentrations than the Spearwood
system wetlands.
Acidity sensitivity ratios for sediments exposed to the 30 °C treatment again
exemplify the similarities and differences seen between the study wetlands. In
particular, the ratios show the similarities (lower degree of between-wetland variability)
between the wetlands situated in the Bassendean system (Lexia, EPP173 and Bindiar)
which are characterised by highly-leached poorly-buffered sands. These three wetlands
have elevated Al and low Fe concentrations as well as S concentrations which exceed
the divalent base-cation capacity of the sediments (Table 5-2). Whilst the concentration
of S is lower in the wetlands situated in the Bassendean system than those situated in
the Spearwood system, it is the extremely low base-cation levels which leave them
susceptible to acidification (Table 5-2). The Bassendean system wetlands also have
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elevated Na dominance index values (Table 5-2), all of which are indicative of an
increased sensitivity to acidification.
Those wetlands situated in the Spearwood system, whilst generally showing
slightly elevated Al to Fe ratios, have substantially lower ratios than the wetlands in the
Bassendean system (Table 5-2), the exception being Walubuenup which has low Al
concentrations (Table 5-1). Whilst being situated in the Spearwood system, Mariginiup
still demonstrated increased sensitivity to acidification (Table 5-2) regardless of the
higher divalent base-cation levels in the sediments; this was due, in part, to the
extremely high sediment concentrations of S (Table 5-1). Nowergup and Walubuenup
wetlands did not show increased sensitivity to acidification (Table 5-2). The cation
dominance ratios again exemplify the differences between the wetlands based on the
nature of the parent geology in which the wetland sediments are situated. The
Spearwood system wetlands are dominated by Ca or Mg whereas the wetlands situated
in the Bassendean system are typically dominated by Na; the exception being Lexia
which is dominated by Ca (Table 5-2).
The high sediment concentrations of S and Fe are indicative of the presence of
pyritic minerals in many of these wetlands (Table 5-1). The SEM performed on a
selection of the sediments confirmed the presence of pyrite (see appendix 16 and 17).
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Table 5-1: Descriptive statistics for air dried sediments (30 C) from each of the six wetlands. Variables include physico-chemistry and elemental composition (ug.g ). pH
and conductivity measured in a 1:5 solution (w = deionised water suspension; CaCl2 = calcium chloride suspension). Moisture content calculated on sediments dried at
100 °C (% Moisture 100). Loss on ignition (%LOI) calculated on samples combusted at 550 °C and corrected for moisture content; total carbon (T.C.) samples combusted
a
b
at 1000 °C. Spearwood System wetlands; Bassendean System wetlands. Median values are presented for each wetland (n = 3); S.E. = standard error.
Variable/Wetland

Lake Nowergupa
Median

Walubuenupa

Lake Mariginiupa

Lake Bindiarb

S.E. (+/-)

Median

S.E. (+/-)

Median

S.E. (+/-)

Median

S.E. (+/-)

EPP 173b
Median

S.E. (+/-)

Lexia Wetlandb
Median

S.E. (+/-)

pHw

6.30

1.59

pHCaCl

5.59

0.95

5.57
4.57

0.27
0.18

4.69
4.05

0.23
0.12

4.74
4.03

0.41
0.30

5.68
4.21

0.06
0.05

5.63
4.30

0.42
0.22

E.C.w

111.00
0.37
0.99
26.10

449.67
22.44
9.99
21.91

181.10
10.29
4.59
37.29

48.70
25.86
12.06
22.12

3040.00
33.98
20.30
73.99

688.29
1.37
0.99
4.30

423.00
13.70
5.85
60.67

66.07
1.34
1.91
19.93

120.20
6.98
4.06
20.67

3.64
1.52
1.32
2.55

97.20
9.56
6.42
28.06

34.86
20.56
12.34
19.67

3132.50
1009.12
74.17
263.75

2368.59
6770.78
23759.80
667.45

3136.25
6361.25
1452.50
2163.75

558.46
3096.38
7270.83
2968.78

9727.5
4518.75
26237.5
2850.0

444.09
895.40
3831.10
693.51

10896.25
1463.75
2816.25
248.25

2304.32
612.82
1003.62
66.50

3567.50
625.13
1673.75
270.88

1158.92
156.20
676.23
59.79

5416.25
411.5
2608.75
200.88

1440.76
99.48
6615.53
658.61

Mn

90.89
198.37
127.37
6.64

54.82
321.21
32.28
1.38

321.0
423.75
138.87
9.71

281.33
508.06
26.87
2.10

1828.75
2315.00
261.38
14.19

492.88
925.11
64.06
3.47

172.12
463.37
94.98
2.75

48.64
107.31
16.10
0.40

161.25
418.63
81.88
4.07

10.83
43.53
16.91
0.53

142.38
468.38
72.58
4.42

466.58
193.87
20.07
0.75

Zn

8.50

4.35

5.23

5.68

0.84

2.73

2.01

0.52

11.37

4.60

2.03

2.33

% LOI
% T.C.
% Moisture100
Al
Fe
S
Ca
Mg
Na
K
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Table 5-2: Significant ratios for air dried sediments (30 °C) at each of the six wetlands. Ratios include
total aluminium to total iron concentrations (Al:Fe), total sulphur to combined calcium and magnesium
-1
concentrations (TS: (Ca + Mg), determined as ug.g . Sodium dominance index (SDI) is calculated as the
total amount of sodium as a measure of the sum of sodium, calcium and magnesium concentrations of the
sediment calculated as milliequivalents (me). Cationic dominance is based on ratio of sediment
-1
concentrations measured as ug.g . Values are median ratio values for each wetland (n = 3); S.E. =
standard error.
Wetland/Ratio

Al:Fe

TS:(Ca+Mg)

Median

S.E. (+/-)

Median

S.E. (+/-)

Lake Nowergup

2.71

1.72

0.33

Walubuenup

0.49

0.45

Lake Mariginiup

1.87

Lake Bindiar

SDI

Cationic Dominance

Median

S.E. (+/-)

11.34

29.47

0.02

Ca>Na>Mg=K

0.59

0.64

12.37

0.00

Ca>Na>Mg>K

1.30

5.61

1.24

25.59

0.03

Ca≥Na>Mg>K

7.44

8.38

6.70

1.35

43.14

0.02

Na>Ca>Mg>K

EPP 173

5.19

14.51

3.29

1.68

38.96

0.02

Na>Ca>Mg>K

Lexia Wetland

20.07

9.52

6.64

0.46

41.74

0.10

Ca>Mg=Na>K

5.3.2 TEMPERATURE EFFECT
PERMANOVA analysis (Table 5-3) showed that significant differences in
sediment physico-chemical and geochemical characteristics were seen between
temperature treatments (PERMANOVA: Pseudo-F = 4.118, P < 0.001). Pair-wise
analysis of temperature treatments (Table 5-3) shows that the sediment geochemistry for
the 30 °C treatment was significantly different from the 300 °C treatment, 550 °C and
the 800 °C treatments (PERMANOVA, P < 0.05); however, it was not significantly
different from the 100 °C treatment (PERMANOVA, P = 0.541). Additionally, there
was no significant difference between the 100 °C and 300 °C treatments
(PERMANOVA, P = 0.124), but there were significant differences between the 100 °C
and the 550 °C and 800 °C treatments (PERMANOVA, P < 0.05) (Table 5-3). The 300
°C temperature treatment was not significantly different from the 550 °C
(PERMANOVA, P = 0.127); but was significantly different from the 800 °C
temperature treatment (PERMANOVA, P < 0.05) (Table 5-3). The 550 °C and the 800
°C temperature treatments were not significantly different from each other
(PERMANOVA, P = 0.641) (Table 5-3).
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Table 5-3: PERMANOVA results of Main effects and Pairwise comparisons for temperature treatments.
Variables analysed include pH, E.C., S, and T.C. Tests were run with 9999 permutations under a reduced
model. Significant results are shown in bold.

Test
Main effects
Pairwise

Factor
Temperature
Temperature Treatments (°C)
30, 100
30, 300
30, 550
30, 800
100, 300
100, 550
100, 800
300, 550
300, 800
550, 800

Pseudo-F
4.118
t
0.77
1.78
2.50
2.84
1.41
2.29
2.76
1.39
2.08
0.74

P-value
<0.001
P
0.541
0.046
0.003
< 0.001
0.124
0.008
< 0.001
0.127
0.006
0.641

The two-dimensional PCA ordination of the standardised median temperature
treatment data shows that the two axes account for 96.5 % of the variability (Figure 5-3)
(see appendix 16 for principal component correlations). The majority of the variability
between median temperature responses is accounted for by PC1 (86.9 %) which showed
a clear separation between the low to mid-temperature treatments (30 °C – 300 °C) and
the higher temperature treatments (550 °C – 800 °C), characterised by an increase pH
and a decrease in S, T.C. and E.C. (Figure 5-3). The variability that is seen on PC2,
which accounts for 9.5 % of the variability between median values, depicts the sediment
response to the low- and mid-temperature treatments (30 °C – 300 °C) (Figure 5-3). As
temperature increases, there is a decrease in E.C. and S as well as a slight decrease in
T.C. (Figure 5-3).
Heating sediments to 100 °C resulted in a slight increase in pH (less than 1 pH
unit) and negligible changes in T.C. and E.C. compared with the air-dried sediments
(Figure 5-4a-f). Heating sediments to 100 °C also resulted in a decrease in S contents.
With the exception of Nowergup, there was a loss of S with reductions ranging from
approximately 30 – 65 % of the air-dried sediment content (Figure 5-5a).
As sediments were heated to 300 °C, there was an increase in pH (Figure 5-4b-e),
the exceptions being Nowergup (Figure 5-4a) and Bindiar (Figure 5-4f). Increases in
median pH values ranged between 12 - 28 % after heating at 300 °C (Figure 5-5c).
Heating sediments to 300 °C generally resulted in a decrease in E.C. with the exception
of Mariginiup and Bindiar where there were increases (Figure5-4a-f); interestingly, both
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these wetlands are dominated by diatomaceous sediments. There was a decrease in T.C.
associated with heating sediments to 300 °C, again Bindiar and Mariginiup showed the
greatest loss, with EPP 173 and Nowergup showing the least amount of change (Figure
5-4). Losses in T.C. ranged between < 1 % at EPP 173 through to 35 % at Bindiar
(Figure 5-5b).
Continued heating of the sediments above 300 °C resulted in further reductions in
T.C. and S as well as increases in pH. Heating the sediments above 300 °C resulted in
substantial reductions in T.C., particularly at Mariginiup, EPP 173 and Bindiar (Figure
5-4b, d and e respectively) whilst substantial T.C. losses occurred at Walubuenup when
temperatures reached 800 °C (Figure 5-4c). Reductions in T.C. ranged between median
values of 40 % - 100 % at 800 °C across all the wetlands (Figure 5-5b). Continued
heating of the sediments above 300 °C resulted in further losses of S with virtually 100
% loss, when compared with air-dried sediment concentrations, occurring at 800 °C
across all wetlands (Figure 5-5a).
The Molarity of Ethanol Droplet (M.E.D.) test showed that for the majority of
wetlands, the water repellence of wetland sediments was considered very severe with
increasing temperature up to 300 °C; above this temperature water repellence is
destroyed (Figure 5-6a-f). The exceptions being; sediment type 1 and sediment type 2 at
Nowergup where water repellence remained low across all of the treatment
temperatures (Figure 5-6a). Hydrophobicity also occurred at Walubuenup, the
difference being that water repellence became very severe at 300 °C for sediment type
2, above this temperature water repellence returned to low for all sediment types (Figure
5-6c). The severity of water repellence at Bindiar was different from the other wetlands
in that it ranged between low to moderate. Sediment type 2 and sediment type 3 at Lake
Bindiar showed low water repellence which increased to moderate when heated to 300
°C, after which water repellence returned to low. Interestingly, sediment type 1 at Lake
Bindiar had moderate water repellence which decreased to low when heated at 300 °C
(Figure 5-6f).
Sediment colour also changed as a result of heating (Table 5-4). In general,
heating sediments between 30 °C and 300 °C resulted in an increase in hue with
yellowing and then reddening of the sediments as temperatures increased. Further
heating of the sediments above 300 °C resulted in a change of hue towards grey,
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particularly in the more organic sediments, associated with the formation of ash. The
removal of organic matter with increasing temperature also resulted in an increase in
Munsell values and chromas (Table 5-4).
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Figure 5-3: Two-dimensional PCA ordination of the standardised median sediment data for all heat treatments. PC1 and PC2 account for 96.5 % of the variability
between median values. PC1 is characterised by increasing pH, and decreasing S, and to a lesser degree decreasing E.C. and T.C. PC2 is characterised by increasing
E.C., and decreasing T.C., and to a lesser degree increasing pH and S.
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Figure 5-4 : Mean wetland values for sediment pH, sediment conductivity (E.C.), and total carbon (T.C.)
across the 5 heat treatments at (a) Nowergup, (b) Mariginiup, (c) Walubuenup, (d) EPP 173, (e) Lexia, and
(f) Bindiar; (n = 3).
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Figure 5-5: Median percentage change in response to increasing temperature for (a) total sulphur (S), (b) total carbon (T.C.), (c) pH at each wetland; (n = 3).
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Figure 5-6: Molarity of Ethanol Droplet (MED) water repellence test for the three sediment
types exposed to 5 heat treatments at (a) Nowergup, (b) Mariginiup, (c) Walubuenup, (d)
EPP 173, (e) Lexia, and (f) Bindiar; (n = 3). Water repellence ratings according to King
(King, 1981): < 1.0 = low, 1.0 – 2.0 = moderate, 2.0 – 3.0 = severe, and > 3 = very severe.
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Table 5-4: Munsell colour changes of heat treated sediments at each of the six wetlands (T = Heat Treatment; ST = Sediment Type).
Nowergup
T/ST

Mariginiup

1

2

2.5Y-7/1

2.5Y-6/1

Gley1-2.5/1

3

2.5Y-7/1

7.5YR-7/2

Gley1-2.5/N

30 °C

T/ST

1

5Y-5/3

5Y-6/1

5Y-5/1

2.5Y6/1

5Y-7/2

5YR-5/1

5YR-7/1

Gley 2-2.5/5BG

2.5Y-7/2

7.5YR-7/2

2.5Y-2.5/1

5Y-2.5/1

5Y-2.5/2

7.5YR-5/1

7.5YR-8/3

Gley 2-3/5PB

2.5Y-2.5/1

800 °C

Gley 2-5/10PB

Gley 1-4/N

Gley 1-4/N

7.5YR-2.5/3

5YR-3/2

5YR-2.5/1

Gley 1-3/N

2.5Y-7/1

T/ST

1

2

5Y-2.5/1

100 °C

7.5YR-3/4

2.5Y-3/2

2.5Y-2.5/1

7.5YR-5/1

5Y-2.5/1

Gley 1-2.5/N

Gley 2-2.5/5PB

2.5Y-2.5/1

300 °C

2.5Y-3/2

5YR-2.5/2

5Y-2.5/1

Gley 1-2.5/N

5Y-2.5/1

7.5YR-3/2

Gley 1-3/10Y

Gley 1-2.5/N

7.5YR-4/4

5Y-3/1

10R-4/6

Gley 2-2.5/5PB

2.5Y-3/2

5Y-2.5/2

Gley 1-2.5/N

Gley 1-3/N

5Y-2.5/1

Gley 1-2.5/N

2

3

2.5Y-3/3

7.5YR-7/1

5Y-6/2

7.5YR-5/1

2.5Y-6/1

2.5Y-7/1

5YR-5/3

7.5YR-5/1

5YR-6/1

2.5Y-2.5/1

Gley 1-8/N

Gley 1-6/N

Gley 1-8/N

Gley 1-8/N

Gley 1-8/N

300 °C
550 °C
Gley 1-5/N

800 °C

1

100 °C

550 °C
Gley 2-2.5/5PB

5YR-2.5/1

30 °C

300 °C

550 °C

T/ST

5Y-3/1

100 °C

Gley 1-5/N

7.5YR-2.5/1

Bindiar
3

30 °C
7.5YR-3/4

5Y-2.5/1

Lexia
3

30 °C
5YR-3/2

2.5Y-2.5/2

800 °C

EPP 173
2

3
7.5YR-2.5/2

550 °C

800 °C

1

2
5Y-3/1

300 °C

550 °C
7.5YR-8/3

1
2.5Y-3/2

100 °C

300 °C

550 °C

T/ST
30 °C

100 °C

300 °C

800 °C

3

2.5Y-6/2
30 °C

100 °C

T/ST

2

Walubuenup

Gley 1-2.5/N

Gley 1-3/N
800 °C
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5.4. DISCUSSION
Two conspicuous patterns are evident in the results. Firstly, a large degree of
sediment heterogeneity in terms of its physical, physico- and geochemical
characteristics both within and between wetlands, can be broadly associated with the
spatial distribution of wetlands within the landscape. Secondly, this study revealed key
sediment responses to heating irrespective of the sediment characteristics. Perhaps
unsurprisingly, the heterogeneity and nature of the response to heating, seen in the
wetland sediments, together revealed the centrality of sediment organic matter.
Heterogeneity in geomorphic units
The greater degree of variability seen in the sediment physical, physico- and
geochemical parameters in wetlands from the Spearwood system, compared with
sediments from the Bassendean system, can be linked to the generally higher levels of
organic matter in the Spearwood wetland sediments. These sediment characteristics are,
in part, a product of the underlying geomorphology. The results of this study indicate
that the geochemical heterogeneity and spatial variability seen in the wetland sediments
from the Spearwood system, can be linked, in part, to thermal severity (Pereira &
Úbeda, 2010), which is related to sediment organic matter and moisture contents.
By contrast, the wetlands from the Bassendean system exhibit considerably lower
degrees of both within- and between-wetland sediment variability which is attributable
to their highly leached nature. An extended period of leaching experienced by the soils
and sediments in the Bassendean system has led to the depletion of base-cations and
other elements within the sediments which has resulted in increased sensitivity to
acidification. The leaching of base-cations from wetland sediments on the SCP has
previously been linked to drought-induced acidification associated with episodic
drawdown of the groundwater table, associated with fluctuating rainfall, and everincreasing abstraction of groundwater from the unconfined aquifer (Appleyard & Cook,
2009; Salama et al., 2005). The results of this study offer an additional postulation; in
that, fire, and, in particular heating and the physical, mineralogical and geochemical
changes that is induced in wetland sediments, might also responsible for the ‘leached’
nature of the soils and sediments of the Bassendean system.
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Temperature Effects
Changes in the physical, mineralogical and geochemical nature of the sediment
can be grouped into three broad burn-temperature ranges that include low (< 30 °C – ≤
300 °C), medium ( ≥ 300 °C – ≤ 550 °C) and high (550 °C +) and which are similar to
the categories proposed by Rein et al. (2008b). Many of the temperature induced
changes in the physical and chemical properties of sediments seen in this study are
commensurate with previous studies which have also noted an increase in pH and E.C.
and an understandable decrease in levels of organic matter and T.C. with increasing
temperature, as well as the transformation (i.e. formation and destruction) of numerous
ionic compounds, such as hydroxides and carbonates (Certini, 2005; Neary et al., 2005;
Notario del Pino et al., 2008; Smith et al., 2001).
At low temperatures, sediment pH levels in this study were quite acidic. This is
likely due to the oxidation of pyritic minerals (as explained by Appleyard & Cook,
2009; Semeniuk & Semeniuk, 2005) (see appendix 17 and 18 for evidence of pyritic
minerals in wetland sediments) and the subsequent generation of acidity which
apparently overrides any buffering effects associated with the removal/transformation of
organic acids and base element concentrations within the sediment. This low
temperature phenomenon, often referred to as ‘drought-induced acidification’, has been
well documented for the sediments of the SCP (Appleyard & Cook, 2009; Appleyard et
al., 2004; Sommer & Horwitz, 2001). Along with acidic pH, the impacted sediments
typically have high concentrations of SO42- and Fe, by-products of pyrite oxidation.
Substantial increases in pH were seen at a number of the wetland sediments when
they were exposed to medium temperature treatments. Several studies have reported
that the distillation, followed by the combustion of organic material, begins to occur at
these lower temperatures (Neary et al., 1999; Neary et al., 2005). The combustion of
organic matter at these temperatures was supported by the SEM analysis of
Walubuenup sediment which showed a decrease in the amount of organic carbon
present with increases in temperature (see appendices 19 – 22). As this pH response was
evident across wetlands from the Spearwood and Bassendean systems, it is likely that
the rise in pH is due to the oxidation of organic matter, and thus the removal of organic
acids rather than a reflection of carbonate-buffering capacity. The E.C. response in
many of the wetland sediments at the low to mid-temperatures further supports the
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proposition that pH rises at these temperatures were due to the removal of organic acids,
and not from carbonate buffering or cation exchanges. Electrical conductivity decreased
for many of the wetland sediments when they were exposed to temperatures up to 300
°C, after which E.C. generally increased. By contrast, Certini (2005) proposed that fire
induces an increase in E.C., and Terefe et al. (2008) showed that E.C. increased at low
to mid-temperatures due to the liberation of ions released from the organic matter when
it is combusted. The results of the current study support other literature which suggests
that elements with low boiling points are being volatilised at low temperatures, others
are removed by convection being attached to particulate matter, and those that are
persistent due to high boiling points are forming insoluble complexes (Neary et al.,
1999; Qian et al., 2009a, 2009b).
There are a number of inorganic elements with low melting and boiling points
which, when heated at low to medium temperatures will be lost through volatilisation
and as particulate matter in smoke (Neary et al., 1999; Qian et al., 2009a). Affected
elements typically include P, N and S. Of particular interest to this study were the
effects of heating on S concentrations. Sulphur cycling is important in determining the
actual and potential acidity capacity of wetland sediments. The loss of elemental
sulphur is also likely to affect the sulphur cycle should the sediments rehydrate, with
anoxic conditions returning to the wetland. Potentially, this will reduce the stored
acidity within the sediments, as well as the potential for acidification in the future. This
projection is further supported by the results of the current study which show that there
was a continuous loss of S with heating. The reduction in elemental S, should result in a
reduction in the ratio of S to Ca and Mg. Lucassen et al. (2002) demonstrated that
sediments with a S/(Ca + Mg) ratio of 2/3 or less had a reduced susceptibility to
sediment acidification.
The low E.C. results seen at low to mid temperatures and the subsequent increase
seen at temperatures above 300 °C, in fact, may be due to the formation of water
repellence within the sediments. Organic matter has been shown to play a role in the
formation of water repellence and a reduction in hydraulic conductivity in sediments
exposed to low to medium heating (Certini, 2005). The current study demonstrates that
sediments, which had a proportion of organic matter (above 3% LOI), became
hydrophobic when exposed to temperatures up to 300 °C. A number of studies have
investigated the mechanisms by which water repellence is formed (see Certini, 2005;
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DeBano, 2000). It appears that there are several factors responsible but ultimately it is
associated with qualitative changes in organic carbon and is created by the
polymerisation and condensation of organic molecules on sediment particles and
aggregates. Given the heterogenic nature of the distribution of organic matter
throughout wetland sediments, water repellence is likely to be patchy and to lead to the
formation of preferential flow-paths throughout the sediment profile. In fact, this may
facilitate the flow of water through wetland sediments and increase hydraulic
conductivity. This, in turn, will impact upon the solubility and mobilisation of elements
into solution. Other qualitative changes affecting organic carbon at these low to medium
temperatures include the formation of an organic cement, which coated aggregates and
the formation of ‘black carbon’ through the incomplete combustion of organic matter
(Certini, 2005; DeBano, 2000; DeBano et al., 1998; Terefe et al., 2008) (see appendix
24). Again, these qualitative changes in organic matter are likely to impact upon the
solubility and mobilisation of ions. Once temperatures exceeded 300 °C, any water
repellence present was destroyed. Again this is commensurate with previous studies
(Certini, 2005; DeBano, 2000) and is thought to occur as a result of the complete
combustion of organic molecules at higher temperatures. This, in turn, alters the
physical stability of the sediments and impacts upon hydraulic conductivity. As
aggregates are destroyed and finer particles fill in pore space, then hydraulic
conductivity will be impeded. As such, heated sediments create preferential flows,
whereas overheated sediments impede flow. This may be the cause of the previously
discussed within-wetland sediment heterogeneity.
As heating increased above 300 °C there was a commensurate rise in sediment
pH, as has been noted in numerous studies (Certini, 2005; Neary et al., 2005; Smith et
al., 2001; Ulery et al., 1993), as well as a correlated decrease in total carbon levels. This
increase in pH has been generally attributed to the formation of ash with increased basecation concentrations associated with the denaturation of hydroxides and carbonates of
Ca, Mg and K (Ulery et al., 1993). Ulery et al. (1993) also demonstrated that calcite
provides longer-term buffering of the sediment against acidity and that K compounds
are highly mobile and offer a very transient form of acidity buffering. Further study into
the geochemical complexes being formed by base-cations is required to gain a better
understanding of the acidity buffering processes occurring as a result of the formation of
ash.
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Many of the inorganic elements have boiling points which are in excess of 1000
°C. This then results in a concentration effect, due to consolidation associated with the
loss of mass through the combustion of organic matter, or the oxidation of carbonates at
higher temperatures. Where this occurs with metals such as Al or Fe, and in sediments
with poor carbonate buffering capacity (i.e. those from the Bassendean system), it is
likely to result in the generation of metal acidity within the sediments and the lowering
of pH levels. This mineral acidity may be negated by the addition of a base-cation rich
ash either from the combustion of in-situ organic matter within the sediments or from
the combustion of above-ground biomass. The addition of base-cations via ash to acidic
sediments resulted in the reduction of exchangeable Al and a concomitant rise in pH
(see Ludwig et al., 1998). Of particular interest is the transformation in Fe mineralogy.
This study has shown that Fe, a known by-product of pyrite oxidation, is prevalent,
particularly in the Spearwood system wetland sediments. The transformation between
phases of Fe oxides has been shown to either increase acidity or assist with the
buffering of acidity, depending on the mineralogical phase (Sullivan & Bush, 2004).
Different thermal intensities have been shown to facilitate different phase
transformations such as goethite to haematite. Heating has also been shown to affect the
magnetic characteristics of Fe compounds, and Ketterings et al. (2000) demonstrated the
use of magnetic susceptibility as a tool in determining fire intensity and the
mineralogical phases of Fe compounds associated with heating. This could be similarly
used to identify the fire frequency within a wetland and Fe mineralogical phases within
wetland sediments, with a view to determining further sediment acidification potential.
While silicates were not examined directly as part of this study, there is evidence
of their occurrence within wetland sediments (see appendix 19 – 23). The resilience of
silicates to heating and subsequent persistence within the sediment, as well as their
interaction with other elements, warrants further investigation; particularly, the role they
play in influencing the geochemistry of sediments impacted by fire.
5.5. SUMMARY AND CONCLUSION
A review of the available literature, and the findings of the study reported in the
preceding chapters (see Chapters 3 and 4), indicate that severely oxidised wetland
sediments through the passage of fire can lead to fire-induced acidification and
associated contamination with soluble inorganic elements of wetland surface- and
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groundwater. Yet, to date, there have been few studies that have analysed the physical,
physico- and geochemical changes in freshwater wetland sediments exposed to fire.
The results of this study have confirmed that the occurrence of fire within
wetland sediments acts as a severe disturbance event resulting in the distillation,
volatilisation and oxidation of organic matter and mineral compounds. The study also
identifies the importance of temperature in determining the acidification potential of the
sediment, with low temperatures promoting acidity generation and high temperatures
promoting an acid-buffering effect. This buffering is achieved through the complete
oxidation of organic matter and the formation of a base-cation rich ash, through the
denaturation of carbonates and oxides. There is also evidence to suggest that the
volatilisation of sulphur species may reduce the susceptibility of sediments to future
acidification events by reducing the potential for future stored acidity.
Further information is required as to the temporal nature of the acid-buffering
capacity of the ash formed, particularly in poorly-buffered catchments. Additionally,
more information is required as to the nature of Fe cycling in fire-impacted sediments,
as this may influence both the realised and stored acidity capacity within the sediments.
The mineralogical transformation of a number of metals requires further investigation.
Additionally, the results of this study may help us to infer fire severity or more
pertinently, thermal severity and relate this to potential changes in water quality of
wetlands and their associated ecosystems. Additionally, the results may give us further
insight into how fire has influenced and continues to influence, the geochemical
heterogeneity of the wetland sediments of the SCP. Heated sediments create preferential
flows, whilst overheated sediments impede groundwater flow. In order to understand
how these physical, mineralogical and geochemical perturbations to wetland sediments
will influence wetland water quality, it is important to analyse the hydrochemistry of
rehydrated burnt sediments.
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CHAPTER 6
INORGANIC HYDROCHEMICAL RESPONSE TO THE REHYDRATION OF
FRESHWATER WETLAND SEDIMENTS WHICH HAVE BEEN
DEHYDRATED, HEATED AND BURNT BY FIRE: A MICROCOSM STUDY

6.1. INTRODUCTION
The depressional wetlands of the Swan Coastal Plain (SCP) are a definitive
component of the bioregion, a theme reiterated throughout this thesis. In particular,
these wetlands play an important role in regulating water quality, both surface- and
groundwater, acting as a source/sink for many nutrients, elements and toxins. It is
therefore imperative that the functioning of these wetlands is understood and
maintained. As described earlier in this thesis, the physical and geochemical nature of
wetland sediments and the in-situ pore- and surface water quality and groundwater
quality emanating from wetland sediments upstream, are inter-related: each influences
the other. Water quality is, for example, regulated via the sediment cation exchange
capacity (CEC) which strongly influences the leaching pattern of wetland sediments,
and is important in determining the availability of ions, nutrients, heavy metals and
other pollutants in the water column (Dawson et al., 2004; Saunders & Kalff, 2001). In
turn, wetland hydrology dictates the CEC capacity of the sediments by regulating the
accumulation of organic matter (Stephens, 1969 cited in Reddy & DeLaune, 2004;
Ryder & Horwitz, 1995).
Superimposed on these relationships is fire. Fire plays an important role in the
functioning of terrestrial and wetland ecosystems, particularly in nutrient cycling and
availability. The effects of Fire are multifarious and range from the combustion of
above-ground biomass to impacts upon the physical structure and the geochemical,
hydrochemical and biochemical functioning of the sediments themselves (see DeBano
et al., 1998; Horwitz & Sommer, 2005; Neary et al., 2005; Semeniuk & Semeniuk,
2005). Most studies examining the effects of fire upon wetland sediments and water
quality have concentrated upon nutrient fluxes post-fire and their potential to elicit
eutrophication events (Battle & Golladay, 2003; López-Arcos et al., 2012; Smith &
Newman, 2001; Smith et al., 2001). The conflicting findings of many of these studies
allude to the spatial patchiness and transient nature of any nutrient enrichment following
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fire in wetland sediments. Whilst nutrients have been investigated quite extensively,
little attention, to date, has been given to the effects on broader aspects of inorganic
chemistry and their implications for changes in water quality.
Typically, wetland water quality as measured in the field will provide a signal
comprised of inputs from the broader catchment as well as in-situ inputs. Broader
catchment effects can include nutrient inputs from above-ground biomass and the
heating and combustion of soils, whereas, in-situ effects include the geochemical and
hydrochemical impacts from the heating and combustion of actual wetland sediments.
In a study of catchment effects upon wetland water quality, Battle and Golladay (2003)
proposed that it is the influence of fire-impacted soil rather than that of vegetation
which has a dominant effect upon wetland water quality. Additionally, Battle and
Golladay (2003) demonstrate that the nutrient influx was linked to the amount and
duration of precipitation. However, their study did not take into account the direct
influence burnt sediments had on wetland water quality.
The findings of the preceding chapter (Chapter 5), as well as a number of other
studies (see reviews by Certini, 2005; Rein et al., 2008a), have identified that the
heating and combustion of organic-rich sediments and soils results in a number of
physical, mineralogical and geochemical changes that have the potential to affect water
quality. These changes include qualitative and quantitative changes in the pool of
organic matter, including a reduction in the amount of organic matter and structural
changes in carbon, where heating did not result in complete oxidation (Alexis et al.,
2010). Heating also facilitated the oxidation of ferric and sulphidic minerals which
influenced pH downwards. Changes in pH were also attributed to the denaturation of
organic acids and the creation of a base-cation rich ash (López-Arcos et al., 2012; Qian
et al., 2009a). The formation of ash and structural changes in the sediment also
impacted upon the bulk density and pore-space of the sediment. These physical
changes, coupled with the creation or destruction of hydrophobic substances which coat
sediment surfaces, have the potential to influence hydraulic conductivity, thus
influencing water quality. The type, extent and magnitude of fire-related impacts seen in
microcosm sediment experimentation (see Chapter 5) and organic soils (see reviews by
Certini, 2005; Rein et al., 2008a) are directly related to the temperature reached during a
fire event.
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Given the above, it is hypothesised that the hydrochemistry of wetland waters,
following the rehydration of burnt sediments, is dependent upon 1) element solubility,
2) rainfall (amount and timing) and wetland hydrology, 3) season of fire, 4) fire
intensity (heat) and severity (amount of fuel consumed), 5) pre-fire sediment
geochemistry, and 6) catchment-related effects. To date, little research has been
undertaken into the effects of temperature and geochemical variability of wetland
sediments with regard to influencing water quality following the passage of fire.
The aims of this study were to i) analyse and compare the changes in water
quality as a result of the effects of fire (in particular, heating) on wetland sediments, and
then ii) examine if and how these impacts are altered with time since burn and iii) the
effect of between- and within-wetland sediment heterogeneity. Analyses were based
upon the physical and geochemical responses seen in wetland sediments that were
exposed to varying temperature treatments under laboratory conditions (see preceding
chapter). By conducting the experiment in microcosms, the catchment effects of fire on
wetland water quality could be eliminated, and the effects of temperature estimated as a
precise range of temperature treatments.
6.2. MATERIALS AND METHODS
6.2.1 EXPERIMENTAL DESIGN
Sampling sites, sediments and general experimental design are the same as those
used in Chapter 5. The exception was the use of an additional heat treatment, namely
Field Moist (not heated). The use of this treatment was designed to act as a control for
determining the effects of drying, heating and combustion on water quality.
Sediments were collected from three sites within each of six wetlands, providing a
total of 18 sediment samples. Each of these sediment samples was then exposed to six
different heat treatments chosen to be representative of the different temperature
gradients that might readily be experienced throughout the sediment profile during a fire
event (see Chapter 1).
Treated sediment was placed into a microcosm and rehydrated with doubledeionised water (Milli-Q), resulting in 108 microcosms in total (Table 6-1). Porewater
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samples were collected on day 7 and day 28 with treatment effects determined on day 7,
data and temporal effects ascertained using day 28 data.
The six wetlands fall into two broad categories which are characterised by their
underlying geomorphology: the Spearwood group and the Bassendean group. The
Spearwood group is represented by Nowergup, Mariginiup and Walubuenup wetlands
while the Bassendean group is represented by EPP173, Lexia and Bindiar wetlands. The
Spearwood group is situated closer to the coast and is characterised by calcareous
limestone parent geomorphology, whereas the Bassendean group is characterised by
highly-leached sands. These categories are used for analysis and reporting purposes
throughout the remainder of this chapter.
Table 6-1: Experimental design of the study, showing the way the 108 microcosms were constituted.

Nowergup

Mariginiup

Walubuenup

EPP 173

Lexia

Bindiar

Sediment Types

3

3

3

3

3

3

Heat treatments

6

6

6

6

6

6

Total Microcosms

18

18

18

18

18

18

Wetland

6.2.2 SAMPLE COLLECTION AND PREPARATION
Site selection, and sample collection and preparation have been described in the
preceding chapter (Chapter 5). Individual bulk sediment samples for each wetland
sampling site were thoroughly homogenised, sieved (2 mm mesh) and 6 sub-samples
were taken and exposed to the following heat treatments i) field-moist (no heat
treatment applied), ii) 30 °C, iii) 100 °C, iv) 300 °C, v) 550 °C and vi) 800 °C.
Heat treatments were applied using a muffle furnace (ModuTemp WW71A),
except for the field-moist and the 30 °C treatments. Each sub-sample was placed in the
muffle furnace after which time the furnace was switched on and allowed to reach the
predetermined temperature. Once attained, the sub-samples were allowed to remain
exposed to the treatment temperature for a period of 2 hours, as this was deemed
representative of the exposure time of fuels during the movement of a smouldering front
(see Chapter 1). The field-moist treatments were maintained at field moisture (i.e. not
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allowed to dry out), whilst the 30 °C treatments were dried at room temperature until a
stable weight was attained (when weight loss became negligible).
At the end of this 2 hour period, each sub-sample was removed from the furnace,
placed in a desiccator and allowed to cool. Ten (10) g (dry weight) of treated sediment
sub-samples were then placed into a 500 mL black polyethylene container and
rehydrated with 500 ml of double-deionised (Milli-Q) water and sealed with a screw top
cap. Microcosms were mixed thoroughly for thirty minutes. Microcosms were
constantly oxygenated via an air tube and aerator fed through a hole in the cap of the
microcosm (Figure 6-1). The microcosms were oxygenated to ensure that similar redox
(oxidation/reduction) conditions were occurring across all treatments. This would also
replicate typical aerobic conditions experienced in the saturated zone following
rehydration (precipitation and groundwater flow-through) of the sediments, subsequent
to the passage of fire. Microcosms were stored in a temperature-controlled room, set at
18 °C, and agitated daily.
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Figure 6-1: Individual microcosms with aeration tubes, stored in a temperature controlled room set to 18
°C (Photo: D. Blake).

6.2.3 PHYSICAL AND CHEMICAL ANALYSES
Water quality variables were comprised of both physico-chemical parameters and
selected inorganic ions (cations, anions and metals). Physico-chemical parameters
included pH, electrical conductivity (E.C.), dissolved oxygen (D.O.), redox and
temperature. The concentrations of select inorganic ions (chosen to avoid correlation
and detect acid generation, ash leachate, buffering capacity of sediments, and solubility
of metals), were also analysed. Analytes included aluminium (Al3+), arsenic (Astotal)
iron (Fetotal), sulphur (Stotal), manganese (Mntotal), zinc (Zn2+), calcium (Ca2+),
magnesium (Mg2+), potassium (K+), sodium (Na+), sulphate (SO42-), chloride (Cl-),
inorganic-N (NH4+, NO2- & NO3-) and phosphate (PO43-).
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Physico-chemical parameters were measured using a calibrated multi-parameter
meter (Orion 5-star). Measurements were done directly on the 1:50 sediment slurry.
Microcosms were agitated for 10 minutes and then allowed to ‘sit’ for 5 minutes prior to
measurements being recorded. Measurements for physico-chemical parameters were
collected every 2 days between days 1 to 10 and then weekly between days 14 to 42. As
the microcosms were oxygenated and kept in a temperature-controlled room, the D.O.,
redox and temperature parameters were not used in the statistical analysis, but rather
provided a means of ensuring that these variables were being controlled during the
experiment. The microcosms were also weighed, when physico-chemical parameters
were measured, to ensure that a 1:50 ratio was maintained.
Water samples were extracted on day 7 and day 28. The microcosms were
agitated, and then 60ml of microcosm porewater was extracted using a 60 ml plastic
syringe. The sample was then filtered through 0.45 µm cellulose acetate filters (presoaked in Milli-Q) and aliquots placed into 4 x 10 ml polycarbonate (Falcon) sample
tubes. One tube was allocated for metals analysis and preserved with 2 % nitric acid.
The second tube was used for inorganic-N and PO43- analysis which was frozen until
analysis was performed. The third tube was used for Cl- and SO42- analysis with samples
stored at 2 °C until analysed. The fourth tube was retained as a spare and frozen until
required. Concentrations of Astotal, inorganic-N and PO43- were at or below detection
limits and therefore not included in the analyses of this study.
Metals and cations concentrations were determined by ICP-OES (Inductively
Coupled Plasma-Optical Emission Spectrometry [Varian Vista Pro]). Anion (Cl- and
SO42-) concentrations were determined using an ion chromatograph (Metrohm 761
Compact IC). Inorganic-N and phosphate analyses were completed using a Skalar flow
injection analyser: nitrate (cadmium reduction nitrate to nitrite); ammonia (chlorinated
to form monochloramine, reacted with salicylate); and phosphate (molybdenum blue).
All concentrations were expressed as mg per litre of water. Standard QC/QC protocols
were completed for all analyses. Standard solutions were prepared in the appropriate
concentration range and analysed along with the samples. 10% of samples were
analysed in duplicate and blanks were also included. The method of external standards
was used to generate calibration curves.
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Following the extraction of each sample, the microcosms were weighed along
with the dried filter paper used to filter each of the samples. The filter paper was
weighed prior to the filtration process. The weight of the pre-filtration filter paper
was subtracted from the dried filter paper; this providing a measure of the proportion
of sediment extracted from the microcosm. This value was then used to determine
the amount of Milli-Q water that was added to the microcosm to maintain constant
sediment to water ratio of 1 in 50 between sampling rounds.
6.2.4 STATISTICAL ANALYSES
The same general processing and collation tasks which were applied to the
previous chapters have been applied here. Spurious or outlier values, and values outside
the practical environmental range and/or instrument detection limits, were removed
from further analysis.
The water quality data were then tested for normality (Kolmogorov-Smirnov and
Shapiro-Wilks in SPSS ver. 17 for Windows). Where the data were not normally
distributed, transformations were applied (typically square root or logarithmic
transformations) before any further statistical analysis was performed. Following tests
for normality, all data were normalised (mean subtracted and divided by their standard
deviation), so as to account for the different scales of measurement between variables.
Due to the experimental design and the potential for pseudo-replication, univariate
analyses were discarded in favour of a multivariate approach to ascertain patterns of
discrimination based on changes in water quality parameters between wetlands and
between heat treatments. Initially, the descriptive statistics for the Field Moist
microcosms were presented, so as to demonstrate the within- and between-wetland
water quality heterogeneity before drying, heating or combustion occurred. Following
this, differences in the physico-chemical and elemental water quality parameters
between wetlands and heat treatments were tested by a 2-way permutational analysis of
variance (PERMANOVA) (see Anderson 2001; McArdle and Anderson 2001), on all
108 microcosms combined. Where significant differences occurred, a pair-wise analysis
was performed to establish where the differences occurred. PERMANOVA analysis
was performed using Primer ver. 6 (PRIMER-E Ltd.).
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Principal Component Analysis (PCA) was once again used to allow groups of
variables to be mapped in multi-dimensional space, which may otherwise not be evident
in a two-dimensional relationship. Starting with a set of 13 measured or calculated
variables related to water quality, the multivariate principal components model was
reduced to a two-dimensional factor space defined by the set of variables that best
describe the variation in hydro-chemical responses associated with wetland spatial
distribution, different temperature treatments, or temporal changes. Initial PCA analysis
was ‘noisy’ due to the heterogeneity of the sediments, and, as such, made interpretations
of wetland and temperature treatment effects difficult to visualise. In order to reduce the
‘noise’, the final PCA was performed using median water quality variable values.
Principal component correlations of median water quality variable values were then
used to identify the greatest absolute coefficients associated with each principal
component.
Ionic ratios provide a way of interpreting key chemical equilibrium processes
when analysing water quality. As in the preceding chapter, key ionic ratios including
Al/Fe, S/(Ca2+ + Mg2+), sodium dominance index (SDI) and cationic dominance were
analysed to determine the sensitivity of wetlands to acidification. Metal species, and in
particular Al and Fe, have been shown to contribute towards the acidification of wetland
waters, through the consumption of base ions during hydrolysis and precipitation
reactions (Green et al., 2006b). The ratio of total sulphur to divalent base-cations
S/(Ca2+ + Mg2+) has also been used to indicate sensitivity of wetlands to acidification
(Lucassen et al., 2002). Lucassen et al. (2002) demonstrated that acidified sediments
produced a S/(Ca2+ + Mg2+) ratio > 1 when re-wet. The sodium dominance index (SDI)
(Cruikshanks et al., 2008) is a measure of the level of divalent base-cation enrichment
measured as a percentage of sodium concentration. Cruikshanks et al. (2008)
demonstrated, under differing base geological conditions, that freshwater SDI levels of
≥ 60 indicated susceptibility to acidification. Typically, Ca2+ is the dominant cation of
groundwater on the SCP, followed by Na+, Mg2+ and K+ in terms of relative ionic
dominance. Changes in the hierarchy of ionic dominance are reflective of hydrological
and geological processes which are impacting upon the wetland.
Mean ratios were calculated using air-dried (30 °C) sediments, so that
comparisons could be made with ratios calculated for sediments in the preceding
chapter (Chapter 5). Changes in the ratios presented in this chapter, compared with
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those in Chapter 5, provide an insight into the fluctuations in proportions of ions in
solution and, as such, are indicative of post-fire processes affecting the solubility and
mobilisation of these ions.
6.3. RESULTS
An initial investigation was performed on the untreated (Field Moist samples) to
ascertain potential groupings of wetlands/sites for future analysis and to support the a
priori assumption that wetlands can be grouped based upon the main geomorphic units
associated with their geographical location. Following this, the pattern of temperature
treatment effects on microcosm water quality was examined based upon the wetland
groupings identified, using the data from day 7. Finally, the microcosm water quality
was examined for any temporal changes by qualitative comparison of the microcosm
water quality data for days 7 and 28.
6.3.1 WETLAND COMPARISONS OF REHYDRATED, FIELD-MOIST
SAMPLES
The descriptive statistics for mean microcosm water quality at each of the six
wetlands in Table 6-2 demonstrated both the within- and between-wetland variability.
Generally, greater within-wetland variability was seen within the Spearwood group of
wetlands compared with the Bassendean group wetlands. The greatest degree of withinwetland variability for the measured parameters was seen at Nowergup (as exemplified
by high standard errors); with a relatively high degree of within-wetland variability also
expressed at Mariginiup and Walubuenup wetlands (Table 6-2). Additionally, some
water quality parameters demonstrated mixed levels of variability which was wetland
dependent.
All wetlands showed a high degree of within-wetland variability for the physicochemical parameters (pH and E.C.). Generally, the Spearwood group of wetlands had a
lower mean pH and higher mean E.C. than the Bassendean group of wetlands.
Mariginiup and Nowergup microcosms showed the lowest mean pH (5.86 and 6.06
respectively) and the highest mean conductivity (178.57 and 167.83 mS.cm-1
respectively) of all the wetlands and they both also showed a high degree of withinwetland variability for these variables (Table 6-2). The Walubuenup microcosms had a
mean pH of 6.21 and E.C. of 48.73 mS.cm-1, whereas the Bassendean group of wetlands
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had a mean pH of above 6 and average E.C. measurements of 100 mS.cm-1 or less
(Table 6-2).
A high degree of within-wetland variability was seen for all of the elemental
parameters across all wetlands (Table 6-2). Nowergup had the highest mean levels of
Al3+ and Fetotal, and showed the greatest degree of within-wetland variability for Al3+,
Fetotal and Stotal species (Table 6-2). Mariginiup had the highest mean levels of Stotal and
SO42- with a high degree of within-wetland variability (Table 6-2). Besides the mean
level of Al3+ at Nowergup, the Bassendean group of wetlands had collectively higher
average levels of Al3+ than the Spearwood group of wetlands (Table 6-2). Average
levels of Fetotal were greatest amongst the Spearwood group of wetlands as was Stotal and
SO42- (Table 6-2). Levels of Mntotal were similar across all wetlands, whereas the
Bassendean group of wetlands showed higher levels of Zn2+, with the highest average
levels seen at Lexia (Table 6-2).
Within wetland base-cation (Ca2+, Mg2+, Na+ & K+) responses were variable, with
responses dependent on the base-cation species and the wetland (Table 6-2). Generally,
the Spearwood group of wetlands had higher average levels of base-cation species
(Table 6-2). Average levels of Ca2+ were highest within the Spearwood group of
wetlands, whilst Bindiar also showed elevated average levels of Ca2+ (Table 6-2).
Mariginiup had the highest average levels of Mg2+, followed by Walubuenup and
Nowergup (Table 6-2). Mean levels of Na+ were similar across all wetlands, with the
exception of Mariginiup and Lexia, which had slightly elevated levels compared with
the other wetlands (Table 6-2). The Spearwood group of wetlands also had higher
average levels of K+, with Nowergup showing substantially higher levels than the
remaining wetlands (Table 6-2).
The mean Redox (ORP) values for each of the wetlands range between 290 - 300
mV (Table 6-2). This validates the assumption that oxygenation of the microcosms
maintained a similar state of oxidation, reflective of wetland conditions during
rehydration of dried, heated and burnt sediments following fire, across all of the
microcosms.
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Table 6-2: Descriptive water quality statistics for the day 7, average (n = 3) physico-chemical and elemental parameters in the Field Moist microcosms at each of the six
-1
-1
a
b
wetlands. E.C. (mS.cm ), elements (mg.L ) and S.E. (standard error). Spearwood System wetlands; Bassendean System wetlands.
Element/Site

Lake Nowergupa

Walubuenupa

Lake Mariginiupa

Lake Bindiarb

EPP 173b

Lexia Wetlandb

Mean

S.E. (+/-)

Mean

S.E. (+/-)

Mean

S.E. (+/-)

Mean

S.E. (+/-)

Mean

S.E. (+/-)

Mean

S.E. (+/-)

6.06

0.40

E.C.

167.83

64.07

6.21
48.73

0.02
8.88

5.86
178.57

0.06
35.15

6.27
67.70

0.02
8.96

6.11
30.12

0.03
1.93

6.20
37.47

0.05
1.05

Redox

301.83
0.26
0.04
0.01

24.12
0.13
0.02
0.01

280.70
0.23
0.65
0.01

0.40
0.19
0.59
0.00

294.30
0.02
0.00
0.02

3.88
0.02
0.00
0.01

280.70
0.36
0.03
0.00

1.36
0.16
0.02
0.00

286.83
0.72
0.02
0.02

2.47
0.13
0.02
0.00

289.70
0.65
0.00
0.00

5.48
0.23
0.00
0.00

0.01
12.86
0.79
27.12

0.00
3.37
0.09
24.35

0.03
6.29
0.61
0.12

0.02
1.39
0.06
0.10

0.00
15.88
5.17
1.42

0.00
2.18
1.40
0.15

0.02
8.61
0.40
0.38

0.01
0.72
0.15
0.13

0.10
3.64
0.36
0.25

0.02
0.86
0.07
0.03

0.15
4.36
0.26
0.47

0.14
0.54
0.08
0.14

5.74
6.74
0.03
38.17

0.40
6.21
0.01
33.98

4.33
1.16
0.07
5.23

0.64
0.40
0.03
2.46

12.31
17.18
0.17
40.93

2.64
5.82
0.03
12.67

6.72
2.72
0.29
4.27

2.65
0.47
0.15
1.16

5.77
0.39
0.04
3.13

1.16
0.06
0.00
2.19

9.10
2.02
0.08
2.50

3.29
0.50
0.01
0.80

pH

Al3+
Fetotal
Mntotal
Zn2+
2+

Ca

Mg2+
K+
Na+
Stotal
Inorganic-N
SO42-
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Water quality ratios for the 30 °C temperature treatment (Table 6-3) showed that
the Spearwood group and Bassendean group of wetlands had different hydrochemical
responses which were based upon their spatial distribution in the landscape. Generally,
the microcosms from the Bassendean group of wetlands had a higher ratio of Al3+ to
Fetotal than the microcosms from the Spearwood group of wetlands, the exception being
Nowergup which has slightly higher levels of Al3+ than Fetotal (Table 6-3). The
Spearwood group of wetlands showed a slightly higher susceptibility to acidification
than the Bassendean group of wetlands as evidenced by the higher S/(Ca2+ + Mg2+)
ratios (Table 6-3). The SDI ratio indicated that EPP173 is susceptible to acidification
and Walubuenup and Lexia may also be susceptible (Table 6-3). Nowergup shows
substantial divalent base cation enrichment with a relatively low SDI ratio (Table 6-3).
The pattern of Al:Fe ratios between wetlands, seen in Table 6-3, were similar to
those seen in the sediments listed in the preceding chapter (Chapter 5). The microcosms
of the Bassendean group of wetlands contained much higher proportions of Al3+
compared to Fetotal. This was indicative of the concentrations of both Al and Fe in the
Bassendean wetland sediments and the solubility of each element. The pattern of
response for the S/(Ca2+ + Mg2+) ratios was the inverse of that seen for the same ratio in
the sediments listed in the preceding chapter (see Table 5-4; Chapter 5). Concentrations
of Stotal were considerably higher than the combined divalent base-cation levels in the
sediments, particularly those in the Bassendean group of wetlands. Conversely, Stotal
concentrations were considerably lower than combined divalent base-cation levels in the
water of the rehydrated Bassendean wetland group sediments. Similar patterns were
seen in the Spearwood group of wetlands for the S/(Ca2+ + Mg2+) ratio, however, the
magnitude was far lower than that seen in the Bassendean group of wetlands. The
patterns of SDI responses were variable between the sediment responses and the water
quality responses. Given the changes in the cationic dominance, the responses seen in
the S/(Ca2+ + Mg2+) and SDI ratios are likely to be due to changes in the mobility of
Ca2+ and Na+ ions.
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Table 6-3: Mean ratios for air dried sediments (30 °C) at each of the six wetlands. Ratios include total
aluminium to total iron concentrations (Al:Fe), total sulphur to calcium and magnesium concentrations (TS:
2+
2+
-1
(Ca + Mg ), determined as mg. L . Sodium dominance index (SDI) is calculated as the total amount of
sodium as a measure of the sum of sodium, calcium and magnesium concentrations of the sediment
-1
calculated as mg. L . Cationic dominance is based on ratio of sediment concentrations measured as mg.
-1
L . Values are mean ratio values for each wetland (n = 3).
Site/Ratio

Al:Fe

S:(Ca+Mg)

SDI

Mean

Mean

Mean

Lake Nowergup

1.78

1.21

17.11

Walubuenup

0.10

1.04

52.80

Lake Mariginiup

0.32

1.29

42.37

Lake Bindiar

2.57

0.60

36.46

EPP 173

42.55

0.59

71.59

Lexia Wetland

141.29

0.62

54.60

Cationic Dominance

Ca>Na>Mg≥K
Na≥Ca>Mg≥K
Na≥Ca≥Mg>K
Ca≥Na>Mg≥K
Na>Ca>Mg≥K
Na≥Ca>Mg≥K

6.3.2 WETLAND VARIABILITY AND TREATMENT EFFECTS
PERMANOVA analysis (Table 6-4) showed (in order of magnitude) that
significant differences in microcosm hydrochemistry were seen between wetlands and
between temperature treatments. A two-way PERMANOVA between temperature
treatments and wetlands, for day 7 data, showed that there was a significant difference
in microcosm hydrochemistry between wetlands (PERMANOVA: P < 0.05) and
between temperature treatments (PERMANOVA: P < 0.05). There were no significant
interactions between temperature treatments and wetlands (PERMANOVA: P = 0.85)
(Table 6-4).
Table 6-4: PERMANOVA (2-way) analysis of day 7 microcosm water quality data. Variables included in
3+
2+
+
+
2+
2+
2the analysis were pH, E.C., Al l , Fetotal, Mntotal, Stotal, Zn , K , Na , Ca , Mg , Cl and SO4 . Significant
relationships are shown in bold.

Factor
Temperature Treatment
Wetland
Temperature Treatment x Wetland

Pseudo-F
2.69
5.49
0.85

P-value
0.001
0.001
0.85

Wetland variability
Pair-wise analysis of microcosm water quality between wetlands (seen in Table
6-5) showed that the hydrochemistry of the Nowergup microcosms were significantly
different from those at Mariginiup (PERMANOVA, P < 0.05); however, they did not
show any significant differences from the remaining wetlands (Table 6-5). The water
quality of the Mariginiup microcosms was significantly different from the Nowergup,
Walubuenup, EPP 173, Lexia and Bindiar microcosms (PERMANOVA, P < 0.05)
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(Table 6-5). The hydrochemistry of the Walubuenup microcosms were significantly
different from the Mariginiup, and EPP 173 microcosms (PERMANOVA, P < 0.05)
(Table 6-5). The water quality of the EPP 173 microcosms, were significantly different
from the Mariginiup, Walubuenup and Bindiar microcosms (PERMANOVA, P < 0.05)
(Table 6-5). There were no significant differences in water quality between the Lexia
and Bindiar microcosms (PERMANOVA, P = 0.345) (Table 6-5).
Table 6-5: Results of PERMANOVA pairwise comparisons of microcosm water quality between wetlands
for day 7 data. The table shows t and P values for each wetland comparison. Values are based on 9999
permutations. Significant relationships are shown in bold.

Wetland group
Nowergup, Mariginiup
Nowergup, EPP 173
Nowergup, Walubuenup
Nowergup, Lexia
Nowergup, Bindiar
Mariginiup, EPP 173
Mariginiup, Walubuenup
Mariginiup, Lexia
Mariginiup, Bindiar
EPP 173, Walubuenup
EPP 173, Lexia
EPP 173, Bindiar
Walubuenup, Lexia
Walubuenup, Bindiar
Lexia, Bindiar

t
2.39
1.54
1.04
1.35
1.51
5.80
2.04
4.58
5.60
2.01
1.02
1.55
1.56
1.83
1.07

P-value
0.001
0.087
0.327
0.155
0.083
0.001
0.03
0.001
0.001
0.045
0.355
0.047
0.124
0.072
0.345

The two-dimensional PCA ordination of the normalised, median temperature
treatment water quality response for all 6 wetlands, showed that the first two axes
account for 92.7 % of the variability in median water quality response between wetlands
(Figure 6-2) (see appendix 25 for principal component correlations). The PCA
ordination showed that the most notable response pattern was the degree of betweenwetland variability within geomorphic groups, with the Bassendean group of wetlands
showing the least amount of water quality variability between wetlands (see groupings
Figure 6-2). Most of the variability between wetlands was accounted for by PC1 (82.6
%). The Bassendean group of wetlands (Bindiar, Lexia and EPP173) were differentiated
predominately from the other wetlands by higher pH levels and lower E.C.
Additionally, they had lower concentrations of most elements, in particular SO42- and
Stotal, Ca2+, Mg2+, and Na+, Cl-, Mntotal and Zn2+ (see PCC’s appendix 25). The high
degree of variability between the Spearwood group of wetlands could be seen across
both axis. Mariginiup showed the greatest degree of separation from all the other
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wetlands which was characterised by increased E.C. and higher concentrations of Na+,
Mg2+, Cl-, SO42-, Mntotal and Ca2+ in solution, and lower pH (see PCC’s appendix 25).
Walubuenup also showed the same pattern of separation as Mariginiup from the
Bassendean group of wetlands, albeit at a much lower magnitude. Additionally,
Walubuenup exhibited lower concentrations of Al3+ and increased concentrations of K+.
Nowergup was not significantly different in its water quality response from
Walubuenup and the Bassendean Group of wetlands but did express increased
concentrations of K+ and higher pH, and lower concentrations of Al3+ which was
evident on PC2 (10.0 % of median wetland variability) (Figure 6-2; see PCC’s appendix
25 ).

Figure 6-2: Two-dimensional PCA ordination of the normalised median heat treatment response for all 6
wetlands. Median values were calculated across all temperature treatments and sediment types. PC1 and
PC2 account for 92.6 % of the median variability. Shading shows wetland groupings which are not
significantly different from each other based on pair-wise analysis. Dotted lines show groupings based on
parent geomorphology, namely Spearwood and Bassendean groups. PC1 is characterised by increasing
2+
2+
2pH and decreasing E.C., Ca , Mg , Na+, Fetotal, Stotal, SO4 , Mn and Cl . PC2 is characterised by
3+
+
increasing Al and decreasing K .

Treatment Effects
Pair-wise analysis of the temperature treatment data showed that the
hydrochemistry of the Field Moist (FM) microcosm treatments was not significantly
different from the 30 °C treatments (PERMANOVA, P = 0.209) or the 100 °C
(PERMANOVA, P = 0.079) but were significantly different from the 300 °C, 550 °C
and 800 °C (PERMANOVA, P < 0.05) treatments (Table 6-6). Microcosm water quality
associated with the 30 °C treatments were not significantly different from the 100 °C
(PERMANOVA, P = 0.865) and 300 °C (PERMANOVA, P = 0.462) treatments,
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however, they were significantly different from the 550 °C and 800 °C
(PERMANOVA, P < 0.05) treatments (Table 6-6). The water quality of the 100 °C
treatment microcosms were not significantly different from the 300 °C treatment
microcosms (PERMANOVA, P = 0.423) but were significantly different from the 550
°C and 800 °C (PERMANOVA, P < 0.05) treatment microcosms (Table 6-6). The 300
°C treatment microcosms were not significantly different from the 550 °C treatment
microcosms (PERMANOVA, P = 0.155) but were significantly different from the 800
°C treatment microcosms (PERMANOVA, P < 0.05) (Table 6-6). There were no
significant differences in water quality between the 550 °C and 800 °C treatment
microcosms (Table 6-6).
Table 6-6: Results of PERMANOVA pair-wise comparisons of microcosm water quality responses
between temperature treatments. The table shows t and P values for each temperature group. Values are
based on 999 permutations. Significant relationships are shown in bold.

Group
Field Moist, 30
Field Moist, 100
Field Moist, 300
Field Moist, 550
Field Moist, 800
30, 100
30, 300
30, 550
30, 800
100, 300
100, 550
100, 800
300, 550
300, 800
550, 800

t
1.23
1.46
1.7
2.27
2.27
0.51
0.92
1.83
2.16
0.93
1.95
2.33
1.31
1.82
0.85

P
0.209
0.079
0.01
0.002
0.001
0.865
0.462
0.019
0.003
0.423
0.018
0.006
0.155
0.033
0.399

The two-dimensional PCA ordination of the normalised, median temperature
treatment data (6 wetlands x 3 microcosms per wetland) showed that the two axes
account for 78.2 % of the variability between the median water quality responses for
individual temperature treatments (Figure 6-3) (see appendix 26 for principal
component correlations). The PCA ordinations showed a pattern of temperature
treatment effects slightly different from the four temperature treatment groups, based on
the pair-wise analysis. Most of the variation was accounted for by PC1 (44.9 %) which
showed a clear separation between the Field Moist, the low (30 °C – 100 °C), and the
mid-temperature (300 °C) treatments (groups designated by dotted lines in Figure 6-3).
Differentiation between the Field Moist, low- and mid-temperature treatments (FM –
300 °C) and the high temperature (550 °C – 800 °C) treatments was seen on PC2 which
169

accounted for 33.3 % of the variability (Figure 6-3). The water quality associated with
the Field Moist temperature treatments typically had higher concentrations of Al3+. The
low temperature treatments had higher concentrations of Na+, Zn2+ K+, Cl- and Fetotal
than the other temperature treatments, and lower concentrations of Al3+ and slightly
higher concentrations of Stotal, SO42-, Mntotal, Ca2+, Mg2+ and E.C. than the Field Moist
microcosms (see PCC’s appendix 26). The water quality of the mid-temperature
treatments was differentiated from the other temperature treatments by lower E.C. and
concentrations of SO42- and Stotal, Mg2+ and Na+ (see PCC’s appendix 26). Water quality
of the low to mid-temperature treatment microcosms tended to be more acidic and had
higher concentrations of Fetotal, Zn2+, Cl-, Mntotal and Stotal than the high temperature
treatment and the field-moist microcosms (see PCC’s appendix 26). The high
temperature treatment microcosms are characterised by water quality which had a
higher pH and higher concentrations of Ca2+, and SO42- than the field-moist and low
temperature treatment microcosms. These microcosms also tend to be lower in metals
such as Fetotal, Zn2+ and Mntotal (see PCC’s appendix 26).

Figure 6-3: Two-dimensional PCA ordination of the normalised, median temperature treatment microcosm
data for all wetlands. PC1 and PC2 account for 78.2 % of the median water quality variability. Shading
shows temperature treatment groupings which are not significantly different from each other based on
2+
2+
2PERMANOVA pair-wise analysis. PC1 is characterised by increasing E.C., Ca , Mg , Stotal, and SO4 ,
3+
+
+
2+
Mntotal and decreasing Al . PC2 is characterised by increasing pH and decreasing K , Na , Zn and Cl .
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Geomorphic Group Response
PCA analysis of temperature treatment response demonstrated how water quality
changed with different temperature treatments, with four distinct groupings of variables
being responsible for the observed ordinations. Of these variable groupings, six water
quality variables have been chosen for further description based upon their significance
in the PCA ordinations. These variables include pH, E.C., Ca2+, SO42-, Al3+ and Zn2+.
Temperature treatments between 30 °C – 100 °C resulted in an initial increase in
acidity with mild oxidation, followed by an alkaline response at the higher temperature
treatments (550 °C and 800 °C). In the Spearwood group of wetlands, pH ranged
between 5.5 and 7.0 for the field-moist treatments; with low heating, the pH of some of
the microcosms dropped to between 4.5 and 5.5 (Figure 6-4a). The 300 °C microcosms
returned to slightly acidic conditions with a pH of between 5.5 and 6.5, whilst above
300 °C microcosm pH ranged between 6.5 and 7.5 (Figure 6-4a). A similar pH response
was seen in the Bassendean wetland microcosms (Figure 6-5a). With low heating, some
of the microcosms became more acidic, where pH ranged between 5.0 and 6.5 (Figure
6-5a). The 300 °C treatment resulted in a slight increase in pH levels with values
between 6.0 and 7.0 (Figure 6-5a). The 550 °C and 800 °C treatment microcosms once
again resulted in a definite alkaline response in water quality with pH values above 7.0
(Figure 6-5a). In general terms, the water quality of the Spearwood group of wetlands’
microcosms tended to be slightly more acidic when compared with the Bassendean
group of wetlands’ microcosms.
As the PCA showed, E.C. tended to increase with increases in temperature up to
550 °C and then decreased. This response was apparent in both the Spearwood group of
wetlands (Figure 6-4b), and the Bassendean group of wetlands (Figure 6-5b); the
exception being a single microcosm from both Walubuenup and Lexia where E.C.
continued to rise with the 800 °C treatment (Figure 6-4b and Figure 6-5b respectively).
It is also interesting to note that E.C. levels were consistently higher, across all
temperature treatments, in the Spearwood group of wetlands’ microcosms (Figure 6-4b)
when compared with the Bassendean wetlands microcosms’ (Figure 6-5b). Similar
patterns of

temperature treatment responses were also seen for Ca2+ and SO42-

concentrations for both the Spearwood wetlands microcosms (see Figure 6-4c and

171

Figure 6-4d respectively) and the Bassendean wetlands microcosms (see Figure 6-5c
and Figure 6-5d respectively).
The PCA showed that the solubility and mobility of Al3+ and Zn2+ were quite
different (see the PCCs in appendix 26). Generally, concentrations of Al3+ were higher
in the field-moist microcosms then decreased as temperatures treatments increased (see
Figure 6-4e and Figure 6-5e). The exception was Mariginiup, where the concentrations
of Al3+ increased up to the 300 °C treatment and then decreased (Figure 6-4e).
Interestingly, concentrations of Al3+ tended to be slightly higher in the Bassendean
group of wetlands microcosms compared with the Spearwood wetlands microcosms
(Figure 6-5e), additionally Al3+ concentrations in the Bassendean wetlands microcosms
tended to rise in the 550 °C and 800 °C treatments (Figure 6-5e). Zinc concentrations
showed no response, or a slight increase with an increase in temperatures up to 300 °C
(Figure 6-4f and Figure 6-5f). Above 300 °C, Zn2+ concentrations decreased in both the
Bassendean and Spearwood wetlands microcosms (Figure 6-4f and Figure 6-5f).
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Figure 6-4: Scatter plot of temperature treatment effects for the Spearwood group of
2+
23+
2+
wetlands; variables include (a) pH, (b) E.C., (c) Ca , (d) SO4 , (e) Al and (f) Zn . Each
point represents a single microcosm, with 3 microcosms per wetland. FM equals Field
Moist temperature treatment.

173

500

8.0

(a)

(b)
Conductivity (ms. cm-1)

7.5

pH

7.0
6.5
6.0
5.5

400

300

200

100

0

5.0
FM

30

100

300

550

FM

800

160

(c)

300

550

800

(d)

140

SO42- (mg. L-1)

Ca2+ (mg. L-1)

100

180

50

40

30

Heat Treatments (oC)

Heat Treatments (oC)

30

20

10

120
100
80
60
40
20

0

0
FM

30

100

300

550

FM

800

100

300

550

800

Heat Treatments ( C)

Heat Treatments ( C)
1.2

30

o

o

0.5

(e)

(f)

1.0

0.4

Zn (mg. L-1)

Al (mg. L-1)

0.8
0.6
0.4

0.3

0.2

0.1

0.2
0.0

0.0

FM

30

100

300

550
o

Heat Treatments ( C)

800

FM

30

100

300

550

800

o

Heat Treatments ( C)
EPP 173
Lexia
Bindiar
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6.3.3 TEMPORAL EFFECTS
Qualitative analysis of the temporal data showed that, of the 13 water quality
variables tested, 3 demonstrated short-term temporal responses. Some of these
responses were dependent upon the wetland and/or the temperature treatment applied.
The variables which demonstrated temporal flux included pH, Al3+, and Zn2+.
There was an increase in median microcosm pH across all wetlands between day
7 and day 28 water samples (Figure 6-6a - Figure 6-6f). In general terms, pH increased
between 0.5 and 1.0 pH unit between day 7 and day 28. Whilst Nowergup showed the
same trend, the difference between day 7 and day 28 median pH values was not
considered significant for any of the temperature treatments, except the Field Moist and
800 °C treatments (Figure 6-6a). There was significant temporal difference in pH levels
across all temperature treatments at Mariginiup (Figure 6-6b) and Walubuenup (Figure
6-6c) and the majority of temperature treatments at EPP 173 (Figure 6-6d), Lexia
(Figure 6-6e) and Bindiar (Figure 6-6f).
Both Al3+ and Zn2+ showed similar temporal responses across both the Spearwood
and Bassendean wetland groups (Figure 6-7a - Figure 6-7f and Figure 6-8a - Figure 6-8f
respectively). In general terms, both Al3+ and Zn2+ concentrations increased between
day 7 and day 28 sampling. Interestingly, this was most apparent at temperatures of 300
°C and above (see Figure 6-7a - Figure 6-7f and Figure 6-8 - Figure 6-8f).
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Figure 6-6: Scatter plot of median pH temporal responses for (a) Nowergup, (b)
Mariginiup, (c) Walubuenup, (d) EPP 173, (e) Lexia and (f) Bindiar wetland microcosms.
Black dots are day 7 results and white dots are day 28 results. Lines between points are
only used for clarity and do not infer interpolation between points.
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Figure 6-7: Scatter plot of median Al3+ temporal responses for (a) Nowergup, (b)
Mariginiup, (c) Walubuenup, (d) EPP 173, (e) Lexia and (f) Bindiar wetland microcosms.
Black dots are day 7 results and white dots are day 28 results. Lines between points are
only used for clarity and do not infer interpolation between points.

177

0.6
0.5

0.5

(a)
0.4

(b)

Zn (mg. L-1)

Zn (mg. L-1)

0.4
0.3
0.2

0.3
0.2
0.1

0.1
0.0

0.0
-0.1

-0.1
FM

30

100

300

550

800

FM

o

100

300

550

800

o

Heat Treatments ( C)

Heat Treatments ( C)
0.35

0.5
0.4

30

(c)

0.30

(d)

Zn (mg. L-1)

Zn (mg. L-1)

0.25
0.3
0.2
0.1

0.20
0.15
0.10
0.05

0.0
0.00
-0.1
FM

30

100

300

550

800

FM

Heat Treatments (oC)

30

100

300

550

800

Heat Treatments (oC)
0.20

0.5

(e)

0.18

0.4

(f)

0.16

Zn (mg. L-1)

Zn (mg. L-1)

0.14
0.3
0.2
0.1

0.12
0.10
0.08
0.06
0.04
0.02

0.0

0.00
-0.1
FM

30

100

300

550
o

Heat Treatments ( C)

800

FM

30

100

300

550

800

o

Heat Treatments ( C)
Day 7
Day 28

Figure 6-8: Scatter plot of median Zn2+ temporal responses for (a) Nowergup, (b)
Mariginiup, (c) Walubuenup, (d) EPP 173, (e) Lexia and (f) Bindiar wetland microcosms.
Black dots are day 7 results and white dots are day 28 results. Lines between points are
only used for clarity and do not infer interpolation between points.

6.4. DISCUSSION
Spatial Variability
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PERMANOVA and PCA of microcosm water quality showed similar groupings
of wetland microcosms to those listed in the preceding chapter. The wetlands are
grouped, based upon the main geomorphic units in which they are situated, namely the
Spearwood group (in the Spearwood Dune system) and the Bassendean group, similarly
(in the Bassendean Dune system) (see Semeniuk & Glassford, 1989). Wetlands situated
within the same geomorphic unit exhibit similarities due to their associated position in
the landscape and related instruments of creation, such as geomorphology, vegetation,
hydrology and climate (Semeniuk & Semeniuk, 2005). The findings of this chapter and
the preceding Chapter 5, have now provided evidence for an additional hypothesis, that
fire has been integral in forming the spatial geochemical heterogeneity seen within and
between wetlands across the Swan Coastal Plain. Ultimately, this has led to a spatially
distinct distribution of wetland sediment-fill types across the SCP (Semeniuk &
Semeniuk, 2004).
Microcosm water quality from study wetlands within the Spearwood group
demonstrated elevated concentrations of Na and Cl ions consistent with their proximity
to the coast. The presence of elevated Cl ions is associated with meteoric deposition and
groundwater expression. As distance from the coast increases, levels of Na and Cl ions
in rainfall become depleted, and wetlands further from the coast typically exhibit lower
concentrations of these ions.
The concentrations of SO4 ions in the microcosm water are also consistent with
wetland geographical location. Higher levels of these ions are typically associated with
near-coastal sediments formed during subsequent sea-level incursions during the
Quaternary period. The proximity of these sediments to the coast means that they are
also subject to SO4 enrichment through meteoric deposition (via rainfall) (Hingston and
Gailitis, 1976 cited in Appleyard & Cook, 2009). Sulphur enrichment has also been
shown to occur in the region as a result of atmospheric deposition (acid rain)
(Appleyard & Cook, 2009) which is typically associated with industrial and vehicle
emissions. Weathering of these marine geological and anthropogenic deposits and the
subsequent oxidation of sulphidic minerals (which are formed during historical sealevel rises and periods of anoxia), releases sulphate. Therefore, higher microcosm
sulphate concentrations were associated with sediments of younger geological age (i.e.
Spearwood versus Bassendean Dune complexes). These sediments are also located
closer to the coast and typically occur in more urbanised areas.
179

Enriched levels of base-cations, particularly Ca2+ and Mg2+, are observed in the
microcosms of the Spearwood Dune complex wetlands, which are associated with the
parent geomorphological material which is comprised predominately of calcareous
limestone and overlain by siliceous sand (McArthur, 1991; McArthur & Bettenay, 1960;
Semeniuk & Glassford, 1989). The leached sands of the Bassendean system contain
comparatively much lower levels of base-cations and carbonates and this is reflected in
the water quality associated with these sediments (McArthur, 1991; McArthur &
Bettenay, 1960; Semeniuk & Glassford, 1989).
Higher levels of acidity in microcosms associated with the Spearwood group of
wetlands correlates with those sites containing higher organic contents. Organic-rich
sediments situated in the Spearwood Dune system are known to be high in sulphidic
minerals, particularly iron sulphides (i.e. pyrite), that, when exposed, oxidise and
generate acidity (Rimstidt & Vaughan, 2003; Ward et al., 2004). Sediments with higher
organic content will also generate organic acids, which contribute to overall acidity.
The water quality parameters responsible for the ordination of the Bassendean
group of wetlands can also be linked to their underlying parent geomorphology which is
predominately highly leached quartz sands (Appleyard & Cook, 2009; Semeniuk &
Glassford, 1989). As a result, the water quality of the Bassendean wetland microcosms
is generally depleted in base-cations, particularly Ca2+ and Mg2+. Conversely, they also
tended to have a higher pH than the Spearwood wetland microcosms; this is likely due
to the lower organic content of the wetland sediments (see Chapter 5) and the associated
lack of latent acidity. The Bassendean wetland microcosms tended to have higher
concentrations of soluble metals such as Al and Zn. Elevated levels of these soluble
metals are likely to be the result of leaching processes, whereby stores of Ca2+ and Mg2+
have been depleted from the sediments over time and replaced by a pool of soluble Al
ions (Appleyard & Cook, 2009). Potentially, this leaching process could be linked back
to previous oxidation events, such as drought and fire.
As highlighted in the results section, there is a degree of hydrochemical variability
both within and between wetlands. The main agent of this variability would appear to be
the amount of organic matter present in the sediment (see Chapter 4) as well as the
influence of the wetland’s geographical location and the associated surrounding landuse and the wetland’s geological age. The general conformity of geomorphology and
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subsequent hydrochemistry within wetland groups allows for the examination of the
effects of temperature treatments based upon geomorphic groups.
Temperature Treatment Effects
Based on the microcosm results, the hydro-chemical response of heat-treated
sediments can be grouped into three broad categories, namely: mild oxidation, severe
oxidation and ashing. Mild oxidation occurs at temperatures that include < 30 °C – ≤
300 °C, severe oxidation at temperatures that include ≥ 300 °C – ≤ 550 °C. Ash
formation occurs at temperatures that include 550 °C +. Mildly oxidative conditions
may be encountered during desiccation, prior to combustion and may also be
encountered during incomplete combustion (cool burn) where fuel moisture, fuel load
or a combination of both, prevent complete incineration of the fuel.
The mildly oxidative phase is typically characterised by the generation of acidity.
The degree of acidity generated is dictated primarily by the amount of sulphidic
minerals present (typically associated with the organic-rich sediments of the SCP as
described above) and the temperature of the burn. Li and Parr (1926) demonstrated that
the rate of oxidation of pyrite is directly proportional to temperature with the optimal
temperature for oxidation occurring at approximately 80 °C. In this instance, we see that
in the group of wetlands from the Spearwood Dune system, there was mild to
substantial acid generation, based upon pH measurements, whilst in the Bassendean
Dune system group, acid generation, whilst present, was not as severe. This decrease in
pH with mild temperatures agrees with data reported byTerefe et al. (2008). There are
two pathways by which acidity is generated; firstly, the dissolution of sulphidic
minerals (typically pyrite), and, additionally, through the hydrolysis of ferric iron
produced from the oxidation of ferrous iron during the dissolution of sulphidic minerals.
Both were apparent in microcosms from a number of the wetland sites, particularly
those in the Spearwood group of wetlands where there occurred elevated levels of pyrite
oxidation products (sulphate and iron) in solution.
The increase in pH at temperatures of 300 °C and above is likely due to the
oxidation of organic material (and thus the destruction of organic acids) as well as the
release of base-cations adsorbed to the organic matter and as a result of the combustion
of carbonates at higher temperatures (Certini, 2005). Microcosm concentrations of
soluble base-cations show an increase, with increases in temperature; a phenomenon
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which is more noticeable in organic-rich sediments as opposed to the more siliceous
sands or diatomaceous sediments. The increase in calcium is likely to be associated with
mineralogical changes above 550 °C, associated with the combustion of carbonates (see
Chapter 5) such as calcite (Certini, 2005). Additionally, the loss of binding sites through
the removal of negatively-charged organic matter could facilitate the increased
solubility/mobility of calcium (Arocena & Opio, 2003). Magnesium and Na+ show
increases up to temperatures between 300 °C and 550 °C, which suggests that their
mobility/solubility is linked to the destruction of organic matter rather than combustion
of carbonates (Arocena & Opio, 2003; Terefe et al., 2008). An increased level of K+ in
the high temperature treatments suggests that K+ is present as potassium carbonates
(Ulery et al., 1993), or that the ash is comprised of mainly combusted vegetative
material.
In sediments that are comprised primarily of siliceous sands or diatomaceous
earths (i.e. where organic matter is not the dominant component) there may be mild
acidity generation, no acidity generation or conversely, mild acidity buffering in
response to the rehydration of sediments which have been exposed to temperatures of
300 °C and above. This is most likely due to the denaturation of organic acids (which
form the primary source of acidity in these sediments) which removes the main
potential for acid generation in these sediments, and, therefore, pH will rise (as
suggested by Arocena & Opio, 2003).
It should be noted that in carbonate-rich sediments such as those found in the
Spearwood Dune system wetlands, the acid neutralising capacity supplied by ash is
negligible compared with the innate buffering capacity of the sediments; however its
contribution to acid neutralisation is far more integral in the poorly-buffered wetlands
such as those of the Bassendean Dune system.
In microcosm water, SO42- concentrations tend to increase with temperature up to
approximately 550 °C. Additionally, concentrations of SO42- also show moderately
positive correlation with pH. This suggests that SO42- can be released into solution via
the oxidation of sulphide-bearing organic matter at lower temperatures (Notario del
Pino et al., 2008) and may also be facilitated by reduced ability to complex with Al or
Fe as pH increases at higher temperatures (Caldwell et al., 2009). This also suggests that
the pool of volatile S compounds far exceeds that which can be volatilised during a fire
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event (see Chapter 5), and the indirect effects of heating facilitate the oxidation of
sulphidic minerals and the subsequent mobilisation of SO42- into the water column.
There is little literature pertaining to the solubility of metals in relation to fire
(Certini, 2005). Liodakis and Tsoukala (2009) suggest that the release of metals from
ash depends on the chemical characteristics of the ash in terms of form and solubility: i)
metals may be present as water soluble salts (i.e. chlorides) where there is no pH
dependency associated with concentration; ii) soluble metals may be bound within
carbonates or oxides, and released when dissolved with acids; and iii) metals are in the
form of carbonates, hydroxides, etc. that are released following dissolution. Pereira and
Úbeda (2010) also demonstrated that the mobility of metals (in particular Al, Mn, Fe
and Zn) was linked to fire severity. Elevated concentrations of Al and Mn ions were
seen under lower fire severities, whereas, Fe and Zn concentrations were higher under
increased fire severity conditions (Pereira & Úbeda, 2010). This current study showed
that, in general terms, concentrations of Zn2+, Mntotal and Fetotal correlated closely and
have a strong inverse relationship with pH. The release of metals (i.e. Zn2+ and Mntotal)
concentrated in ash is facilitated by acidic conditions. The solubility of these trace
elements is increased through the acidic conditions created by the oxidation of pyritic
sediments at mild temperatures, which suggests that these minerals may be present in
soluble forms but bound within carbonates or oxides. However, further research is
required in order to establish the phase in which these metals occur and their response to
fire.
Temporal Effects
In general, the temporal effects can be summarised most succinctly as an increase
in pH, Al3+ and Zn2+ over time. The increase in pH over time, in light of the lack of any
noticeable change in the acid neutralising variables (i.e. an increase in base-cations), is
likely to be attributed to either carbon dioxide reduction (decarbonation), the oxidation
of Fetotal and Mntotal, or the reduction of NH4+ and SO42-.
Both Al3+ and Zn2+ demonstrated temperature-related increases over time,
particularly at temperatures of 300 °C and above. This indicates that the temporal
mobility of these elements is independent of pH, as the near-neutral conditions would
normally result in the reduced mobility/solubility of these particular metals. However,
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soluble Al may be as a result of the dissolution of Al-oxyhydroxide minerals (Ward et
al., 2010), which is consuming proton acidity and leading to the increase in pH.
The temperature-related temporal changes in water quality may be due to wetability issues. In the preceding chapter (Chapter 5) it was shown that water repellence
increased with increases in temperature up to approximately 300 °C, after which water
repellence decreases. It is likely that this water repellence prevents water from wetting
aggregates thus influencing solubility in sediments heated at lower temperatures
(Certini, 2005; Neary et al., 2005). In sediments impacted by higher temperatures
(typically above 500 °C), the formation of new phases (in the ash-water system) as well
as the solidification of ash mass, may affect the solubility and leaching properties of
many elements (Steenari et al., 1999).
6.5. SUMMARY AND CONCLUSION
The results of this study support the findings of the preceding chapters and
relevant literature that the passage of fire in wetland sediments results in acidity
generation. However, the hydrochemical response is strongly influenced by sediment
geochemistry and heating, in that order of magnitude. This study confirms the
significance of fire-induced sediment physical, chemical and mineralogical changes in
influencing wetland and downstream water quality.
The composition and concentration of inorganic elements in wetland surface- and
groundwater following a wetland fire is going to depend upon the solubility and the
leachate potential of individual elements, which is directly related to geomorphological
composition of the sediment prior to the fire event, as well as the intensity and severity
of the burn, and indirectly related to rainfall timing and amount and groundwater levels.
Additionally, the results of this study help us to infer fire severity, or more
pertinently, temperature, and relate this to potential changes in water quality of wetlands
and their associated ecosystems. Three distinct temperature phases were identified; a
mild oxidation phase followed by a severe oxidation phase then an ash phase. Whilst the
occurrence of these three phases is evident across all the examined sediment types, the
hydro-geochemical processes involved differ quite markedly between wetlands; this
difference is associated with differing parent geomorphology. In general, it has been
shown that mild oxidation phases can promote acid generation and water repellence;
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severe oxidation phases result in the removal of organic matter and mineralogical
changes, whereas, ash phases promote base-cation leaching from the cation exchanger.
This study and the findings of the preceding chapter (Chapter 5) demonstrate that
fire does elicit a response in the solubility and mobilisation of metals; however, the
physical and chemical nature of these changes is not clear. There is a scarcity of
literature relating to the impacts of fire on metals such as zinc and manganese and,
therefore, further investigation is required into these elements as they are a potential
source of toxicity to the surrounding environment.
In light of these findings, care in implementing management actions must be
exercised, as actions which prevent the complete combustion of sediments (i.e.
saturation with water or retardants) run the risk of promoting the production of acidity
in sediment pore- and surface-waters, instigating downstream acidic plumes and
subsequent contamination of connected hydrological systems.
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CHAPTER 7
SYNTHESIS: FIRE, EARTH AND WATER

7.1. INTRODUCTION
The motivation for this study was to gain a deeper understanding of the
relationship between wetlands, water and fire, and the potential environmental and other
implications associated with a scenario of a period of increased frequency and duration
of wetland fires as a result of a changing climate and expanding urbanisation. Over the
past twenty years, increasing numbers of wetland fires on the Swan Coastal Plain (SCP)
of Western Australia have coincided with declining rainfall, decreasing groundwater
and surface water levels, over-abstraction of groundwater and increased ignition events.
These natural and anthropogenic stressors, combined with a government regulatory
framework that has contributed to the decline of groundwater resources on the SCP,
have led to a profound shift in the ecological integrity (sensu Karr and Dudley, 1981
cited in Carignan & Villard, 2002) of the wetland ecosystems. An increase in the
frequency of fire events, due to an increase in arson activity and accidental ignitions
concomitant with expansion of the peri-urban fringe, has resulted in a shift in the
susceptibility of wetland sediments to fire events and subsequent post-fire impacts.
Whilst not a new phenomenon, the increased frequency, the proximity to urban
populations and the extent and duration of the wetland sediment fires has direct and
indirect implications for the ecological functioning and geoheritage of these wetland
systems, the health and functioning of hydraulically connected, downstream
groundwater dependent ecosystems and the implementation of management strategies
for the prevention, control and amelioration of fire events.
An inadequate understanding of the relationship between fire, sediments and
water in wetland systems, has led government agencies to implement management
strategies based upon a reductionist approach and an over-reliance only on limited sets
of components of a complex ecosystem. A case in point is the management of fires in
wetland sediments where, understandably, management is based upon the rapid
containment and extinction of the smouldering combustion front, primarily as an assetprotection strategy. Whether due to a policy dichotomy over asset-protection or
environmental protection (Driscoll et al., 2010), or lack of knowledge of the
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complexities of the natural system that they are managing, current management
practices have the potential to amplify adverse environmental impacts within the
broader wetland ecosystem, such as increased levels of air or water pollutants. These
amplifications occur because the underlying causal mechanisms, and external drivers,
are not addressed by the mitigation actions. Consequently, management actions may
result in further deterioration of some ecohydrological processes and a decline in
wetland functioning. It is such concerns, from both fire managers and conservationists
alike, which have led to this study, the findings of which provide an understanding of
the interdependencies between fire, earth and water in the management of wetland
ecosystems. The aim of this chapter is to summarize the results of the findings of this
study, and to provide new insights into the role of fire in wetland ecosystems in the
context of water quality, ecological integrity of wetland systems, and the inefficacies of
the current approach to wetland management.
In the following sections, a discussion is presented on the key perspectives of fire
(Fire), its implications for wetland sediments (Earth), and for wetland water quality and
groundwater management (Water). The following sections also demonstrate the
interdependencies between fire, earth and water in the wetlands of the SCP (see Figure
7-1).
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Figure 7-1: Conceptual diagram of the interdependencies between fire, earth and water in the wetlands of the Swan Coastal Plain. The interdependencies are as follows: (a)
fire induced changes to the physical, mineralogical and geochemical properties of wetland sediments; (b) the physical, mineralogical and geochemical characteristics of
wetland sediments dictate the thermal severity of wetland fires; (c) the physical, mineralogical and geochemical characteristics of wetland sediments influence wetland water
and groundwater quality; (d) Wetland hydrology and sediment moisture contents influence the physical and geochemical characteristics of wetland sediments; (e) wetland
hydrology and rainfall dictate the occurrence of wetland fires and their severity; and (f) fire influences water infiltration and run-off into the wetland.
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7.2. FIRE: THE CHARACTERISTICS OF FIRE THAT DETERMINE
CHANGES TO WETLAND SEDIMENTS AND WATER
This study has provided important insights into the role of fire within a wetland
and, in particular, implications for water quality. The study reinforces an understanding
of the formative role that wetland sediment fires play in the maintenance of wetland
ecohydrological processes. In particular, the study identified: i) the importance of the
spatial and temporal mobilisation of elements across the SCP; ii) the importance of
temperature in eliciting certain physical, mineralogical and geochemical changes in the
sediment, which are reflected in wetland hydrochemistry; and iii) the significance of
wetland sediment heterogeneity, both within and between wetlands, having influenced
post-fire water quality.
Semeniuk and Semeniuk (2005) infer, when referring to the role of sediment types
in determining calorific values and subsequent fire intensity, that the importance of
temperature is a management consideration, namely, that sediment type will influence
ensuing fire severity (see Figure 7-1b). Horwitz and Sommer (2005) further suggested
two levels of heating in wetland sediment fires, making reference to the overheating and
the burning of wetland sediments, and the different physical and geochemical changes
that result from these different levels of heating. The current study provides the first
detailed analyses of the effects of temperature on wetland sediments of temperate
freshwater wetlands. The study demonstrates three distinct thermal phases that were
shown to elicit different physical, mineralogical and geochemical responses in the
sediments (see Chapter 5), which were reflected in the water quality responses (see
Chapter 6). The three temperature categories include low temperatures which were
shown to create acidic conditions within the sediments, and furthermore were reflected
in sediment water interactions. Mid temperatures resulted in substantial losses of
carbon, a significant increase in pH, and a peak in the level of hydrophobicity of certain
sediments. High temperatures were characterised by the lowest levels of carbon, highest
pH and no evidence of hydrophobicity in any wetland sediment types.
The results of this study (see Chapter 5) concur with other studies which have
investigated the heating of organic forest soils (Rein et al., 2008b). Low temperatures
heat the wetland sediments which lead to drying, converting liquid water to water
vapour. Further heating results in pyrolysis and oxidation reactions. Pyrolysis volatilises
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elements with low melting points, whereas oxidation consumed organic matter and
produced changes in the geochemistry of the sediments. The temperature produced in
this phase of heating drives propagation of the smouldering combustion front. The third
category of heating is the ash phase where the mineral component of the organic
fraction of the sediment remains and is enriched in base cations.
The literature makes continual reference (see for example McCarthy et al., 2006;
Reddy & DeLaune, 2004; Sommer & Horwitz, 2001) to the role that wetland sediments
play in determining wetland water quality (Figure 7-1c). The literature also recognises
that it is sediment type that not only determines the sediment’s susceptibility to burning,
but also the intensity and severity of smouldering combustion. Wetland sediment
heterogeneity is not only significant in determining burn intensity, but is also indicative
of previous fire history, both in terms of frequency and intensity.
7.3. EARTH: WETLAND SEDIMENTS AND FIRE
Semeniuk and Semeniuk (2005), in a review of sediment types and their
susceptibility to combustion identified sediment heterogeneity as an important
characteristic in determining which wetland sediments will be more susceptible to
combustion, but also how they influence burn severity. The physical, geochemical and
mineralogical response of sediments to burning was also reflective of their spatial
distribution across the SCP, and by extension, applying the ergodic principle,
representative of their geological age and long term geomorphological evolution.
An understanding of the physical, geochemical and mineralogical implications
of smouldering combustion on wetland sediments is important, as it can have long-term
(years to decades) ramifications for wetland sediment health and, by extension, water
quality (see Figure 7-1a and figure 7-1b). The following is a brief summary of these
observed and implied perturbations (described in Chapter 5) and the role of fire in the
geomorphological evolution of the wetland sediments of the SCP.
The low to mid-range heating of wetland sediments leads to the oxidation of
mineral compounds within the sediment profile, through both physical and geochemical
pathways (Figure 7-1a). This results in the generation of acidification which can
overwhelm the acid-neutralising capacity of the wetland, lead to the exhaustion of basecation buffering and result in the permanent acidification (characterised by several years
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of consecutive, consistent acidification of wetland waters). This can also result in
elevated concentrations of metals both within the sediments and the wetland waters. The
oxidation of sulphidic minerals was the most significant aspect of low temperatures (see
Chapter 5 and Chapter 6). It is hypothesised that heating facilitates this in three ways;
firstly, the physical disruption (drying and cracking) of the sediment profile facilitates
the aeration of the sediment and increases the amount of pyrite exposed to oxygen;
secondly, the oxidation rate of pyrite is enhanced as temperature increases; finally, the
rate of pyrite oxidation has also been shown to increase in the presence of water vapour.
The results of this study also indicate incomplete combustion and charring of
organic carbon at low temperatures, particularly in the organic-rich sediments (see
Chapter 5). A number of studies have identified the significance of the thermal
alteration of organic matter following fire. In other studies (Efremova & Efremov, 2006;
Knicker et al., 2006; Usup et al., 2004) low combustion temperatures have shown the
incomplete combustion or charring of organic matter with the greatest accumulation of
char occurring at low temperatures, whereas high temperatures resulted in less char
being formed (Knicker et al., 2006). Efremova and Efremov (2006) identified that
incomplete combustion or heating at low temperature, in the peat bogs of Eurasia, lead
to the concentration of humic acids associated with the humification of organic matter,
also associated with an increase in bulk density. A concentration of humic acids would
contribute to the total acidity generated by a wetland exposed to fire, and may
contribute to the increased magnitude of acidity produced when compared with
sediments which have only been exposed to drying. There was also an increase in the
lipid content of organic matter which had been heated (Efremova & Efremov, 2006;
Rollins et al., 1993), which could be an explanation for the hydrophobicity seen in the
wetland sediments of this study when heated at low to mid temperatures. Miltner and
Zech (1997) (cited in Certini, 2005) also noted the effect that oxides of Fe, Al and Mn, a
characteristic of a number of sediments in this study, had on influencing qualitative
changes in organic carbon. Changes in the quality of carbon present and the
accumulation of char can have implications for the physical structure of wetland
sediments, biological functioning, nutrient transport and water quality. This study
showed that low-temperature heating resulted in the creation of hydrophobic sediments
and incomplete combustion of organic material, resulting in the creation of ‘black
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carbon’ (see Chapter 5). The accumulation of lipids, lignin and humic acids with
varying temperatures requires further investigation.
The most striking feature of wetland sediments exposed to high combustion
temperatures was the production of ash, which has important implications for sediment
geochemistry and wetland water quality (see Figure 7-1a and Figure 7-1c).
Temperatures exceeding 500 °C resulted in the complete combustion of organic matter,
and the thermal decomposition of carbonate minerals were concomitant with an increase
in sediment pH. The complete combustion of organic material results in an ultra-fine
particle which increases the bulk density of the sediment. Heating sediments to
temperatures above 300 °C also resulted in the destruction of sediment hydrophobicity
(see Chapter 5). These parameters will influence the hydraulic conductivity of the
sediments and have important implications for the transport of soluble elements from
the wetland, and, as such, wetland water quality. It is important to note that the
production of in-situ (within wetland) ash did not ameliorate the acidity produced, and
the contribution of ash to buffering was negligible, particularly in well-buffered
catchments, such as those found in the Spearwood Dune system complex of the SCP.
The impacts of fire, as identified in this study, seen in the Spearwood dune
wetlands in the present day, might be the same as a much longer-term processes which
led to the leached nature of the soils and sediments of the Bassendean Dune system
complex. The typically lower organic matter contents of wetlands in the Bassendean
system is reflective of periods of drying over geological time, but the results of this
study suggest lower organic matter contents could also be a product of historical heating
and combustion events. The role of fire as a formative agent should be evident in the
sediments of the SCP. Pyrosediments should provide detailed geological evidence
including charcoal and carbon alterations (Allen et al., 2008; Hassell & Dodson, 2003;
Hope et al., 2005; Rollins et al., 1993), as well as magnetised mineral assemblages
(Goforth et al., 2005; Terefe et al., 2008), indicative of the fire frequency and fire
severity of fire in wetland sediments throughout the Holocene period.
Further geological evidence of the role of fire in wetland sediments of the SCP is
the wetland sediment geochemistry, or rather the heterogeneity of wetland sediment
geochemistry, both within and between wetlands. This study provides evidence that fire
mobilises elements through a complex interaction of physical, geochemical and
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hydrological (see Chapter 6; Figure 7-1) interactions in the sediment. Within a wetland,
cracking and ash deposition creates localised patches of heterogeneity, superimposed on
differentially heated and reacted minerals – together contributing to the complicated
nature of the within-wetland sediment heterogeneity. Mobilised elements are
transported downstream of the impacted wetland, in a plume towards the coast, which is
intercepted by other wetlands or surface tributaries. This phenomenon results in the
migration and distribution of elements across the SCP. The heterogeneity or patchiness
is representative of both the distribution of fire across the landscape and also of the
inherent variability in the fire severity associated with wetland sediment fires.
In summary, fire as a process defines the geomorphology, geochemistry and the
hydrology of the SCP. The results of this study show that wetland sediment fires impart
a number of physical, geochemical and mineralogical impacts which have shaped the
wetland sediments of the SCP (figure 7-1a). Therefore, appropriate consideration must
be given to the roles that wetland sediments and fire play in the creation and
maintenance of wetland ecosystems, both at the local and landscape scales. Wetland
sediments and their importance, must be acknowledged in wetland management
strategies and must be the subject of conservation in their own right.
7.4. WATER: WETLAND AND GROUNDWATER WATER QUALITY
Wetland Water Quality
Horwitz and Sommer (2005), in a review of post-fire water quality impacts in
wetlands of the SCP, identified the “rehydration of burnt or overheated organic soils”
as one of five key potential changes to water quality following fire. The results of this
study confirm that the rehydration of dried, overheated and burnt, organic rich wetland
sediments is one of the main factors affecting wetland water quality following fire. One
of the main reasons for considering the impact following rehydration of burnt and
overheated sediments was the knowledge that drying of wetland sediments, and the
subsequent oxidation of sulphidic sediments, produced an acidification event. The
researchers also hypothesised that fire would exacerbate the acidification event, mainly
through physical ‘cracking’ of the sediments, allowing the disturbance of passive acid
sulphate soil layers, deeper in the sediment profile (Horwitz et al., 2003).
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Fire-induced versus Drought-induced Acidification of Wetland Waters
This study revealed that the heating and combustion of wetland sediments
produced an acidification event that was several orders of magnitude greater than that
seen following dewatering or drought. The differentiation between drought-induced
acidification (i.e. drying of wetland sediments which leads to the oxidation of the
sulphidic minerals and the generation of acidity), a well-documented phenomenon on
the SCP, and fire-induced acidification, is the volume of the acidity produced in a single
event and the potential for repeat acidity generation via the direct and indirect effects of
heating and combustion. The level of acidification is evident in the pH (2 -3 pH units
lower) and levels of SO42- produced (order of magnitude greater) (see Chapter 4). The
physical and geochemical changes in wetland sediments following fire, which result in
acidification, have been described in the previous section. Additionally, fire results in
the hydrochemically-enhanced further oxidation of pyrite, under anaerobic conditions.
Fire, through the massive oxidation of sulphidic minerals, increases the proportion of
ferric iron to total iron. Ferric iron produced as a by-product of pyrite oxidation, further
enhances the oxidation of pyrite by becoming the main oxidant under acidic conditions
(Nordstrom, 1982). The hydrochemistry of fire-impacted wetlands is also differentiated
by the presence of K+. Potassium is present in the wetland waters following fire due to
ash produced during a fire event; however, the temporal persistence of K+ tends to be
brief as it is particularly soluble and mobilised easily following rainfall.
The results of this study (Chapter 4) show that acidity is flushed from the
sediment into groundwater following rainfall events, resulting in an acidic groundwater
contamination plume (Figure 7-1c). The hydrochemical nature of the groundwater
contamination plume fluctuates and has been shown to be strongly linked to seasonal
oscillations in the hydrological cycle of the wetlands studied (Figure 7-1d). Fluctuations
between periods of acidity and neutral hydrochemical conditions demonstrated the
potential role carbonate-rich groundwater might play in buffering acidity produced
following fire or drought events. This is an important consideration for management
agencies, as wetland sediment fires overwhelm the acid neutralising capacity (ANC) of
the wetland system and lead to the long term acidification of the wetland and a
continual acidic plume. The results of this study suggest that complete acidification is
due to the erosion of the base-cation reserves of the sediment as a result of continued
episodic leaching following fire. This emphasises the role of wetland sediments in the
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ANC of a wetland system, set against the inputs from carbonate rich groundwater and
in-situ and catchment ash.
Semeniuk and Semeniuk (2005) and Horwitz and Sommer (2005) identified the
potential role of ash, both within the wetland basin and from catchment inputs, in
creating alkaline water quality conditions. This phenomenon was observed by Battle
and Golladay (2003) who studied the effects of catchment fires on wetland surface
water quality. The results of the current study (Chapter 4) suggest that the contribution
of ash in neutralising or buffering the acidification of wetland waters is transient in
nature (persists for < 1 year after fire) and negligible in wetland sediments containing
sulphidic sediments, particularly in well-buffered catchments (see Chapter 6). In the
poorly-buffered catchment of the Bassendean Dune system complex, ash deposition is
likely to play a more significant role in buffering acidity, as also is Al. The erosion of
the acid-buffering capacity of a wetland will be heightened by repeated wetland
sediment fire events, further impacting upon the ability of the wetland to prevent, or
withstand, severe fire events and the ability of the wetland to withstand repeated severe
acidification events.
The episodic nature of the acidic groundwater plume also has ramifications for the
fate of dissolved metals. High levels of dissolved Fe2+ and Fe3+, Al3+, Mn2+ and Zn2+ as
well as other compounds such as SO42- will have implications for downstream
groundwater dependent ecosystems. The seasonal fluctuation in pH of the post-fire
groundwater contamination plume will lead to the mobilisation of some metals and the
precipitation of others. There was a clear differentiation in the levels of soluble elements
and compounds found in the water between the Bassendean and Spearwood wetlands
following heating, particularly SO42-, Fetotal and Al3+, which was expected given the
geological age and the leached nature of the Bassendean wetland sediments (see
Chapter 6). This further supports the earlier statement that fire, and more importantly,
the interaction between fire and water, has played a role in forming the geomorphology
of the sediments and soils of the SCP.
An understanding of the hydrochemical effects of wetland sediment fires is
imperative for wetland managers to be able to inform management practices and
understand their consequences. As described above, many of the hydrochemical effects
may not be apparent over seasonal temporal scales, a time-frame typically implemented
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by many monitoring programs. In order to determine the impacts of fire upon wetland
and groundwater water quality, as opposed to the effects of drying, monitoring
programs must incorporate both seasonal and longer–term temporal (years) scales.
Groundwater Quality and Downstream Impacts
Following wetland sediment fires, a groundwater contamination plume is
evident downstream of the fire-impacted sediments (see Chapter 4). Its hydrochemical
nature has implications for downstream groundwater dependent ecosystems. Of
particular concern is the concentration of some metals contained within the plume.
This study identified the spatial distribution of post-fire groundwater
contamination plumes as being shallow in nature, not exceeding 6m in depth (see
Chapter 4). This is commensurate with the shallow nature of these wetland depressions
and their sediments. Other studies investigating disturbance-related acidity plumes, have
shown a similar acidity front that did not extend below 10 m (Ward et al., 2010).
However, this may be a temporal effect and further investigation into whether the acidic
plume migrates deeper into the aquifer is warranted. In a number of studies an
acidification front is present where the acidic groundwater or plume meets the
underlying non-acidic alkaline groundwater, where a concentration of metals may exist
(Appleyard & Cook, 2009; Ward et al., 2010).
The most pressing concern, apart from pH, for downstream groundwater
dependent ecosystems is the potentially toxic levels of some metals, in particular Al, Fe
and in some instances As. The post-fire groundwater contamination plumes contained
high levels of water leachable Al, commonly exceeding 30 mg.L-1, and levels exceeding
100 mg.L-1 were also recorded (see Chapter 4). Elevated ratios of Al/Ca downstream of
some of the burnt wetland sites were found, which is often a better indicator of the
potential for vegetation stress associated with Al toxicity (Álvarez et al., 2005). To
explore this potential for toxicity, further information is required to determine both the
relative uptake of metals by vegetation downstream of the fire-impacted wetlands and
the spatial extent of the contamination plume. Such a focus is made all the more
important because horticulture, which is reliant on irrigated water drawn from
groundwater, can occur downstream of burnt wetland sediments (Hinwood et al., 2008;
Hinwood et al., 2006b). The speciation of Al and the degree to which it is bound up in
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organic complexes will also influence the potential toxicity and requires further
investigation.
The levels of soluble ferrous iron are also a concern for downstream groundwater
dependent ecosystems. Soluble ferrous iron transported downstream can lead to the
generation of further acidity, away from its point of origin (Cook et al., 2004). Levels
and speciation of Fe are important components in the post-fire hydrochemistry of
wetland waters and groundwaters, and these require further investigation. Whilst As
was not included in the statistical analyses performed as part of this study, there were
numerous instances within the data where levels of As exceeded World Health
Organisation’s acceptable drinking water criteria, with levels as high as 130 µg.L-1. This
is of particular concern in a shallow aquifer where household abstraction is often used
for irrigation of home-grown produce and drinking (Appleyard et al., 2006).
7.5. IMPLICATIONS FOR CURRENT AND FUTURE MANAGEMENT
PRACTICES
Whilst this section addresses particular management practices in isolation, a key
theme and one of the main arguments put forward in this chapter, is the shortcomings of
management strategies that fail to incorporate sediment, water, vegetation and fire
management considerations into a single, holistic ecosystem management approach.
Fire
Typically, fire is used as a tool to manage fuel loads surrounding wetlands or, to
manage wetland vegetation composition and control weed species. It has also been used
to promote biodiversity in the broader wetland catchment. Locally, the practice of
burning peat deposits has been used to induce an alkaline response and nutrient
availability for horticultural purposes (Teakle & Southern, 1937). In recent times these
practices, due to the increased vulnerability of wetland sediments to burning, have often
led to the inadvertent ignition and subsequent smouldering combustion of wetland
sediments. This suggests a failure to recognise the significance of fire in wetland
ecohydrological processes by those responsible. Often, fire management practices
prescribe management burns based upon a seasonal model that assumes wetland
sediment vulnerability inferred or predicted by sediment moisture levels. This practice
alone may no longer be appropriate given the changing hydrology of the groundwater of
the SCP, and the subsequent shift in the ecological integrity of the wetlands of the SCP.
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Indeed it shows that, an ‘old’ ecosystem management approach, about when and how to
burn, is no longer appropriate in the face of an emergent – systemic response to
declining groundwater levels like the ones described in this thesis.
When fire enters a wetland on the SCP a number of fire suppression and fire
retardation strategies are available to fire managers, including: no management actions
(combustion allowed to propagate naturally), saturation with water, use of chemical fire
suppressants and retardants and the use of physical barriers (see Chapter 1). Various
government agencies responsible for managing fires across the SCP region are governed
by policies with varying objectives with regard to protection of the natural environment.
The Department of Fire and Emergency Services (formerly Fire and Emergency
Services Authority), whilst acutely aware of the potential for adverse environmental
impacts either directly as a result of fire or indirectly through management practices, is
mandated to protect life and property above all else. The Department of Parks and
Wildlife (formerly Department of Environment and Conservation (DEC)) is responsible
for fire management in state and national reserves, including fuel reduction and
biodiversity. Local governments are responsible for preventative management at a local
scale, such as issuing fire bans, burning permits, policing fire breaks, and other fire
reduction approaches. The central management goal in implementing any or all of these
management practices is to limit the amount of environmental damage as a result of the
smouldering combustion, as well as suppressing the potential for the ignition of
surrounding vegetation and the threat to life and property from wildfire.

Often,

management activities may exceed the ecological impacts associated with the actual fire
and persist well after the fire event (Backer et al., 2004a). This has been shown in the
use of chemical suppressants or retardants that can have significant consequences for
wetland water quality, particularly the potential for eutrophication (see paper by Blake
et al., 2012; appendix 2). What this study shows is that management practices may also
influence wetland water quality by inadvertently regulating the thermal severity
(intensity and duration of heating) of the smouldering combustion front. Saturating
sediments with water, chemical suppressants and physical barriers are all methods
capable of influencing the temperature of the smouldering combustion. Maintaining
combustion at mid to low temperatures has been shown to promote the generation of
acidity and the mobilisation of metals, whereas, high temperature burns result in an
alkaline response and lower levels of metal solubility (see Chapter 6).
198

Each one of these management strategies has implications for the health of the
wetland ecosystem which could be revealed by an environmental cost-benefit analysis
prior to implementation. Wetland sediment fires consume considerable resources in
terms of machinery, man-power and time. The Department of Fire and Emergency
Services (DFES) recognises the increased susceptibility of SCP wetlands to fire events,
the increasing level of resources required to manage wetland fires, and most
importantly, the potential for adverse environmental impacts as a direct result of fire and
indirectly through fire suppression activities. This led to the commissioning of an
investigation: ‘Examining wetland values on the Swan Coastal Plain, considering
important

contemporary

hydrological

changes,

documenting

the

structural

characteristics of wetlands that are vulnerable to fire, outlining the potential for fires to
impact on both human health and environmental quality, and conducting a risk
assessment in the light of these matters’ (Horwitz et al., 2008), a precursor to this study.
The current thesis has contributed in this context, identifying fire-related impacts and
the importance of temperature, to assist managers in preventing adverse environmental
outcomes as a result of fire and the management of fire in wetland ecosystems. It has
also identified the need to recognise the intrinsic role that fire has played in shaping the
wetlands of the SCP, and further highlights the importance of preserving wetland
sediment integrity in maintaining wetland water quality.
Sediments
Wetland basins are important repositories of geomorphological, geochemical, and
hydrological processes at a localised and regional scale which provide important
insights into the geological formation and evolution of particular landscapes. The
impact of fire upon regolith is well studied and a number of direct and indirect impacts
have been identified. Direct impacts are known to include physical changes to rocks (i.e.
spalling) and mineralogical changes, whereas indirect impacts include increased
erosion, runoff, and weathering rates, and changes to soil properties and hydrologic
processes (Humphreys et al., 2003). Until now, little was known about the direct or
indirect role that fire played in the physical and geochemical formation and evolution of
wetland sediments and broader catchment soils.
As has been identified previously in this chapter, wetland sediment fires result in a
number of physical, geochemical and mineralogical impacts upon wetland sediments.
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An intricate relationship also exists between wetland sediment type and fire severity,
which can be described as one source, perhaps even a dominant source, of sediment
heterogeneity, both within and between wetlands. An indirect relationship between fire
and the geochemistry of the SCP lies in the intricate relationship between fire, wetland
sediments and hydrology (Figure 7-1a-f). It is the physical and geochemical makeup of
the sediments (Figure 7-1b) and the wetland hydrology (Figure 7-1e) which influence
fire severity. The variability in fire severity and the heterogeneous nature of the physical
and geochemical response in wetland sediments and the subsequent groundwater plume,
facilitates the mobilisation of elements, typically accumulated in wetland sediments,
across the landscape. This process, in turn, shapes the geochemistry of wetland
sediments downstream of fire-impacted wetlands. Given this, it is feasible that fire has
played an important role in shaping the sediment geochemistry at a regional scale. The
role of fire in shaping the geomorphology of the sediments and soils of the SCP requires
further investigation, in order to ascertain its significance in contributing to the
geomorphological evolution of the soils and sediments of the SCP.
Brocx and Semeniuk (2007) noted the lack of geoconservation, a process
described as the preservation of Earth Science features which are valued for their
contribution to heritage, science, or education; and, to date, a conservation strategy that
has been poorly recognised in Australia (Semeniuk & Semeniuk, 2001). Interestingly,
Semeniuk and Semeniuk (2001) did not identify fire as a potential human impact
threatening the geoheritage features of the SCP, nor did they acknowledge fire as an
important process in the geoheritage value of wetlands, and in particular, wetland
sediments. If we accept the argument above, that fire has been important in shaping the
geochemical makeup of the sediments of the SCP, through its ability to physically alter,
oxidise and mobilise elements, then its relevance to the geomorphology of the region is
akin to that of other sedimentary and hydrological processes that warrant protection. But
unlike them, fire is a less tangible, more dynamic feature of the landscape, one where
the ability to measure a geoconservation value and assign a geoheritage status to this
ecogeomorphological process is inherently problematic. Nevertheless, consideration
needs to be given somehow to the geoheritage status of fire and how fire can be
incorporated into geoconservation strategies.
If mis-managed, fire could destroy valuable repositories or sites with significant
geoheritage value. The results of this study reinforce the geoconservation significance
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of wetland sediments and highlights again the superficial consideration given to the
importance of wetland sediments in wetland and water management strategies, a
recurring issue on the SCP (Sommer, 2006).
Groundwater
Groundwater management on the SCP is typically based upon aquifer hydraulics
and water balance changes (Salama et al., 2002; Vogwill, 2004; Yesertner, 2008) and
does not yet properly consider environmental requirements like the way complex
interactions between wetland sediments, groundwater, vegetation and fires imprint on
hydrogeochemical processes.
Environmental considerations with regard to sustainable abstraction of
groundwater on the SCP are made through the identification of groundwater-dependent
ecosystems (GDE’s) and the determination of their ecological water requirements
(Eamus & Froend, 2006). Whilst acknowledged as important components of wetland
ecosystems, little regard has been given historically to the significance of wetland
sediments and wetland ecohydrological processes and the ecological water requirements
of these sediments. Furthermore, no consideration has been given to the role fire plays
in wetland ecohydrological processes and in maintaining wetland sediment integrity. In
fact, it can be argued that it is this lack of recognition for the complex interaction
between wetland sediments, fire, water and vegetation, and in particular the role of fire,
which has contributed to a reduction in the ecological integrity of wetlands on the SCP
in recent times, and to their increased susceptibility to fire-related impacts. In recent
times, changes in groundwater hydrology associated with a drying climate and overabstraction of groundwater has increased the vulnerability of these wetland sediments to
adverse fire-related impacts, whereby fire is consuming much larger reserves of organic
material and mobilising ions in toxic proportions. Recognising the formative role fire
has played in the wetlands of the SCP, and identifying the climatic and hydrological
conditions required to restore the wetland system to a ‘state’ of ecological equilibrium is
paramount in maintaining the recognised ecohydrological functioning, at a regional and
local scale, of the wetlands of the SCP.
The results of this study (see Chapter 3 and Chapter 4) also identify the
importance of wetland hydrological cycles in regulating post-disturbance groundwater
hydrochemistry. Seasonal fluctuations of the groundwater table, as a result of rainfall
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recharge, regulate groundwater hydrochemistry between periods of acidity and
neutrality. Rainfall infiltration and a rise in the groundwater table effectively flush
wetland sediments of stored acidity and mobilised metals (Figure 7-1d). The influx of
groundwater also delivers dissolved carbonates, a reflection of the parent
geomorphology, which plays an important role in buffering acidity. Additionally, a rise
in the groundwater table reintroduces anaerobic conditions to the wetland sediments and
restricts the production of acidity.
Managed aquifer recharge or artificial recharge, has been touted by groundwater
management agencies as a way of restoring the ‘water balance’ with a stated aim of
providing water to maintain and restore GDE’s (Bekesi et al., 2009). It should be noted
that, to date, the current water supply policy has led to groundwater depletion and a shift
in the balance of a number of GDE’s, particularly on the SCP. Without a change in
policy, the same environmental issues (i.e. a reductionist approach to ecosystem
management, and/or an inability to quantify a particular ecohydrological process) that
occurred as a result from groundwater depletion may be intensified through large-scale
recharge of the superficial aquifer. There are two key issues of concern, namely the
potential for the mobilisation of large volumes of stored acidity and soluble metals; and,
the potential for the instigation of a hydrological cycle which does not reflect seasonal
cycling (between periods of wetting and drying).
Whilst fire creates conditions which facilitate the oxidation of substantial reserves
of sulphidic minerals, the wide-reaching environmental concerns of subsequent
acidification are not realised until the sediments are rehydrated. Rehydrating large
sections of the SCP may inadvertently mobilise considerable amounts of stored acidity
and soluble metals. This is likely to overwhelm the acid-buffering capacity of the
system, on a localised and regional scale, and lead to an irreversible shift in the balance
of GDE’s, already stressed due to groundwater abstraction. Furthermore, rehydration of
burnt sediments can promote further oxidation of sulphidic minerals, away from the
fire-impacted sediments, leading to continued acidity generation. This may contradict
the concept of the rapid rehydration of drought-affected sediments to reverse the effects
of acidification, as outlined by Sommer and Horwitz (2001). An artificial groundwater
recharge strategy that does not adequately consider the physical, geochemical and
biological functioning of wetland sediments; the significant role fire plays in regulating
these processes, and the role of hydrology in regulating the occurrence and severity of
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fire in wetland sediments, will ultimately lead to further erosion of the resilience of
wetland ecosystems to acidification. This study has shown that there is an intricate
relationship between wetland sediments, wetland hydrology and fire (Chapter 3) and, in
particular, the seasonal nature of wetting and drying of wetland sediments (Chapter 4).
Together fire and wetland hydrology have an important regulatory function for
vegetation community structure (Miller & Zedler, 2003; Zedler & Kercher, 2004, 2005)
and nutrient cycling (Battle & Golladay, 2003; de Vries & Simmers, 2002; Smith &
Newman, 2001). Failure to reinstate these hydrological cycles, where wetlands can be
exposed to superficial burns, could lead to irreversible changes in wetland vegetation
distribution and cycling of elements within the wetland system.
Wetlands
Current wetland management practices, regardless of region or wetland type, fail
to acknowledge fire as an elemental process in wetland formation and evolution,
particularly in wetlands in temperate, tropical and boreal regions, even though the
interaction between fires and wetland sediments is documented in all these biomes
(Efremova & Efremov, 1994; Moreno et al., 2010; Smith et al., 2001; Usup et al.,
2004). Any reference to fire in wetland management strategies usually applies to the use
of fire as a tool for vegetation management, habitat management, regulating fuel-load
and water quality or sediment quality management practices (Battle & Golladay, 2003;
Bickford et al., 2012; Lee et al., 2005; White et al., 2008).
Acknowledging the intrinsic role of fire in wetland ecohydrological processes,
rather than as an external threatening process, may have some important ramifications
for wetland functioning. Based on the information above, wetland management requires
a holistic management approach that acknowledges the complex inter-relationships
between wetland sediments, hydrology and fire (see Figure 7-1a-f). Consideration of
these ecosystem parameters in isolation can lead to the erosion of wetland integrity and
increase the susceptibility of the wetland to environmental damage. For example,
determination of hydrological requirements without regard for the role of fire in the
wetland ecosystem could lead to a situation where wetlands are not only more
susceptible to fire events, but management practices may also result in increased
severity of wetland fires. Ultimately, the role of fire and its complex relationship with
wetland sediments and interaction with groundwater hydrology must be incorporated
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into wetland management and acknowledged in determining environmental water
requirements, to ensure the long-term viability of the wetlands of the SCP.
7.6. FUTURE RESEARCH
This study has greatly increased the understanding of the mechanisms involved
and the water quality impacts associated with the combustion of wetland sediments, and
it has identified key areas requiring further, detailed research. Broadly, these can be
categorised into research questions around fire, organic carbon and geochemistry.
Fire related questions include exploring the ignition capacity and migration rates
of a smouldering combustion front through various sediment types found on the SCP.
Heating and combustion of sediments in a laboratory have demonstrated the
geochemical and hydrochemical responses that could be expected in the field; however,
it does not indicate the susceptibility of sediments to burn. Semeniuk and Semeniuk
(2005) identified a number of different sediment types and indicated that, of those, there
are approximately six types that are susceptible to combustion, based primarily on their
organic-matter content. To date, no quantitative examination of the propensity of these
sediments to ignite and sustain a smouldering combustion front, has been undertaken.
Determining the ignition capability of all sediment types found across the SCP and
combining that information with the results of this study, will enable a comprehensive
fire-risk matrix to be developed for the wetland sediments of the SCP.
Questions relating to changes in organic carbon include further examination of the
qualitative changes in organic matter (carbon) and how these relate to hydrochemical
changes in wetland water quality. A number of studies have identified the qualitative
changes in organic carbon at low to mid temperatures, particularly in mineral soils
(Alexis et al., 2010; Almendros et al., 2003; Knicker et al., 2006; Knicker et al., 2008).
The substantial pool of organic carbon in wetland sediments and the intimate
relationship with groundwater, warrants the investigation of changes in the structure of
organic carbon, particularly with regard to the formation of fulvic and humic acids and
the relationship between lipids and waxes and hydrophobicity of wetland sediments.
There are a number of geochemical processes which require further examination.
The results of this study show that Al is mobilised following wetland sediment fires;
however, it appears to be driven by different geochemical processes depending upon the
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parent geomorphology of the wetland sediment. It would appear that in well-buffered
organic-rich wetland sediments Al contributes to total acidity, whereas, in the poorlybuffered sediments Al may contribute to acidity buffering. More knowledge is required
into the speciation stoichiometry of Al following fire to inform management practices.
Iron is another element which is prolific in groundwater following fire. It would
appear that there is a complex mix of ferrous and ferric iron mobilised in wetland waters
following fire. As discussed previously, ferrous iron can travel downstream from its
original source and contribute to pyrite oxidation. Soluble Fe can also result in the
creation of stored acidity through the formation of iron (oxy)-hydroxide minerals
goethite, jarosite, and other iron precipitates (Blodau, 2004; Collins et al., 2010; Murad
& Rojik, 2004; Sullivan & Bush, 2004). An understanding of the solubility and
speciation of Fe in post-fire wetland water is imperative in the determination of the
direct and indirect impacts associated with post-fire wetland water contamination.
Incorrect management could lead to further exacerbation of environmental damage.
This study has demonstrated that a groundwater contamination plume emanates
downstream from burnt wetlands. In order to understand the potential for this plume to
impact upon downstream ecosystems, a study of the 3 dimensional spatial migration of
this plume is warranted.
The presence of Fe in wetland sediments also provides an opportunity to examine
past fire frequency and intensity. Studies have demonstrated that fire intensity is
significant in determining the thermal alteration of goethite to maghemite (Goforth et
al., 2005; Ketterings et al., 2000; Terefe et al., 2008). The properties of maghemite
make it useful for determining fire severity using magnetic susceptibility methods
(Goforth et al., 2005).
The response of metals such as Mn, Zn and Cu to fire, and their solubility and
mobilisation have been acknowledged in previous studies, predominately investigating
wildfire (Certini, 2005; Pereira & Úbeda, 2010). These studies also acknowledge that
there is a paucity of information relating to the response to fire and further investigation
is required (Certini, 2005). The results of this study also identify a response to fire for
Mn and Zn and further investigation is required into the geochemistry involved in
determining the mobility of these metals following fire in wetland sediments.

205

7.7. CONCLUSIONS
This study identified the significance of fire in wetland ecosystem functioning and
the complex relationship between fire, wetland sediments and wetland hydrology. The
study also reinforces the notion that prevention is better than cure, in this case that
maintaining wetland sediment integrity and preventing substantial wetland fires from
occurring, whilst allowing superficial burns to occur, is paramount to preserving
wetland integrity.
This study identified the presence of an acidic, shallow groundwater
contamination plume emanating downstream from overheated and burnt wetland
sediments. Due to its acidic nature, the plume contained elevated concentrations of a
number of metal species including Al, Fe and As. It was also shown that physical and
geochemical processes associated with seasonal fluctuations in groundwater hydrology
resulted in the altered hydrochemistry of the groundwater plume. The hydrochemical
response of wetland water quality is shown to be related to sediment heterogeneity, a
reflection of the spatial distribution of wetlands across the landscape, and the physical,
mineralogical and geochemical wetland sediment perturbations associated with varying
degrees of heating. This study also showed that the buffering capacity of individual
wetlands and the greater wetland catchment can be overwhelmed by the quantity of
acidity generated by fire. The acid buffering capacity can also be eroded through the
continued episodic generation of acidity, years after the fire has passed. The
identification of the erosion of the acid buffering capacity of fire impacted wetlands has
highlighted the importance of ash and the seasonal influx of carbonate rich groundwater
in neutralising the acidity produced following wetland sediment fires, although the
contribution of ash to acid buffering was considered negligible in well buffered
wetlands. This study also enabled the differentiation between the hydrochemical
response of wetland sediments to drought and to fire, with the fire induced response
characterised by increased levels of acidity and evidence of base-cation inputs from ash.
The current study has furthered not only our understanding of how fire impacts
upon wetlands, but also its role in wetland ecohydrological processes and maintenance
of wetland integrity. Important changes have been identified, that need to be made to the
way we implement management strategies which involve, or impact upon, wetland
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ecosystems. This is particularly relevant where climate change predictions are indicative
of a drying trend, not only on the SCP, but in other regions of Australia and the world.
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Abstract
There are numerous localized peat deposits on the Swan Coastal Plain, an urban
and rural bioregion otherwise dominated by wetland ecosystems in southwestern
Australia. Hydrological change is significant in the bioregion: urban development
encroaches on wetlands, groundwater extraction provides the city population with most
of its water, and rainfall declines will not recharge aquifers in the future. The wetland
processes which contribute to the formation of these peat deposits have therefore
changed and are becoming vulnerable to fire events with residents increasingly exposed
to peat smoke. There is an imperative to characterise this peat smoke to determine if
exposures are harmful or toxic, and opportunities to do so in this setting arise due to the
absence of bushfire smoke which has confounded other international studies. We have
measured volatile organic compounds (VOCs) and particulate concentrations from an
opportunistic assessment of two peat fires. SUMMA canister grab samples and a
portable GCMS were used to determine the VOCs with high 1 hour benzene
concentrations of 16 and 30ppm v/v. PM10 and PM2.5 particulate data were collected
using an Osiris continuous analyzer with 24 hour concentrations recorded at varying
time periods (within a 5 month timeframe) ranging from 1hr maximums of between 23
to 37 µg/m3 for PM10 and 50.5 to 106µg/m3 for PM2.5. While the 24 hour averages
were generally below national air quality standards, elevated 1 hour concentrations were
observed on numerous occasions and on most days. Given the proximity of residential
development to many peat deposits, a drying climate and the increased risk of arson in
peri-urban environments, the health impacts of exposure to peat smoke need to be
determined and if necessary measures developed to prevent exposure (which would
include maintaining wetland sediment integrity so as to reduce its vulnerability to fire).
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Introduction
Peat deposits associated with inland freshwater ecosystems of the Swan Coastal
Plain (SCP), a bioregion dominated by wetland ecosystems in southwestern Australia,
are becoming increasingly vulnerable to fire events. Changes in climate, hydroperiod
and urbanisation and the incendiary habits of humans are all factors which have led to
an increased vulnerability and incidence of fire in these wetland systems (Horwitz et al.,
1998; Horwitz & Sommer, 2005; Semeniuk & Semeniuk, 2005; Smith & Horwitz,
2005). Apart from the obvious threat to wetland function, wetland biodiversity and
water quality, there are also considerations for human health associated with the
resultant smoke from peat fires: people are living adjacent to wetlands in urban and
peri-urban settings.
Over the last two decades changes in rainfall patterns for the bioregion have
shown a significant decline, reducing the recharge of the superficial aquifer which
supports numerous wetland ecosystems (Appleyard et al., 2004). Coupled with a history
of relatively unregulated and unconstrained abstraction of groundwater for drinking and
irrigation supplies, groundwater levels continue to decline (Appleyard et al., 1999;
2004), resulting in a vulnerability of organic rich sediments to fire events as the amount
of sediments exposed to drying, and the duration for which they remain dry, both
increase. Incendiary events associated with peri-urban fronts have increased the number
of fire events occurring in the region, with a consequent increase in the frequency of
wetland fires.
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By their very nature peat fires are difficult to extinguish and tend to burn for
extended periods, generally from the summer fire period until extinguished by winter
rains. Persistent fires burning in peat sediments bring complaints from nearby residents,
highlighting the imperative to investigate the characteristics of smoke emanating from
these fires particularly in the Australian context where urban development is expanding,
increasing the risk of fire and also the opportunity for exposure to resultant smoke.
Smoke from peat fires can be intense and episodic and is strongly linked to the
rate of combustion. Combustion and the subsequent products are therefore influenced
by sediment type, moisture content of the soil and climatic conditions such as
temperature and humidity and incomplete combustion processes (DeBano et al., 1998;
Grishin et al., 2006). In addition the smoke from burning peat can be intermixed with
smoke from burning fallen vegetation. The resultant smoke can have an impact on
nearby residents over a long period of time as well as presenting a risk to those charged
with managing the fire scene.
Peat smoke is made up of a complex mixture of gases and fine particles (Itkonen
& Jantunen, 1983; NCDENR, 1998). Studies of the composition of peat smoke report
that in addition to carbon (the element that dominates the atmospheric release), sulphur,
potassium, oxides of nitrogen, particulates, polycyclic aromatic hydrocarbons and
volatile organic compounds (VOCs) are also produced (Gebhar et al., 2001; Ramadan et
al., 2000). Both PM2.5 and PM10 have been associated with peat smoke with PM2.5
being considered the predominant fraction (Joseph et al., 2003).
Silica may also be involved where diatomaceous sediments are burnt (Semeniuk
& Semeniuk, 2005). These chemicals in isolation have been shown to have a range of
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health effects in a range of occupational settings (IPCS 1993; WHO 1999; Merget et al.,
2002; Newhook et al., 2003) .
Although plausible that there might be health effects associated with exposure to
smoke from burning peat, few epidemiological studies have focused specifically on the
health impacts of peat smoke. A few studies of the impacts of smoke arising from fires
which originated from peat have been conducted (Emmanuel 2000; Hamilton et al.,
2000; Ikegami et al 2001; Page et al., 2002). These studies in terms of measured
population level effects are confounded by the burning of vegetation and there is little
information on peat fire smoke, individual components within smoke and measured
human exposure.
The aim of this work was to characterize the constituents of peat smoke as the
first step in determining the potential health risks associated with exposure to the
burning of organic soils in a drying environment and where residential development
was being impacted. Opportunistic downwind sampling for VOCs and particulate
matter (PM10, particles with a size diameter of <10μm; PM2.5, fine particles with a size
diameter of <2.5 μm and PM1, ultra fine particles with a diameter of <1 μm) was
undertaken during two peat fires in 2004 and 2005/2006 in the northern metropolitan
area of Perth, Western Australia.
Methods
Study Areas
Lake Wilgarup is situated within Yanchep National Park approximately 45km
NNW of the city of Perth. The wetland sits within the Spearwood Dune system
(Bolland, 1998), where it has formed within an interdunal depression and is filled with
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organic rich sediments (to depths in excess of 2m in some places), subject to
fluctuations in groundwater levels such that surface water expression occurs during
wetter times (Water Authority of Western Australia, 1995).
On Thursday 6th January 2004 a fire, ignited by arsonists, spread quickly
throughout areas of the Yanchep National Park, burning approximately 1,200 ha. The
fire entered sediments in Lake Wilgarup. The sediments continued to smoulder for some
time, with smouldering still visible three months later.
Lake Neerabup is situated within Neerabup National Park, approximately 36 km
North of Perth. The wetland is situated within a peri-urban environment and is
surrounded by residences and horticultural properties. Lake Neerabup also formed
within the Spearwood Dune system (Bolland, 1998) and is some 94.7 ha in area (Hill et
al., 1996b).
Lake Neerabup has been subject to a number of fires in the last decade, with a
large conflagration associated with the lake and surrounding bushland in 2001. In
November 2005 fire entered the organic sediments, at the northern portion of the lake,
when rubbish was set alight on top of dry sediments, and continued in a southerly
direction. A limestone trench was installed approximately 2.5 km from the northern end
of the lake in an attempt to prevent the fire spreading further south. In February 2006,
with the northern part of the lake still burning, fire from neighbouring bushland entered
the lake, south of the trench. This resulted in two smouldering fronts moving towards
each other, and the loss of extensive amounts of organic matter.
Sampling for VOCs

229

Two 1 hour SUMMA canister samples were taken at Lake Wilgarup, one sample
close to the peat smoke (within sediment smoke plume at groundlevel) and another 12m downwind of the smoke, approximately 1.5m above ground level. A Hapsite
portable GC-MS (gas chromatograph-mass spectrometer) (INFICON) was also
deployed and sampled smoke at the site of release to air in order to characterise the
composition. Due to health and safety concerns and safety concerns relating to unstable
nature of burnt/burning sediments, access and instrument deployment times were
restricted thus preventing the acquisition of accurate instrument location and extended
sampling times.
Analysis
SUMMA canister samples were analysed using USEPA TO-14 method. The
samples were quantified against a 4 point calibration curve with USEPA TO-14
calibration mixture at 0, 0.84, 8.4 and 16.8ppb v/v. Several samples exceeded the
calibration range and re-sampling of diluted samples was undertaken.
Particulate Sampling
An Osiris Airborne particle sampler (Turnkey Instruments Ltd) was deployed
400m west of Lake Neerabup and 200m north of Menchetti Road. The Osiris is an
optical particulate analyser capable of indicating PM10, PM2.5 and PM1 concentrations
at a resolution of 0.1 micrograms per cubic metre. Data were collected during different
sampling periods in response to community complaints during the fires hence the lack
of continuous data.
Results
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The results of SUMMA canister analysis are shown in Table 1. Most compounds
detected were below the detection limit however several such as chloromethane and
BTEX (benzene, toluene, ethylene and xylenes) were elevated compared with other
studies of source (Hinwood et al., 2006a).
The Hapsite GCMS data detected many more volatile organic compounds and non
VOC compounds than were quantified using the SUMMA canisters (Table 2). A
number of the compounds are highly odorous and irritant as well as being considered
carcinogens.
Measurements of particulates from a property close to the Lake Neerabup fire
showed the consistent presence of elevated particulates in ambient air however there
was no exceedence of the 24hour National Environmental Protection Measure (NEPM)
(Ambient Air) standards for either PM10 or PM2.5 (Table 3). The NEPM standard for
PM10 is 50μg/m3 for a 24hr period and the advisory reporting standard for PM2.5 is
25μg/m3 for a 24 hr period. It should be noted that the NEPM is based on gravimetric
analysis which would yield different results to those presented here which are based on
nephelometry although the magnitude of the concentrations recorded are likely to be
similar. The comparison used is for exploratory purposes to indicate the range in
particulate concentrations arising from these peat fires. It should be noted there were
some elevated hourly concentrations for all PM size fractions for which is no current
national or international standard. Figure 1 shows that on most days over a four week
period there was a period of time where a high concentration of PM 10 and/or PM2.5
occurred. These results are important in terms of exposure of residents in the prevailing
wind direction and hence the increased risk of exposure.
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Discussion
A range of VOCs and non VOCs such as sulphur dioxide were detected by GCMS
in the smoke arising from the peat fire at Lake Wilgarup. SUMMA canister
concentrations of selected VOCs were in high concentrations compared with other
studies of VOCs in Perth (Department of Environment, 1988; Hinwood et al., 2006a),
noting the limitations in making such comparisons with differing sampling periods,and
factors such as distance from source. In particular the concentrations of benzene were
significantly elevated when compared with samples of indoor open fire places (12hr
2.7ppb), indoor pot-bellied stove (12 hr 2.2ppb) (Hinwood et al., 2006a). These levels
are in contrast to the two SUMMA canisters 1 hour concentrations of 16 and 30ppb
respectively, noting the 30ppb represents the source and was sampled over only 1 hour,
not twelve hours. Toluene concentrations in the peat smoke were significantly lower
than other sources as were xylene concentrations (Hinwood et al., 2006a).
Many compounds detected using the HAPsite GCMS were highly irritant and
odorous, while some are known carcinogens. Benzene is of interest due to its
classification as a human carcinogen and studies suggesting a link between benzene
exposure and childhood cancers (Harrison et al., 1999; International Programme on
Chemical Safety (IPCS), 1998; Nordlinder & JÃrvholm, 1997; R. Nordlinder &
JÃrvholm, 1997; Raaschou-Nielsen et al., 2001). Methylene chloride (dichloromethane)
was also present in the smoke and while it is known to be a probable human carcinogen,
its acute toxicity is considered low probably due to its rapid absorption and extraction
(Bos et al., 2006; Dell et al., 1999). The concentrations of these compounds found in
the peat smoke are significantly lower than those reported where health effects are
observed in the occupational setting and methylene chloride on its own is therefore not
thought to represent a significant exposure risk.
232

Possible carcinogens include vinyl acetate and acetamide, while probable
carcinogens include carbon tetrachloride. A number of the compounds as mentioned
are irritants for skin, eye, nose and throat and include the trimethylbenzenes, carbon
tetrachloride and ethyl benzene. The sulphides are known to be odorous and many are
known toxins.
Markers of bushfire smoke were also present with both the guaicols and syringols
(methoxyphenols) detected using GCMS indicating the presence of burnt lignins, of
both soft and hard woods (Simoneit, 2002; Simpson et al., 2002).
PM10, PM2.5 and the ultrafine fraction PM1 will be produced in smoke, and will
also be generated within the smoke plume as a result of chemical reactions and physical
processes. International literature includes examples of smoke plumes where the
particle size has increased with time and distance from the source (Eck, 2003). This can
have implications for the health effects of the smoke, as harmful substances can attach
to small particles and be carried into the lungs, but additionally, larger particles will
tend not to be carried as deeply into the lungs (Joseph et al., 2003). PM10 and PM 2.5
have been reported in the smoke arising from peat fires where PM2.5 is the major
fraction (Joseph et al., 2003). In this study the PM10 and PM2.5 concentrations did not
exceed national standards for the duration of the sampling, however high concentrations
were recorded for a number of hours and daily throughout the sampling period raising
concern about the risks of exposure to the smoke.
There have been many studies reporting significant associations between
increases in particle concentrations and increases in health outcomes such as
hospitalisation, mortality, asthma presentations and heart rate variability (Mar et al.,
2005; Peled et al., 2005; Pope et al., 2002; Pope et al., 1999). Recent Australian studies
investigated the relationship between asthma presentations and PM10 concentrations
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principally arising from bushfires in the region, finding a significant increase after
adjustment for influenza and day of the week (Bowman & Johnston, 2005; Chen et al.,
2006a; Johnston et al., 2002).
The main limitations of this study are the few samples taken and hence the ability
to draw firm conclusions and the limitations relating to sampling methods. While most
pollutants are significantly decreased from locations downwind of the source compared
with the sources, several compounds do not show this trend. This is likely due to the
concentrations being at the limit of detection of the instrument, co-elution of peaks and
analytical variation. In addition it was not possible to measure the pollutants form
source to receptor which would have provided valuable information on the compounds,
concentrations, duration and frequency of exposure from which to assess human risk.
This study has however highlighted possible constituents of smoke emanating
from peat fires many of which are known to be detrimental to human health. The
concentrations recorded for VOCs and particulates indicate that at least emergency
response personnel and those living in close proximity to the fire (i.e. within 500m) are
potentially most at risk. The short and longer term risks associated with exposure to
particulate matter, benzene formation, along with other compounds of interest
highlighted in this work, as well as the potential complicating factors associated with
different fire management practices all need further assessment given the likelihood of
increased frequencies of peat fires.
Given the rapid urbanisation and associated expansion of the peri-urban fringe
and continued water extraction to meet the requirements of a burgeoning population it is
likely there will be an increasing drying of the environment and increased potential for
fire in wetland systems. As a result management strategies need to be devised to protect
the environment and subsequently human health until these ecosystems achieve a
234

‘steady state’ once again. Above all, the study highlights the potential human health
implications from peat smoke arising from ecosystem change.
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Table 7: Volatile organic compounds sampled from Lake Wilgarup in SUMMA Canisters and
analysed by USEPA method TO14. Sample Results (ppb v/v)

Sample 1.2m off
ground and
downwind of peat
fire

Sample taken close to
emission of smoke from
fire

Dichlorodifluoromethane

1.2

1.2

Chloromethane

21.6

27.4

Dichlorotetrafluoroethane

<0.2

<0.2

1,3-Butadiene

<0.2

<0.2

Ethene, chloro-

<0.2

<0.2

Methane, bromo-

1.2

1.7

Trichloromonofluoromethane

0.7

0.7

Ethene, 1,1-dichloro-, (E)-

<0.2

<0.2

Methylene Chloride

<0.2

1.6

Ethane, 1,1,2-trichloro-1,2,2trifluoro-

0.5

0.7

Ethane, 1,1-dichloro-

<0.2

<0.2

Ethene, 1,2-dichloro-, (E)-

<0.2

<0.2

1,2-Dichloroethane

<0.2

<0.2

Ethane, 1,1,1-trichloro-

<0.2

<0.2

Benzene

16.9

30.5

Carbon tetrachloride

0.4

<0.2

Propane, 1,2-dichloro-

<0.2

<0.2

Trichloroethylene

<0.2

<0.2

1-Propene, 1,3-dichloro-, (E)-

<0.2

<0.2

1-Propene, 1,3-dichloro-, (Z)-

<0.2

<0.2

Ethane, 1,1,2-trichloro-

<0.2

<0.2

Toluene

6.6

11.2

Ethane, 1,2-dibromo-

<0.2

<0.2

Tetrachloroethylene

<0.2

<0.2

Benzene, chloro-

0.4

0.6

Ethylbenzene

1.1

1.9

m- & p-xylene

0.6

1.0

Styrene

0.8

1.4

Compound
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o-xylene

0.9

1.4

1,1,2,2-tatrachloroethane

<0.2

0.6

Benzene, 1-bromo-2fluoro-

<0.2

<0.2

1,3,5-trimethyl-benzene

<0.2

0.3

1,2,4-trimethylbenzene

0.2

0.6

Benzene, 1,3-dichloro-

<0.2

<0.2

Benzene, 1,4-dichloro

<0.2

<0.2

Benzene, 1,2-dichloro

<0.2

<0.2

Benzene, 1,2,4-trichloro-

<0.2

<0.2

1,3 butadiene, 1,1,2,3,4,4hexachloro-

<0.2

<0.2
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Table 8: Hapsite GCMS data, sample taken 15cm above smouldering peat at lake Wilgarup.
CAS

Volatile organic compound

R.T.(min)

Sulfur dioxide

1.39

74-87-3

Methane, chloro-

1.443

107-02-8

2-Propenal

1.784

67-64-1

Acetone

1.822

106-88-7

Oxirane, ethyl-

1.917

75-18-3

Dimethyl sulfide

2.011

78-83-1

1-Propanol, 2-methyl-

2.038

504-60-9

1,3-Pentadiene

2.055

75-15-0

Carbon disulfide

2.153

107-12-0

Propanenitrile

2.273

108-05-4

Acetic acid ethenyl ester

2.428

78-94-4

Methyl vinyl ketone

2.448

78-93-3

2-Butanone

2.557

110-82-7

Cyclohexane

2.628

64-19-7

Acetic acid

3.068

71-43-2

Benzene

3.488

556-64-9

Thiocyanic acid, methyl ester

3.847

110-83-8

Cyclohexene

3.874

108-94-1

Cyclohexanone

4.05

2758-18-1

2-Cyclopenten-1-one, 3-methyl-

4.207

556-61-6

Methane, isothiocyanato-

4.448

822-86-6

Cyclohexane, 1,2-dichloro-, trans-

4.647

624-92-0

Disulfide, dimethyl

4.831

110-86-1

Pyridine

5.017

108-88-3

Toluene

5.331

98-00-0

2-Furanmethanol

5.516

60-35-5

Acetamide

5.785

98-01-1

Furfural

6.29

100-41-4

Ethylbenzene

7.146

106-42-3

p-Xylene

7.313

110-43-0

2-Heptanone

7.56

100-42-5

Styrene

7.661

108-38-3

Benzene, 1,3-dimethyl-

7.751

95-47-6

o-Xylene

7.764

98-82-8

Benzene, (1-methylethyl)-

8.373

123-31-9

Hydroquinone

8.753

100-52-7

Benzaldehyde

8.796

103-65-1

Benzene, propyl-

8.925

5/09/7446
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496-16-2

Benzofuran, 2,3-dihydro-

8.934

526-73-8

Benzene, 1,2,3-trimethyl-

9.058

100-47-0

Benzonitrile

9.122

108-95-2

Phenol

9.271

271-89-6

Benzofuran

9.656

124-18-5

Decane

9.892

95-87-4

Phenol, 2,5-dimethyl-

10.006

108-68-9

Phenol, 3,5-dimethyl-

10.016

105-67-9

Phenol, 2,4-dimethyl-

10.025

91-20-3

Naphthalene

10.411

95-48-7

Phenol, 2-methyl-

10.609

106-44-5

Phenol, 4-methyl-

10.971

108-39-4

Phenol, 3-methyl-

10.971

90-05-1

Phenol, 2-methoxy-

11.193

150-76-5

Mequinol

11.2

245

Table 9: 24 hour average and hourly PM10, PM2.5 and PM1 concentrations (units ug/m3) from
Lake Neerabup 2005-2006 for discreet sampling periods.
Dates

PM10

PM2.5

PM1

Min

Max

24hr

Min

Max

24hr

Min

Max

24hr

1 hr

1hr

Ave

1hr

1hr

Ave

1hr

1hr

Ave

5.20

111

37.3

2.37

24.7

11.5

0.58

4.57

2.56

8.2

143

33.5

3.64

106

17.1

0.04

21.1

1.4

5.20

122

27.9

1.53

52.2

10.4

0.23

16.32

2.3

3.00

148

30.8

0.46

52.6

8.3

0.04

21.1

1.6

1.4

143

23.1

0.27

50.6

8.3

0.06

15.3

1.7

3.0

148

31.1

0.46

52.6

7.3

Dates

25/11/05 –
26/11/05
9/12/05 –
12/12/05
20/12/0503/01/06
03/02/0603/03/06
30/02/0609/03/01
13/03/06 –
15/03/06

Note that the ambient NEPM standard for PM10 is 50µg/m3 (averaged over 1 day), and
advisory reporting standard for PM2.5 is 25µg/m3 (averaged over 1 day)
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Figure 1:Continuous PM10 and PM2.5 concentrations from the Lake Neerabup peat fire 15/02/06
to 15/03/06.
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Appendix 2: Blake, D., Lu, K., Horwitz, P., & Boyce, M. J. (2012). Fire suppression and burnt
sediments: effects on the water chemistry of fire impacted wetlands. International Journal of
Wildland Fire, 13(2), 157-163.
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Abstract.

Preventing fire from entering wetland areas during seasonal or

prolonged drought, or suppressing fire once it has entered a wetland, requires
consideration of the consequences of the fire management action on water quality. Two
approaches can be taken to suppress such fires: chemical fire retardants, or the flooding
of sediments. We determine a lack of information relating to the effects of these
approaches for water quality within fire impacted wetlands. The aim of this study was to
gain a preliminary understanding of the effects of three treatments: two chemical
treatments and saturation. Microcosms were established to test sediments from a
wetland on the Swan Coastal Plain, Western Australia, which were exposed to
temperatures ranging from 30-800 °C. The results indicate that one of the fire retardant
chemicals increased the soluble nutrient load present in the water column, as predicted
by the results of other research. However, the same chemical had a minor but important
effect as an acidity buffer when the organic, pyritic sediment was heated but not burnt.
The second chemical treatment did not increase the nutrient load but nor did it buffer
the acidity generated by the heating and burning of the organic sediment. It was
virtually indistinguishable from the saturation treatment in this regard.
Additional Keywords: Phos-Chek, Kilfire, Acid Sulphate Soils.
Suggested running head: Microcosm test of fire suppression and burnt sediment

Introduction
The subject of wildland fires and water quality has received some attention over
the last two decades, where research has focussed on the effects of prescribed burning
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(Stephens et al., 2004), changed fire regimes (Townsend & Douglas, 2004) or extreme
fire events (Earl & Blinn, 2003a). Another important area of focus has been the way
water quality in a wetland ecosystem has responded to attempts to either extinguish or
suppress fire in the wetland or its catchment. Two approaches are commonly used in
these situations: chemical fire suppression and saturation with water.
Fire suppression commonly uses a variety of water-soluble chemicals including
long-term fire retardants (to inhibit combustion), short-term retardants (their
effectiveness vanishes with the evaporation of water), firefighting foams, and wetting
agents (to increase the dispersal and penetration of water) (Kalabokidis, 2000). The
principal mechanisms by which water quality might be affected by these applications
are through surface runoff, leaching into the soil profile and then subsurface drainage,
or direct deposition of the chemical into the waterbody (Kalabokidis, 2000). Reviews of
the literature on the impacts of fire suppression activities on aquatic ecosystems (Backer
et al., 2004b; Giménez et al., 2004; Little & Calfee, 2002) refer to common features:
because the chemicals are essentially fertilisers they are likely to result in excess
nutrient inputs and potential eutrophication.
The second technique considered for extinguishing wetland fires is saturation with
water, either extracted or diverted from a nearby source or from rainwater. Two
consequences of this technique arise for the water chemistry of a wetland. Firstly, the
effects of saturation will depend on the chemical characteristics of the source water
used; salts or pollutants may be introduced which might react with sediment chemistry.
The second consequence arises when rehydrating sediments that may have been
chemically altered due to the severe oxidation of the fire, potentially resulting in the
release of stored acidity and the concomitant mobilisation of contaminants into
connected ground- or surface waters. Indeed one of Little and Calfee’s (Little & Calfee,
2002) conclusions, that the fire-related effects of aqueous leachates of ash and high
temperatures may exceed the effects of fire retardant chemicals, implies that saturation
of an overheated and burning sediment may not be the best solution for water quality
and aquatic ecosystems.
We believe this complication is one that has otherwise not been treated in the
literature. Therefore, we conducted a controlled microcosm experiment to answer the
following questions: (i) does the application of different chemical fire suppression
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agents to wetland sediments, which have been mildly to severely oxidised, result in
changes in water quality; and (ii) is the response influenced by the organic content of
the sediment and/or the temperature of the burn?
Methods
Sediments were taken from Lake Nowergup on the Swan Coastal Plain of
Western Australia approximately 38 km north of Perth. The lake is bordered by
limestone and calciferous sands whilst the interior of the lake is slowly infilling,
comprised of sands and unconsolidated organic matter. Unlike other wetlands in this
bioregion which have suffered from groundwater drawdown and severe oxidation either
as a result of seasonal drying and/or a significant fire event, the sediments of Lake
Nowergup generally have been kept saturated and anaerobic (Loomes et al., 2003).
Stratified random sampling was designed to collect sediments with varying
degrees of organic matter content within the wetland based upon the hydrological zones
of lakes (Semeniuk & Semeniuk, 2005): the permanently inundated zone (consisting of
relatively deep accumulations of peat; Sediment Type 1), the seasonally inundated zone
(muddy sands; Sediment Type 2) and the seasonal waterlogged zone (predominantly
quartz sands with interstitial biogenic particles; Sediment Type 3), where sediments are
characteristic of internal biogenic processes superimposed on their internal basin setting
in a linear interdunal depression in the Spearwood Dune system (Semeniuk &
Semeniuk, 2005).
Bulk sediment samples were collected from a depth between 50 and 60 cm by
digging a deep pit at each of three sampling sites. This depth profile was chosen as the
sediments at this depth had been neither burnt, nor impacted by pyrolysis in another
way (as evidenced by a lack of macroscopic charcoal after visual inspection of the
sediment profile), nor seriously dried in recent history.
Bulk sediment samples were maintained at field moisture, placed in sealable
polyethylene bags, air purged and stored at 2 °C in the dark. For each sample site,
individual bulk sediment samples were thoroughly homogenised to obtain a composite
representative of the depth profile sampled. Sediment subsamples (approximately 500 g
wet weight) were then allocated to one of five temperature treatments, field moist (FM),
30 °C (‘air dried’), 300 °C, 550 °C and 800 °C, representing sediment temperatures
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likely to be experienced during a fire (Usup et al. 2004; Rein et al. 2008). The 30 °C
samples were dried at temperature in a drying oven (Memmert UFP 800) until a stable
weight was attained. The remaining heat treated sediments were combusted for one hour
at each of the three temperatures using a muffle furnace (ModuTemp WW71A). Heat
treatments were applied concurrently.
Temperature treated sediments were further sub sampled for each of the thermal
increments and three fire suppression methods were applied. Method A is the water that
was used to dilute the two products: double de-ionised (Milli-Q) water. The method is
therefore both a control for the other treatments and a treatment in its own right since it
is applied as if burnt sediments are saturated and rehydrated. Method B is the product
marketed as Phos-Chek D-75 (Astaris LLC, 2003). The ingredients are recorded as
Diammonium Sulfate (>65 %), Monoammonium Phosphate (>15 %), Diammonium
Phosphate (>5 %), Guar Gum, Hydroxypropyl (<10 %), and Performance Additives +
Trade Secret (<5 %) before mixing with water. Method C is the product marketed as
Kilfire™; as a liquid or powder it is diluted by water; the manufacturers regard the
product as both suppressant and retardant. It has been classified as a non-hazardous and
non-dangerous material according to the criteria specified by NOHSC; accordingly no
disclosure is made concerning the chemical nature of this product (Benign
Technologies, 2007) presumably to protect their commercial interests.
Fire retardants were prepared as per the manufacturers’ specifications. The
recommended mixing ratio for Phos-Chek D-75 is 0.144 kg of retardant powder in one
litre of water. Kilfire™ is prepared by mixing 3.3 g of powder in 10 litres of water.
Treated sediment was weighed (10 g) directly into a 500 gm black HDPE jar (Cospak
500STB)and 10 mL of either Method A, B or C solution was added to create a slurry.
The slurries were then made up to a 1:50 ratio with Milli-Q water to represent a likely
dilution in the field (microcosm). The microcosms were capped and mixed thoroughly
and then let stand to allow for hydro-chemical equilibration, in the dark with aeration.
After 7 days, pH and electrical conductivity (using an Orion 5-star multiparameter
meter) were measured for each microcosm and a 60 ml water sample was removed.
Each sample was filtered, collected and stored, frozen or acidified as required and kept
dark. Measurement of sediment physico-chemical parameters (pH and conductivity)
were performed using 1: 5 sediment to water extract (note that this is a different dilution
to that used in the experimental procedure above). Additionally, sediment subsamples
252

for each thermal treatment were digested (using USEPA method 3050B) to establish
sediment variability.
Analysis of Al, Cu, Fe, Mg and S was carried out using a Varian Vista-Pro
inductively coupled plasma (ICP) with optical emission spectroscopy (OES) detection.
Ammonia, nitrate (includes any contribution from nitrite) and ortho-phosphate analysis
were completed using a Skalar flow injection analyser. Due to low concentrations and a
number of results at or below the limit of detection, Al, Cu and Fe concentrations were
not included in the statistical analysis.
Statistical analysis was performed in Primer (Version 6). Data were transformed
where required and standardised. A multivariate approach was taken to ascertain
patterns of discrimination based on changes in water quality parameters between fire
suppression methods and between temperature treatments. Significant differences
among fire suppression methods temperature treatments were tested by pair-wise and 2way permutational analysis of variance (PERMANOVA) (McArdle and Anderson
2001). Where significant differences occurred pair-wise analysis of variance was used
to establish the source of variability.
Principal Component Analysis (PCA) was used to allow groups of variables to be
mapped in multi-dimensional space, which may otherwise not be evident in a twodimensional relationship. Principal component correlations (PCC) were then used to
identify variables with the greatest absolute coefficients associated with each principal
component.
Results
PERMANOVA results (Table 1) show that significant differences in water quality
were seen between suppression methods however, they did not demonstrate a
significant difference between heat treatments. No interaction was seen between
suppression method and heat treatment.
Table 1 here
The two-dimensional PCA ordination of the standardised data for all 45
microcosms shows that the two axes account for 86.6% of the total variability in the
dataset (Figures 1a-c). Most of the variation is accounted for by PC1 that shows a clear
separation between the 15 Method B microcosms (application of the aqueous fire
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retardant Phos-Chek D-75), with elevated electrical conductivity associated with
increased concentrations of ammonium, nitrate, phosphate and total S in the water
(Figure 1a). Very little difference was evident between Method A (saturation water) and
Method C (aqueous Kilfire solution) with the exception of elevated electrical
conductivity at 30 °C for Method C. A pair-wise comparison between suppression
methods shows that Method B is significantly different from Method A and Method C
(PERMANOVA, P < 0.001). The differences in water quality between Methods A and
C were not significant (PERMANOVA, P = 0.94).
Figure 1a-c here
Another separation occurs along axis PC2 between Sediment type 1 (predominantly organic with
loss on ignition (LOI) values of around 67%) and Sediment types 2 and 3 (predominantly mineral
sediments LOI values of 0.2% - 0.4%). This separation is attributable to a lower pH and a higher level
of Mg for the water in the microcosms containing the organic rich sediment (Figure 1b).
Whilst not considered significant, heat treatments were still capable of instigating a response.
The variability within Sediment type 1 (Figure 1b) is associated with different temperature regimes.
This organic sediment revealed higher levels of acidity at the three lower temperature treatments, and
tends to become neutral at temperatures above 550 °C, when the combustion leads to the volatilisation
of Total S from the sediment and when buffering is made available in the ash leachate and through the
combustion of carbonate minerals (see Figure 1c).
The application of Method B tends to neutralise the acidity at lower temperatures, and dampens
the extremes otherwise shown for the organic rich sediment (Figure 2a). However, Method B results
in the addition of Total S (likely SO42-) to the water (Figure 2b).
It is interesting to note that in untreated sediments an increase in Mg levels with combustion
temperatures above 550 °C is observed, however there is a general decline in Mg levels of the water in
microcosms with increases in combustion temperature (Figure 2c). Also noteworthy is that Total S
amounts recorded in the sediments are consistently higher than those for the experimental treatments,
and reflects the loss of S on drying and heating due to volatilisation (Figure 2b).
Figure 2a-c here
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Discussion
We assume that our method is a reasonable representation of a post hoc application of firesuppression, and that under these circumstances variable responses will be observed for (in this order
of magnitude) the method of suppression, the type of sediment exposed, and the temperature to which
sediments have been exposed.
In drawing our conclusions from this study design, we make two further assumptions. The first
is that the water quality of the field moist and heat treated sediments rehydrated with Milli-Q water
(Method A) would provide a response similar to that experienced in the field whereby soluble and
loosely bound ions in the sediment will be leached into solution, representative of the rehydration of
dried, oxidised and combusted sediments following fire.
Our second assumption is that the addition of a particular chemical suppressant will produce a
water quality response that is indicative of the chemicals added, and it will override any inherent
chemical characteristic of the sediment leachate. We controlled for this assumption using Milli-Q
water as above, and by testing across a range of field conditions (temperatures). The fact that we
derived consistent responses from our treatments, and that the results support those of previous
findings (see below) suggests that our assumption has not been violated. Even so we consider that the
results warrant further investigation into the interactions between different sediment types and the
chemical nature of suppressants.
Our work supports the experimental work of others who found that the application of nitrogen
based, phosphate rich retardants can find their way into drainage systems and surface water bodies
where they can influence trophic status (see (Angeler & Moreno, 2006) and enhance pH buffering,
both of which are consequences of the fire. For example, Stephens et al. (Stephens et al., 2004) noted
(in the absence of fire retardants) a large increase in ammonium on post-burn soils, and they attributed
this to the fire converting the organic N to this reduced form, which can then become nitrate and enter
streams. Pappa et al. (Pappa et al., 2008) examined, in experimental pots, the potential for nitrogen to
leach into the groundwater as a result of a retardant application; when added to the soil as ammonium,
some was volatilized during the fire, but the conversion of large amounts of the applied ammonium
into nitrate exceeded what could be taken up by the vegetation and resulted in mobile nitrogen which
leached from the pots.
The degree to which bivalent cations can be detected in solution after sediments have been
heated appears to depend on the thermal intensity (i.e. degree of heating); in low heat microcosms
much more Mg2+ was detected in the water than in microcosms subjected to elevated temperatures,
which may be associated with the formation of MgSO4 and precipitation from the water column.
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Sulphur will be lost from the sediments due to volatilization in a fire, so fire retardants containing
sulphur counterbalance these losses by supplementing the sulphur that remains in the sediment and
water column; the suggested precipitation of sulphate with Mg2+ (and presumably Ca2+) will
contribute to a buffering effect on pH. Conversely, the supplementation of sulphur in conjunction with
iron species (commonly found in organic rich sediments) under reducing conditions may lead to the
formation of stored potential acidity in the sediments. Couto-Vázquez and González-Prieto (CoutoVázquez & González-Prieto, 2006) noted soil pH increases after the application of fire fighting
chemicals and attributed this to the accumulation of ashes, the reduction of organic acids and the
cations supplied by the chemicals. These processes will be important if fires occur in organic rich,
pyritic sediments where the severe heating will dry and crack the sediments, aerating them and allow
fire to enter, resulting in the creation of acidity through oxidation (Horwitz and Sommer 2005;
Semeniuk and Semeniuk 2005a).
A further complication in the study of the effects of fire retardants on organic sediments is
whether the organic matter can bind and assimilate some of the excess inorganic chemicals introduced
as a retardant. Little and Calfee (Little & Calfee, 2002) were able to show experimentally that the
toxicity of retardants was dramatically reduced by both the presence of organic soils, and pyrolysis of
soils with the retardant.
Finally the negligible effects of Method A (saturation) and the chemically enigmatic Method C
(Kilfire) deserve mention; they were virtually indistinguishable in that they did not introduce
significant nutrients into the water, and were both unable to buffer the acidity produced at low
temperatures. If pyritic material is present in a wetland sediment, and given that the organic matter in a
wetland will not be completely consumed by the fire, there is the possibility that hydration with either
method will result in an acidification event. Ironically this will depend on the amount of sediment
burnt, the temperature of the burn and the amount of ash available to buffer the sediments.
We note that we have not subjected the fire retardants themselves to very high temperatures, and
that we need to examine organic chemistry responses as well as the inorganic ones shown in this
study; both of which require further testing.
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Table 1: PERMANOVA analysis of the differences in microcosm water quality associated with the method of
suppressant and the temperature that sediments were exposed to.
Factor

Pseudo-F

P-value

Suppressant (Method A, B or C)

27.59

<0.001

Heat treatment (Field moist, 30 °C, 100 °C, 550 °C or 800 °C)

1.39

0.193

Suppressant x heat treatment

0.35

0.99
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Figure 2: PCA ordination of the water data showing the same microcosm separations but labelled according to method (a), site (b) or thermal treatment (c). PC1 and PC2 combined account for
86.6% of total variability. The ‘environmental’ variables most influencing the ordination are overlain on the ordinations.
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Appendix 3: Field site descriptions.
Lake Nowergup
Lake Nowergup is situated approximately 38km north of Perth between Lake
Neerabup and Lake Carabooda. It is one of the few permanent wetlands which still exist
on the Gnangara Mound. Believed to have formed in a doline within a karstic
landscape, Lake Nowergup is one of the deepest on the Swan Coastal Plain.
As such, environmentally, it is very important at a regional scale, forming habitat
for aquatic biota and as a drought refuge for birds and other fauna. Reflecting its
regional importance, the wetland forms part of the Bush Forever flora conservation
strategy and is classified as an A-class nature reserve, vested with the Department of
Parks and Wildlife (DPaW).
Approximately 80% of the surrounds are undisturbed, particularly on the western
border where it is fringed with Banksia woodland. The western fringe of the wetland
consists of mature stands of Melaleuca rhaphiophylla and Eucalyptus rudis with reed
beds of Baumea articulata and the invasive species Typha orientalis. The eastern fringe
has stands of the sedges B. articulata and T. orientalis and E. rudis. Individuals of
Eucalyptus gomphocephala and Eucalyptus marginata are also scattered throughout the
bordering vegetation.
Land use surrounding the lake varies from natural woodland on its western
border, through to horticulture and hobby farms on its eastern side. At one time in
recent history a piggery operated on the eastern side of the lake (Davis et al., 1993).
The lake is bordered by limestone and calciferous sands whilst the interior of the
lake is comprised of sands with unconsolidated and consolidated organic matter. The
lake interior is slowly infilling due to the accumulation of organic material. The
accumulation of peat over sands has resulted in the lake water being partially perched
from the underlying groundwater.
Lake Nowergup is considered a flow-through lake (Townley et al., 1993) with a
capture zone up-gradient to the east and a release zone down-gradient to the west, with
capture and release apparently restricted to the upper half of the superficial aquifer. The
extent of both the capture and release zones varies with changes in local hydrology.
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Townley et al (Townley et al., 1993) also identified that the outflow from Lake Pinjar,
some 5.5 km to the east, forms part of the inflow to Lake Nowergup.
A relatively steep groundwater gradient occurs on the western (downstream) side
of the wetland, possibly reflecting a cascade whereby groundwater is hydraulically,
moving much faster than surrounding waters. This may be due to the presence of caves
and solution openings in the limestone.
Due to this lake’s regional significance, water levels within the lake have been
artificially augmented annually during spring since 1997/1998. Despite the
augmentation of lake water levels Loomes et al (Loomes et al., 2003) identified that the
drying-out of the lake at least twice since 2000.
Despite reports that the wetland has dried in recent times, the fact that lake water
levels have been on the whole maintained, means that the integrity of many of the
components of the wetland and thus its functioning has remained intact. As a result, the
sediments generally have not been the subject of severe oxidation events either as a
result of seasonal drying or significant fire events. Because of this, the lake was chosen
as a control wetland for the field component of this study.
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Appendix 3-1, Figure 1: Planar view of Lake Nowergup plant communities and surrounding landuse (Source: Arnold, 1990).

265

Appendix 3-1, Figure 2: Diagrammatic cross-section of Lake Nowergup showing topography and
area of open water (Source: Arnold, 1990).

Lake Carabooda
Lake Carabooda is situated 40 km north (10km north of Lake Neerabup and just
north of Lake Nowergup) of Perth within the City of Wanneroo. Privately owned, it
covers an area of 80 ha, and its conservation category classification is ‘resource
enhanced’, which is indicative of the condition of its fringing vegetation of which
approximately 90% remains undisturbed. The wetland vegetation community consists
of Banksia sp. and M. raphiophylla woodlands and sedges of B. articulata and
increasing proportions of T. orientalis (Appendix 3-1, Figure 2).
Land uses are typical of the region with the eastern side of the wetland dominated
by horticultural practises and the western side consisting mainly of semi-rural
residences. A poultry farm is situated at the south-western end of the wetland which
may be providing nutrient inputs for Lake Nowergup, which lies a few kilometres to the
southwest of Lake Carabooda (Appendix 3-1, Figure 2).
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A seasonal wetland, the extent of open water in Lake Carabooda can be up to
16.5ha at its peak (Appendix 3-1, Figure 4). In recent years it is unlikely to have had
surface waters of this magnitude given the nature of groundwater hydrology however it
is difficult to ascertain as there is no staff gauge present in this lake. A channel on the
western side was excavated approximately 20 years ago to provide water for irrigation
purposes. A conversation with the property owner indicated that peat was excavated to a
depth in excess of 2 metres and the water is sourced from a spring in the centre of the
wetland. Ground levels on the western side of the wetland rise quite considerably and
consist of limestone outcrops suggestive of karst landscape similar to that mentioned for
Lake Nowergup. It is feasible that outflow from Lake Carabooda is via caves and seeps
in the limestone.
A peat fire commenced in late August 2006 and was known to be still burning in
April 2007 just prior to the installation of piezometers around the lake. Anecdotal
evidence from surrounding residents indicated that the lake had been exposed to a
number of fires in the last decade, the frequency of which tended to coincide with
declining lake surface water levels. Up until October 2006, ground fire crews had
applied in excess of 21,000 litres of fire retardant. This does not include reagent
dispersed by aerial water bombers. The fire was not officially extinguished until winter
rains permeated and saturated surface sediments along with the associated rise in
groundwater levels.
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Appendix 3-1, Figure 3: Planar view of Lake Carabooda plant communities and surrounding landuse (Source: Arnold, 1990).
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Appendix 3-1, Figure 4: Diagrammatic cross-section of Lake Carabooda showing topography and area of
open water (Source: Arnold, 1990).

Lake Neerabup
Lake Neerabup is situated approximately 36km north of Perth within the City of
Wanneroo. Privately owned, its conservation status is ‘resource enhanced’, indicative of
vegetation condition and current land use practices (Appendix 3-1, Figure 5).
Current land uses include horticultural practices and horse agistment (Appendix 31, Figure 5). Historically, the land was also used for the production of slated lime,
evidenced by the disused lime kilns situated around the wetland. Lake Neerabup
wetland is significant for local Aborigines as it was a source of food, has spiritual
significance and formed part of a chain of wetlands which allowed for movement
between the north and the south of the coastal plain and provided resources during the
harsh summer months. Anecdotal evidence suggests that Lake Neerabup was used by
Europeans as a recreational lake, with sailing and fishing being popular activities.
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The vegetation consists of a mosaic of M. raphiophylla, tall shrubland, with
Typha orientalis C.Presl sedgeland and pockets of Baumea articulata. The occurrence
of fire, declining water table levels and increased nutrient inputs from surrounding
horticulture, have enabled Typha to dominate at the exclusion of the native Baumea sp.
This has resulted in a further increase in fire susceptibility due to the physiological
characteristics of Typha (Appendix 3-1, Figure 5).
Lake Neerabup geomorphology is characteristic of the Spearwood dune system
(Bolland, 1998). The wetland is classified as a sumpland, a seasonally inundated basin
(Hill, Semeniuk et al. 1996). Lake Neerabup covers an area of approximately 212 ha
(Hill et al., 1996a) with a surface water expression of between 70 and 90 ha (Davis et
al., 1993) (Appendix 3-1, Figure 6). The bathymetry of the lake reveals a shallow linearshaped wetland which is subject to fluctuations in surface water expression.
Hydrology records for the lake would suggest that surface water of any
significance has not occurred at Lake Neerabup for the past 5 years, possibly longer.
This is further supported by the remnants of irrigation pump intake pipes which are now
clearly visible at the northern end of the lake, which previously would have been
submerged.
Groundwater flow is from east to west. The lake sits within a limestone valley
with caves evident both on the upstream and downstream sides of the lake. It is highly
plausible that groundwater inflows and outflows are predominantly via caves and seep
holes within the limestone.
The change in groundwater levels has resulted in the sediments of the lake
becoming susceptible to ignition from incendiary activities, both natural and
anthropogenic. As a result, Lake Neerabup has been subject to a number of fires in the
last decade, with a large conflagration associated with the lake and surrounding
bushland in 2001. In November 2005, fire entered the organic sediments, at the northern
portion of the lake when refuse was set alight on top of dry sediments. The fire burned
in a southerly direction. A limestone trench extending east-west across the wetland was
installed approximately 2,500 m southeast of Wattle Road in an attempt to prevent the
fire spreading further south. In February 2006, with the northern part of the lake still
burning, fire from neighbouring bushland entered the lake south of the trench. This
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resulted in two smouldering fronts moving towards each other, and the loss of extensive
amounts of organic matter.

Appendix 3-1, Figure 5: Planar view of Lake Neerabup plant communities and surrounding land-use
(Source: Arnold, 1990).
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Appendix 3-1, Figure 6: Diagrammatic cross-section of Lake Neerabup showing topography and
area of open water (Source: Arnold, 1990).

Lake Wilgarup
Lake Wilgarup is a conservation category wetland situated within Yanchep
National Park, approximately 45km NNW of the city of Perth.
The wetland sits within the Spearwood Dune system (Bolland, 1998), where it has
formed within an interdunal depression. It is approximately 16 ha in area (Hill et al.,
1996a) and the bathymetry of the basin reveals a shallow saucer-shaped wetland filled
with organic-rich sediments (to depths in excess of 2m in some places).
Situated within a National Park, the Lake Wilgarup wetland is surrounded by
natural vegetation with a koala plantation consisting of a variety of Eucalyptus species
including E. rudis (most common), E. saligna, E. viminalis, E. tereticornis, E. robusta,
E. botryoides and E. punctata. It should be noted that according to the Yanchep
National Park Management Plan 1989-1999 (CALM, 1989), a priority to remove the
koala feed plantations from the national park and move them to nearby state forests;
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however, they are still situated next to many of the wetlands in the national park
(Appendix 3-1, Figure 7).
Wetland vegetation consists of a closed canopy of Melaleuca rhaphiophylla
Schauer and occasional Banksia littoralis R.Br., pockets of sedge including Baumea
articulata (R.Br.) S.T.Blake and Baumea juncea (R.Br.) Palla and is surrounded on its
gentle slopes by stands of the tuart tree, Eucalyptus gomphocephala (Water Authority of
Western Australia, 1995) (Appendix 3-1, Figure 7).
Surrounded by limestone outcrops, the wetland is suspected to sit within a doline
(Appendix 3-1, Figure 8). As a result, inflow and outflow are likely to occur through
springs within the limestone. Lake Wilgarup is subject to fluctuations in groundwater
levels such that surface water expression occurs during wetter times (Water Authority of
Western Australia, 1995). Seasonally inundated, the lake surface water levels range
from dry in summer to periods of inundation of up to 80cm in depth during the wetter
seasons (Water Authority of Western Australia, 1995). Records indicate that seasonally,
groundwater levels can be up to 0.5m lower than surface water levels, representative of
the possibility that the lake is perched (Appendix 3-1, Figure 8). This is likely due to the
build-up of organic material (peat) in the basin of the wetland. Therefore it is highly
likely that the wetland acts as a seasonal recharge area when surface water is present in
the lake.
Groundwater levels at Lake Wilgarup have been steadily declining for a number
of years which has resulted in very few, sporadic surface water expressions. Large
amounts of dry organic material means that the sediments of Lake Wilgarup are
particularly susceptible to fire events as was witnessed in 2004.
Yanchep National Park has been subject to many fires over the decades. Between
1977 and 1989 the park had been subject to two major wildfires in April 1997 which
burnt out 500 ha, and March 1983 which burnt 800 ha. Both fires burnt wetlands in the
area (CALM, 1989).
On Thursday 6th January 2004 a fire, ignited by arsonists, spread quickly
throughout areas of the Yanchep National Park, burning approximately 1,200 ha. The
fire entered sediments in Lake Wilgarup (as well as those of two other wetlands,
Yonderup Lake and Loch McNess). The sediments continued to smoulder for some
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time, with smouldering still visible in March. It is plausible that the fire would have
continued for several months until extinguished by winter rains, some 4-5 months later.

Appendix 3-1, Figure 7: Planar view of Lake Wilgarup plant communities and surrounding landuse (Source: Arnold, 1990).

Appendix 3-1, Figure 8: Diagrammatic cross-section of Lake Wilgarup showing topography and
area of open water (Source: Arnold, 1990).
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Appendix 4: Eigenvectors for PCA in-situ data, sampling spring.
Eigenvalues
PC Eigenvalues %Variation Cum.%Variation
1
7.31
48.8
48.8
2
3.36
22.4
71.2
3
1.5
10.0
81.2
4
1.37
9.2
90.3
5
0.964
6.4
96.8
Eigenvectors
(Coefficients in the linear combinations
Variable
PC1
PC2
PC3
0.081 0.058 0.690
Zn2+
pH
0.183 -0.377 0.132
E.C.
-0.343 -0.144 0.092
Al3+
-0.072 0.394 0.400
Di base-cation
-0.311 -0.229 0.154
Fetotal
-0.293 0.128 0.170
Mono base-cations
-0.356 0.005 -0.092
Mntotal
-0.141 -0.332 0.063
Ni2+
-0.326 0.213 -0.049
Stotal
-0.341 -0.186 0.006
Inorganic-N
-0.022 -0.421 0.005
Cl-0.346 0.080 -0.058
SO42-0.193 -0.411 0.168
Total acid.
-0.262 0.222 0.208
Total alk.
0.243 -0.132 0.443

of variables making up PC's)
PC4
PC5
0.028 0.375
-0.268 -0.342
-0.190 0.020
0.204 0.175
-0.199 0.091
0.150 -0.499
-0.123 -0.043
0.567 -0.037
-0.079 0.115
-0.085 -0.092
0.515 0.111
-0.175 0.218
-0.157 0.235
0.203 -0.460
-0.274 -0.320

Principal Component Scores
Sample SCORE1 SCORE2
SCORE3 SCORE4
SCORE5
Now S1
3.02
1.55
1.4
0.139
0.173
Now S2
3.09
1.03 -7.65E-2 8.99E-2
-0.374
Now S3
3.25 0.497
-1.02 -0.147
-1.19
Car B1 -1.66 -0.193
-0.989
-1.28
0.701
Car B2
0.73 -0.541
-1.7 -0.286 -9.81E-2
Car B3 -4.95 -0.118 -6.78E-2
0.448
-1.83
Nbp B2 0.277
-3.1
2.2
-1.3
-0.248
Nbp B3 0.296 -2.59
-0.3
2.61
0.902
Wil B1 -1.55 0.358
-0.595
-1.09
1.45
Wil B3 -2.49
3.12
1.15
0.817
0.52
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Appendix 5: Eigenvectors for PCA in-situ data, winter sampling
Eigenvalues
PC Eigenvalues %Variation Cum.%Variation
1
9.42
62.8
62.8
2
2.41
16.1
78.9
3
1.46
9.7
88.6
4
0.75
5.0
93.6
5
0.478
3.2
96.8
Eigenvectors
(Coefficients in the linear combinations of variables making up PC's)
Variable
PC1
PC2
PC3
PC4
PC5
Zn2+
-0.293 0.212 -0.021 -0.177 0.085
Total acid.
-0.282 0.156 0.242 0.335 -0.190
Total alk.
0.175 0.144 -0.572 0.403 -0.194
Ni2+
-0.308 -0.108 0.139 -0.024 -0.266
pH
0.253 0.190 -0.331 0.237 -0.301
Inorganic-N
-0.047 -0.562 -0.145 0.389 0.262
E.C.
-0.290 0.154 -0.264 -0.190 -0.151
Al3+
-0.223 0.167 0.358 0.553 -0.288
Mono base-cations
-0.295 0.182 -0.226 -0.143 -0.042
Fetotal
-0.300 0.005 0.052 0.168 0.271
Mntotal
-0.063 -0.530 0.001 -0.249 -0.688
Di base-cations
-0.267 -0.182 -0.363 0.032 0.067
Stotal
-0.291 -0.209 -0.193 0.048 0.120
Cl-0.275 0.286 -0.185 -0.140 -0.061
SO42-0.310 -0.149 -0.096 0.104 0.113
Principal Component Scores
Sample SCORE1
SCORE2
SCORE3
SCORE4
SCORE5
Now S1
3.43
1.09
-0.18 -3.68E-2
-0.161
Now S2
3.4
1.08 -8.04E-2 -6.77E-2
-0.142
Now S3
3.22
0.889
0.623
-0.583 4.94E-2
Car B1
1.1
-0.144
0.695
-0.562
0.712
Car B2 0.294
-0.195
0.864
-0.439
0.748
Car B3 -2.99
-0.711
-0.904
-0.638
0.534
Nbp B1 -1.06
-2.77
0.571
1.24
0.701
Nbp B2
1.71 -6.76E-2
-2.79
1.14
-0.154
Nbp B3 -0.468
-2.59 7.99E-2
-1.01
-1.51
Wil B1
-6.4
2.07
-0.742
-0.504 -6.79E-3
Wil B3 -2.23
1.34
1.86
1.46
-0.776
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Appendix 6: Descriptive statistics for porewater from each of the four wetlands. Variables include physico-chemistry and elemental composition (mg.L
). Mean values are presented for each wetland (n = 3); S.E. = standard error.

1

TDS (mg. L-1)

pH
Wetland/Season

Alkalinity (CaCO3 mg.L-1)

Acidity (CaCO3 mg.L-1)

Zn (mg. L-1)

Spring

Winter

Spring

Winter

Spring

Winter

Spring

Winter

Spring

Winter

Nowergup (C)

7.52 (0.17)

6.38 (0.13)

433.33 (33.33)

366.67 (33.33)

226.67 (13.33)

87.0 (31.13)

28.67 (3.84)

8.33 (4.37)

0.65 (0.33)

0.08 (0.02)

Carabooda (+0)

7.15 (0.35)

3.41 (0.17)

2400 (608.27)

3166.67 (1377.60)

28.0 (6.0)

BDL (< 1)

92.67 (79.70)

203.33 (33.83

0.29 (0.11)

0.45 (0.14)

Neerabup (+1)

8.34 (1.28)

4.91 (1.16)

1400 (1300.0)

1866.67 (808.98)

199.0 (181.0)

220.0 (0.0)

16.5 (9.5)

168.66 (67.69)

0.72 (0.13)

0.22 (0.11)

Wilgarup (+2)

5.26 (0.57)

3.28 (0.34)

2300 (0.0)

6350 (2850.0)

BDL (< 1)

BDL (< 1)

108.5 (91.5)

610.0 (105.99)

0.66 (0.04)

1.16 (0.59)

SO42- (mg. L-1)
Wetland/Round
Nowergup (C)
Carabooda (+0)
Neerabup (+1)
Wilgarup (+2)

Cl- (mg. L-1)

Mg2+ (mg. L-1)

Mn (mg. L-1)

Spring

Winter

Spring

Winter

Spring

Winter

Spring

Winter

2.49 (0.45)

10.67 (8.67)

55.83 (2.02)

158.67 (7.86)

48.26 (8.44)

34.85 (2.68)

11.33 (1.64)

10.62 (0.54)

0.02 (0.01) 0.01 (0.004)

899.43 (73.77)

2378.0 (775.74)

496.93 (88.24)

568.67 (425.37)

314.38 (71.25)

356.15 (63.44)

135.77 (40.02)

66.98 (15.43)

0.27 (0.26)

0.27 (0.25)

1201.87 (362.67) 2324.67 (361.96)

213.0 (37.78)

255.6 (103.38)

345.82 (123.87)

512.65 (53.41)

38.07 (10.04)

109.32 (14.76)

0.81 (0.35)

1.17 (0.89)

614.6 (9.4)

1898 (763.69)

240.25 (15.94)

417.03 (75.28)

63.65 (9.02)*

222.21 (70.02)

0.09 (0.04)

0.1 (0.02)

1033.8 (85.6)

3300 (435.58)

Na+ (mg. L-1)
Wetland/Round

Ca2+ (mg. L-1)

K+ (mg. L-1)

Total Al (mg. L-1)

Total Fe (mg. L-1)

Spring

Winter

Ni (mg. L-1)

Spring

Winter

Spring

Winter

Spring

Winter

Spring

Winter

Spring

83.52 (11.50)

52.44 (0.62)

9.52 (1.17)

4.32 (1.27)

1.92 (1.32)

0.17 (0.11)

1.16 (0.43)

0.53 (0.03)

0.14 (0.03)

BDL

Carabooda (+0)

401.14 (110.90)

376.40 (235.52)

32.93 (7.16)

31.88 (9.79)

0.51 (0.29)

10.87 (2.27)

47.09 (42.94)

12.80 (6.78)

0.28 (0.07)

0.29 (0.12)

Neerabup (+1)

183.76 (22.50)

248.81 (45.48)

10.37 (1.72)

23.43 (12.06)

0.37 (0.13)

12.14 (8.76)

52.04 (43.80)

12.15 (9.13)

0.15 (0.01)

0.32 (0.19)

Wilgarup (+2)

389.90 (52.81)

905.39 (296.73)

7.71 (4.05)

11.33 (0.93)

5.73 (5.03)

53.44 (20.12)

41.69 (33.67)

28.11 (7.74)

0.29 (0.03)

0.53 (0.11)

Nowergup (C)

Winter
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Appendix 7: Eigenvalues and Eigenvectors for PCA analysis of spring sampling data.
Eigenvalues
PC Eigenvalues %Variation Cum.%Variation
1
8.54
56.9
56.9
2
2.73
18.2
75.1
3
1.71
11.4
86.5
4
1.18
7.9
94.4
5
0.608
4.1
98.4
Eigenvectors
(Coefficients in the linear combinations
Variable
PC1
PC2
PC3
Total acid.
0.272 -0.127 0.269
Total alk.
-0.262 0.125 -0.048
pH
-0.293 -0.011 -0.321
E.C.
0.317 0.096 -0.130
Al3+
0.127 -0.236 0.466
Fetotal
0.310 -0.242 0.019
Stotal
0.325 -0.121 -0.152
SO420.311 -0.143 -0.229
Mono base-cations
0.270 0.297 -0.036
Di base-cations
0.317 -0.063 -0.244
Inorganic-N
0.146 -0.045 0.552
Cl0.235 0.352 -0.023
Mntotal
0.290 -0.093 -0.334
Ni2+
-0.085 -0.557 -0.020
Zn2+
-0.127 -0.522 -0.188

of variables making up PC's)
PC4
PC5
0.402 0.123
0.465 0.400
0.236 -0.090
0.144 0.311
0.488 -0.285
0.021 0.124
0.047 -0.033
0.112 -0.032
-0.223 -0.330
-0.094 0.007
-0.426 0.338
0.156 -0.438
0.028 0.274
-0.056 -0.360
-0.156 0.035

Appendix 8: Eigenvalues and Eigenvectors for PCA analysis of summer sampling data.
Eigenvalues
PC Eigenvalues %Variation Cum.%Variation
1
10.9
72.8
72.8
2
2.41
16.0
88.8
3
0.842
5.6
94.4
4
0.401
2.7
97.1
5
0.255
1.7
98.8
Eigenvectors
(Coefficients in the linear combinations
Variable
PC1
PC2
PC3
Total Acidity
-0.299 -0.021 0.018
Total Alkalinity
0.214 0.380 -0.364
pH
0.153 0.490 -0.331
E.C.
-0.289 -0.068 -0.143
Al3+
-0.270 0.139 0.299
Fetotal
-0.299 0.077 0.040
Stotal
-0.278 0.226 -0.113
SO42-0.296 0.119 -0.071
Mono base-cations
-0.259 -0.291 -0.169
Di base-cations
-0.288 0.132 -0.179
Inorganic-N
-0.294 -0.012 -0.016
Cl-0.204 -0.285 -0.570
Mntotal
-0.282 0.076 -0.135
Ni2+
-0.242 0.139 0.469
Zn2+
-0.122 0.558 0.067

of variables making up PC's)
PC4
PC5
0.199 0.046
-0.265 0.136
0.292 0.353
0.339 -0.079
0.195 0.450
0.020 -0.147
0.195 -0.040
0.115 0.089
-0.105 0.181
0.228 -0.145
-0.146 -0.363
-0.332 0.325
-0.394 -0.133
-0.394 0.457
-0.311 -0.314
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Appendix 9: Eigenvalues and Eigenvectors for PCA analysis of autumn sampling data.
Eigenvalues
PC Eigenvalues %Variation Cum.%Variation
1
8.7
58.0
58.0
2
2.93
19.6
77.6
3
1.71
11.4
89.0
4
1.01
6.7
95.7
5
0.428
2.9
98.6
Eigenvectors
(Coefficients in the linear combinations
Variable
PC1
PC2
PC3
Total acid.
-0.308 -0.174 -0.181
Total alk.
0.284 0.079 0.209
pH
0.136 0.454 0.226
E.C.
-0.325 0.064 0.166
Al3+
-0.113 -0.521 0.151
Fetotal
-0.309 0.107 -0.034
Stotal
-0.311 0.207 0.135
SO42-0.302 0.230 0.167
Mono base-cations
-0.318 -0.072 -0.079
Di base-cations
-0.275 0.227 0.332
Inorganic-N
-0.125 -0.400 0.225
Cl-0.241 -0.137 0.137
Mntotal
-0.303 0.201 0.049
Ni2+
-0.242 -0.100 -0.490
-0.052 0.299 -0.589
Zn2+

of variables making up PC's)
PC4
PC5
0.151 0.067
-0.307 0.356
-0.021 0.386
-0.072 0.179
-0.197 0.158
0.348 0.097
-0.009 -0.012
0.001 -0.046
-0.284 0.144
-0.009 0.102
0.450 0.492
-0.635 -0.035
0.088 -0.385
-0.117 0.040
-0.095 0.476

Appendix 10: Eigenvalues and Eigenvectors for PCA analysis of winter sampling data.
Eigenvalues
PC Eigenvalues %Variation Cum.%Variation
1
10.6
70.6
70.6
2
2.07
13.8
84.4
3
1.11
7.4
91.8
4
0.734
4.9
96.7
5
0.35
2.3
99.0
Eigenvectors
(Coefficients in the linear combinations
Variable
PC1
PC2
PC3
Total acid.
-0.299 0.025 0.061
Total alk.
0.224 -0.374 0.238
pH
0.235 -0.417 -0.152
E.C.
-0.302 -0.026 0.027
Al3+
-0.263 -0.159 0.015
Fetotal
-0.293 0.089 0.051
Stotal
-0.294 -0.175 -0.110
SO42-0.298 -0.136 -0.018
Mono base-cations
-0.227 0.300 0.403
Di base-cations
-0.290 -0.192 -0.128
Inorganic-N
-0.158 0.469 0.185
Cl0.097 -0.236 0.813
-0.278 -0.231 0.003
Mntotal
Ni2+
-0.299 -0.137 -0.086
Zn2+
-0.218 -0.358 0.139

of variables making up PC's)
PC4
PC5
0.246 -0.070
0.315 0.170
0.082 -0.111
-0.165 -0.131
0.333 -0.616
0.003 0.396
-0.110 -0.017
-0.145 -0.138
-0.269 0.103
-0.080 -0.130
0.566 -0.049
-0.183 -0.228
-0.263 0.224
0.057 -0.022
0.395 0.498
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Appendix 11: The mean, minimum and maximum seasonal water quality data for shallow and deep bores, at the upstream and downstream sites for
Lake Nowergup (NB). S.E. is standard error of the mean.
pH
Ratio's/Round

NH4+

E.C.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

7.4

0.4

2.5

5.2

0.59

0.04

0.38

0.92

365.00

58.99

150.00

780.00

Upstream deep

6.8

0.5

3.8

7.3

0.44

0.05

0.13

0.85

625.00

167.32

140.00

2200.00

Downstream shallow

6.9

0.4

2.7

9.6

0.56

0.04

0.31

0.74

361.67

81.57

80.00

1100.00

Downstream deep

6.5

0.4

4.2

9.6

0.45

0.03

0.32

0.69

446.67

41.60

180.00

720.00

Al3+

Ni2+

Fe (total)

Ratio's/Round

Mean

S.E.

Min.

Max.

Mean

S.E.

Upstream shallow

5.67

1.85

0.69

22.31

7.68

1.82

1.74

23.95

0.19

0.04

0.01

0.53

Upstream deep

7.26

1.92

0.90

20.72

15.25

5.06

1.09

54.77

0.18

0.04

0.02

0.52

Downstream shallow

14.09

8.17

0.19

98.82

10.71

2.46

2.13

28.18

0.22

0.09

0.03

1.10

Downstream deep

9.74

4.76

0.63

57.89

10.54

1.95

2.50

26.02

0.16

0.06

0.03

0.71

Zn2+

Min.

Max.

Mean

S.E.

Ca2+

Min.

Max.

Mg2+

Ratio's/Round

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

0.39

0.07

0.14

1.03

37.10

4.25

18.48

68.53

15.76

1.91

8.75

29.54

Upstream deep

0.84

0.25

0.05

2.92

21.21

4.63

6.08

50.09

7.21

1.21

2.71

15.94

Downstream shallow

0.52

0.13

0.18

1.82

29.39

4.02

6.08

50.69

11.88

1.90

2.49

22.22

Downstream deep

0.62

0.11

0.06

1.16

20.89

3.97

2.07

51.87

8.00

1.40

1.24

18.16

Min.

Max.

Mean

S.E.

K+
Ratio's/Round

Mean

Upstream shallow

10.17

Upstream deep

6.57

Downstream shallow

6.42

Downstream deep

5.47

S.E.

SO42Mean

S.E.

Net Alkalinity

Min.

Max.

Min.

Max.

1.25

4.96

17.86

55.57

20.46

1.80

228.00

64.50

21.48

187.00

-49.00

0.59

3.74

9.74

27.88

10.12

1.31

108.57

-18.72

26.80

129.00

-129.95

0.65

2.96

9.85

72.43

28.16

7.70

340.28

51.19

21.84

179.10

-66.95

0.36

3.26

7.32

25.70

7.27

0.90

75.60

-6.15

17.33

115.00

-109.95
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Appendix 12: The mean, minimum and maximum seasonal water quality data for shallow and deep bores, at the upstream and downstream sites for
Lake Carabooda (0+). S.E. is standard error of the mean.
pH
Ratio's/Round

NH4+

E.C.

Mean

S.E.

Min.

Max.

Mean

S.E.

Upstream shallow

3.9

0.3

2.5

5.2

2.72

0.34

1.12

4.93

Upstream deep

5.4

0.3

3.8

7.3

2.11

0.21

1.43

3.95

Downstream shallow

6.0

0.6

2.7

9.6

2.58

0.28

1.33

4.22

Downstream deep

6.8

0.4

4.2

9.6

1.97

0.15

1.33

3.08

Al3+

Min.

Max.

Mean

S.E.

Min.

Max.

9377.50

2136.60

130.00

25000.00

2713.64

1150.77

40.00

14000.00

7469.09

2457.28

50.00

28000.00

2655.00

1107.98

120.00

13000.00

Ni2+

Fe (total)

Ratio's/Round

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

32.47

7.02

0.09

65.84

286.97

77.30

1.68

867.83

0.26

0.03

0.09

0.48

Upstream deep

6.94

2.44

0.06

22.51

41.43

17.46

0.28

170.09

0.18

0.02

0.07

0.33

Downstream shallow

23.25

10.09

0.09

95.96

98.25

47.21

0.30

490.55

0.28

0.09

0.01

0.82

Downstream deep

3.99

1.95

0.05

19.00

27.36

18.41

0.38

227.05

0.13

0.03

0.05

0.34

Zn2+
Ratio's/Round

Ca2+

Mg2+

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

0.60

0.09

0.22

1.50

171.84

21.13

76.89

312.51

40.32

5.33

12.57

71.97

Upstream deep

0.34

0.05

0.18

0.73

173.15

22.27

97.19

363.01

44.56

5.50

27.44

89.34

Downstream shallow

0.44

0.17

0.09

2.20

166.15

11.24

101.39

249.79

59.16

4.25

37.40

83.24

Downstream deep

0.33

0.10

0.09

1.41

151.79

11.06

101.37

241.74

57.41

4.06

38.76

85.13

K+

SO42-

Net Alkalinity

Ratio's/Round

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

77.13

14.49

37.91

206.92

1272.51

280.17

104.00

3053.80

-771.54

186.80

3.00

-1899.95

Upstream deep

69.31

20.41

31.80

288.87

421.68

117.13

87.70

1296.00

-111.22

39.58

11.00

-369.95

Downstream shallow

22.19

2.54

11.66

37.50

1065.85

185.51

316.00

1976.80

-336.06

165.36

58.00

-1499.95

Downstream deep

20.21

1.93

11.91

33.91

648.45

71.74

390.00

1318.00

-41.48

51.86

67.00

-569.95
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Appendix 13: The mean, minimum and maximum seasonal water quality data for shallow and deep bores, at the upstream and downstream sites for
Lake Neerabup (1+). S.E. is standard error of the mean.
pH
Ratio's/Round

NH4+

E.C.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

5.9

0.4

3.8

7.7

2.41

1.03

0.14

8.59

190.00

51.58

<30

390.00

Upstream deep

6.8

0.4

4.7

9.8

0.72

0.09

0.33

1.35

153.33

26.46

<30

340.00

Downstream shallow

5.6

0.5

3.5

8.5

3.80

0.42

0.79

5.34

16600.91

4278.02

610.00

57000.00

Downstream deep

6.8

0.5

3.4

9.4

4.09

0.08

3.73

4.63

18775.00

2316.35

7700.00

30000.00

Al3+

Ni2+

Fe (total)

Ratio's/Round

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

20.00

8.86

0.53

58.66

22.53

7.37

0.82

54.69

0.12

0.03

0.03

0.27

Upstream deep

1.33

0.79

0.05

8.59

11.48

4.82

0.45

61.57

0.11

0.03

0.02

0.45

Downstream shallow

134.11

38.73

<0.05

328.00

185.06

30.00

4.45

297.09

0.44

0.17

0.03

2.18

Downstream deep

50.86

28.19

<0.05

280.34

279.38

24.24

89.59

409.36

0.30

0.13

0.06

1.66

Zn2+

Ca2+

Mg2+

Ratio's/Round

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

0.41

0.09

0.14

0.83

72.03

18.05

16.43

170.71

9.46

2.92

0.92

24.92

Upstream deep

0.30

0.05

0.01

0.54

35.32

9.25

0.00

102.42

10.31

1.86

3.84

20.48

Downstream shallow

0.84

21.23

0.23

3.22

516.12

64.83

55.11

795.45

86.57

15.48

15.53

171.35

Downstream deep

0.82

0.24

0.14

2.49

507.12

37.17

385.25

811.60

82.76

8.07

43.02

117.58

Min.

Max.

Mean

S.E.

Min.

Max.
-1299.95

K+
Ratio's/Round

Mean

S.E.

SO42Min.

Max.

Mean

S.E.

Net Alkalinity

Upstream shallow

3.38

0.36

1.88

4.91

507.76

274.24

1.80

2136.00

-324.63

196.14

175.00

Upstream deep

10.70

5.21

2.56

71.69

59.22

17.80

6.50

239.00

60.43

29.60

234.00

-109.95

Downstream shallow

12.34

7.12

5.04

33.00

2665.79

453.90

1754.60

5172.00

-819.05

298.90

72.00

-2899.95

Downstream deep

13.90

2.30

5.61

25.12

2423.99

109.46

1940.00

3450.00

-395.22

87.73

10.00

-909.95
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Appendix 14: The mean, minimum and maximum seasonal water quality data for shallow and deep bores, at the upstream and downstream sites for
Lake Wilgarup (2+). S.E. is standard error of the mean.
pH
Ratio's/Round

NH4+

E.C.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

5.0

0.4

3.5

7.4

2.39

0.28

1.50

4.80

182.00

21.29

<30

310.00

Upstream deep

6.2

0.4

3.4

8.6

1.79

0.15

0.80

2.90

158.57

27.36

<30

330.00

Downstream shallow

4.2

0.2

3.3

5.7

3.31

0.38

1.30

4.80

12245.00

5061.66

250.00

39000.00

Downstream deep

5.6

0.3

4.1

7.2

2.86

0.38

1.50

5.00

10320.91

4054.39

<30

35000.00

Min.

Max.

Al3+

Ni2+

Fe (total)

Ratio's/Round

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

Upstream shallow

79.71

28.77

<0.05

325.50

88.71

34.39

0.06

366.05

0.23

0.06

0.04

0.76

Upstream deep

34.44

15.49

<0.05

142.70

30.32

19.92

0.08

236.72

0.10

0.03

0.00

0.37

Downstream shallow

36.99

7.54

3.80

83.20

177.74

14.05

101.59

293.41

0.34

0.05

0.09

0.61

Downstream deep

4.74

1.66

0.10

15.80

138.15

29.12

1.30

275.23

0.20

0.04

0.04

0.49

Zn2+

S.E.

Ca2+

Mg2+

Ratio's/Round

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Mean

S.E.

Min.

Max.

Upstream shallow

0.27

0.05

0.06

0.68

146.81

8.10

99.30

186.30

20.65

1.71

10.69

31.04

Upstream deep

0.26

0.08

0.04

0.63

157.55

5.28

126.20

189.30

25.24

0.87

19.14

29.18

Downstream shallow

0.42

0.10

0.08

1.08

242.25

42.60

58.57

506.01

56.79

9.88

7.57

82.44

Downstream deep

0.37

0.09

0.03

1.00

272.95

47.64

107.14

584.48

68.48

6.38

28.52

99.68

Min.

Max.

Mean

S.E.

K+
Ratio's/Round

Mean

Upstream shallow
Upstream deep

SO42-

Net Alkalinity

S.E.

Min.

Max.

Mean

S.E.

5.30

0.66

3.10

11.63

883.60

250.61

4.00

2477.50

-643.22

6.77

0.89

4.20

12.27

377.20

151.07

97.30

1654.00

-107.16

Downstream shallow

14.75

1.97

6.50

28.10

1678.77

245.28

324.60

2870.40

-576.62

Downstream deep

15.68

2.24

7.16

30.64

1333.29

203.80

290.00

2351.00

-269.21

Min.

Max.

262.89

100.00

-2899.95

116.78

111.00

-1099.95

79.75

-199.95

-1195.95

60.86

38.00

-499.95
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Appendix 15: Principal component correlations of PCA analysis performed on median values
for individual wetlands.
Eigenvalues
PC
Eigenvalues %Variation
1
8.64
72.0
2
2.03
16.9
3
0.867
7.2
4
0.33
2.7
5
0.14
1.2

Cum.%Variation
72.0
88.9
96.1
98.8
100.0

Eigenvectors
(Coefficients in the linear combinations of variables making up
PC's)
Variable
PC1
PC2
PC3
PC4
PC5
pH
-0.243 0.403 -0.285 0.513 0.174
EC
0.331 -0.032 -0.236 -0.038 0.120
Al
0.204 -0.536 0.109 -0.177 0.522
Ca
0.292 0.307 0.267 -0.124 -0.203
Fe
0.204 0.368 0.637 -0.198 0.023
K
0.316 0.197 -0.107 0.039 0.582
Mg
0.334 0.047 -0.197 -0.020 -0.064
Mn
0.284 0.373 -0.003 0.219 0.193
Na
0.331 -0.028 -0.234 -0.012 -0.210
S
0.329 -0.036 -0.259 0.023 -0.106
Zn
-0.213 0.356 -0.423 -0.772 0.078
TC
0.328 -0.105 -0.149 0.043 -0.446
Principal Component Scores
Sample
SCORE1
SCORE2
Nowergup
-2.03
1.01
Mariginiup
5.76 7.09E-2
EPP 173
-1.98
0.308
Walubuenup
1.85E-2
1.77
Lexia
-1.31
-0.914
Bindiar
-0.457
-2.25

SCORE3
-0.714
-0.525
-0.916
1.48
-4.64E-2
0.723

SCORE4
0.396
2.5E-2
-0.807
-0.101
0.84
-0.353

SCORE5
0.546
6.81E-3
-0.318
-9.57E-2
-0.446
0.307
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Appendix 16: Principal component correlations of PCA analysis performed on median values
for individual temperature treatments.
Eigenvalues
PC Eigenvalues %Variation Cum.%Variation
1
3.48
86.9
86.9
2
0.382
9.5
96.5
3
0.138
3.5
99.9
4
2.88E-3
0.1
100.0
Eigenvectors
(Coefficients in
Variable
PC1
pH
0.503
EC
-0.475
S
-0.532
TC
-0.489

the linear combinations of variables making up PC's)
PC2
PC3
PC4
0.274 0.818 -0.052
0.752 0.069 0.452
0.127 0.234 -0.804
-0.586 0.521 0.383

Principal Component Scores
Sample SCORE1 SCORE2 SCORE3
SCORE4
30
-2.41 0.709 0.148 1.14E-2
100
-1.4 -0.657 -0.411 -2.85E-2
300
0.365 -0.644 0.464 3.85E-2
550
1.81 0.328 -0.352 5.58E-2
800
1.65 0.263
0.15 -7.72E-2
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Appendix 17: Scanning Electron Micrograph (a) and quantitative analysis (b – c) of pyrite
°
crystals from sediment type 3 at Nowergup, heated to 30 C.

(a)

(b)

(c)
Nowergup Sediment Type 3 30 °C
Detector Type :SUTW-Sapphire
Resolution :160.18
EDAX ZAF Quantification
Standardless
Element Normalized
Element
Wt %
S
52.17
Fe
47.83
Total
100

Lsec :54

At %
65.52
34.48
100
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Appendix 18: Scanning Electron Micrograph (a) and quantitative analysis (b – c) of framboid
°
pyrite crystals from sediment type 3 at Walubuenup, heated to 30 C.

(a)

(b)

(c)
Walubuenup Sediment Type 3 30 °C
Lsec
Detector Type :SUTW-Sapphire
EDAX ZAF Quantification
Element Normalized
Element
S
Fe
Total

Resolution :160.18
Standardless
Wt %
47.74
52.26
100

:54

At %
61.4
38.6
100
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Appendix 19: Scanning Electron Micrograph (a) and quantitative analysis (b – c) of silica
°
crystals from sediment type 2 at Bindiar, heated to 30 C.

(a)

(b)
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(c)
Bindiar Sediment Type 2 30 °C
Detector Type :SUTW-Sapphire
Resolution :160.18
EDAX ZAF Quantification
Standardless
Element Normalized
Element
Wt %

Lsec :54

At %

Al2O3

12.55

7.92

SiO2

83.29

89.24

K2O
Total

4.16
100

2.84
100
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Appendix 20: Scanning Electron Micrograph (a) and quantitative analysis (b – c) of sediment
°
type 3 at Walubuenup, heated to 100 C.

(a)

(b)
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(c)
Walubuenup Sediment Type 3 100 °C
Detector Type :SUTW-Sapphire
Resolution :160.18
EDAX ZAF Quantification
Standardless
Element Normalized
Element
Wt %
C
73.83
O
14.92
Mg
0.16
Al
0.45
Si
4.58
P
0.27
S
1.06
Cl
0.16
K
0.09
Ca
0.95
Fe
3.54
Total
100

Lsec :54

At %
83.05
12.6
0.09
0.22
2.2
0.12
0.45
0.06
0.03
0.32
0.86
100

292

Appendix 21: Scanning Electron Micrograph (a) and quantitative analysis (b – c) of sediment
°
type 3 at Walubuenup, heated to 300 C.

(a)

(b)
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(c)
Walubuenup Sediment Type 3 300 °C
Detector Type :SUTW-Sapphire
Resolution :160.18
EDAX ZAF Quantification
Standardless
Element Normalized
Element
Wt %
C
36.12
O
10.51
Na
0.82
Mg
1.25
Al
2.62
Si
12.62
P
1.29
S
6.77
Cl
0.92
K
0.52
Ca
14.15
Fe
12.42
Total
100

Lsec :54

At %
58.22
12.72
0.69
0.99
1.88
8.7
0.81
4.09
0.51
0.26
6.84
4.3
100
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Appendix 22: Scanning Electron Micrograph (a) and quantitative analysis (b – c) of sediment
°
type 3 at Walubuenup, heated to 550 C.

(a)

(b)
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(c)
Walubuenup Sediment Type 3 550 °C
Detector Type :SUTW-Sapphire
Resolution :160.18
EDAX ZAF Quantification
Standardless
Element Normalized
Element
Wt %
C
38.63
O
12.44
Na
1.16
Mg
1.06
Al
1.86
Si
8.3
P
1.24
S
7.58
Cl
0.47
K
0.6
Ca
9.08
Fe
17.6
Total
100

Lsec :54

At %
60.7
14.67
0.95
0.82
1.3
5.58
0.75
4.46
0.25
0.29
4.27
5.95
100
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Appendix 23: Scanning Electron Micrograph (a) and quantitative analysis (b – c) of sediment
°
type 3 at Walubuenup, heated to 800 C.

(a)

(b)
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(c)
Walubuenup Sediment Type 3 800 °C
Detector Type :SUTW-Sapphire
Resolution :160.18
EDAX ZAF Quantification
Standardless
Element Normalized
Element
Wt %
Na
2.15
Mg
2.23
Al
3.75
Si
23.62
P
2.97
S
12.23
K
1.25
Ca
15.61
Fe
36.19
Total
100

Lsec :54

At %
3.45
3.38
5.12
31.02
3.54
14.06
1.18
14.36
23.89
100

°

Appendix 24: Photograph of Walubuenup sediment type 3 heated at 300 C demonstrating the
cementing of aggregates and the formation of black carbon as a result of incomplete
combustion.
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Appendix 25: Principal component correlations of PCA analysis performed on median
microcosm water quality values for individual wetlands.
Eigenvalues
PC
Eigenvalues %Variation
1
10.7
82.6
2
1.3
10.0
3
0.774
6.0
4
0.177
1.4
5
2.1E-3
0.0

Cum.%Variation
82.6
92.7
98.6
100.0
100.0

Eigenvectors
(Coefficients in the linear combinations of variables making up
PC's)
Variable
PC1
PC2
PC3
PC4
PC5
pH
0.276 -0.254 -0.089 0.721
0.141
E.C.
-0.304 0.037 0.088 0.054
-0.039
Al3+
0.221 0.443 0.479 0.478
-0.031
Ca2+
-0.304 -0.039 0.049 0.051
0.026
Fetotal
-0.299 0.103 -0.173 0.039
0.189
K+
-0.109 -0.788 0.284 0.027
0.073
Mg2+
-0.298 0.097 0.204 0.121
-0.337
Mntotal
-0.294 -0.208 -0.015 0.252
-0.604
Na+
-0.298 0.169 -0.082 -0.059
-0.036
Stotal
-0.299 0.104 0.173 0.100
0.166
Zn2+
-0.241 0.050 -0.671 0.371
0.149
Cl-0.295 -0.027 0.280 0.045
0.636
SO42-0.298 0.102 0.188 0.111
-0.044
Principal Component Scores
Sample
SCORE1
SCORE2 SCORE3 SCORE4
Nowergup
1.09
-2.23 0.405 1.78E-3
Mariginiup
-6.45
0.241 0.434 4.46E-2
EPP 173
2.16
0.861 0.373
0.253
Walubuenup
-0.24
-7.13E-2 -1.77
0.125
Lexia
2.14
0.635 0.471
0.385
Bindiar
1.3
0.568 9.16E-2 -0.81

SCORE5
-6.39E-3
-9.17E-4
-7.42E-2
1.72E-3
6.96E-2
1.02E-2
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Appendix 26: Principal component correlations of PCA analysis performed on median
microcosm water quality values for individual temperature treatments.

Eigenvalues
PC
Eigenvalues %Variation
1
5.84
44.9
2
4.32
33.3
3
1.24
9.5
4
0.896
6.9
5
0.707
5.4

Cum.%Variation
44.9
78.2
87.7
94.6
100.0

Eigenvectors
(Coefficients in the linear combinations of variables making up
PC's)
Variable
PC1
PC2
PC3
PC4
PC5
pH
0.048
0.463 0.191 -0.124
-0.042
E.C.
0.375
0.068 0.076 -0.182
0.413
Al3+
-0.372 -0.027 -0.149 0.047
0.473
Ca2+
0.349
0.199 0.188 -0.172
0.257
Fetotal
0.120 -0.241 0.418 0.686
0.200
K+
0.124 -0.396 0.279 -0.375
0.108
Mg2+
0.373
0.052 -0.302 0.134
-0.257
Mntotal
0.314 -0.042 -0.455
-0.140
0.451
Na+
0.180 -0.422 0.171 0.013
0.086
Stotal
0.399 -0.044 0.120 0.174
-0.157
Zn2+
0.046 -0.412 0.048 -0.420
-0.362
Cl0.008 -0.381 -0.521 0.200
0.013
SO420.368
0.162 -0.176 0.153
-0.233
Principal Component Scores
Sample SCORE1 SCORE2 SCORE3 SCORE4 SCORE5
F. Moist -2.77 -0.67 -1.56 0.171
0.723
30
-0.137
-1.8
1.19
1.43 5.03E-2
100
-1.04
-1.9 0.238 -1.13
-1.08
300
4.22 -0.835 -0.375 -0.483
0.644
550
1
2.66 -0.745 0.681 -0.993
800
-1.27
2.56
1.26 -0.661
0.66
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